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Executive Summary 
 
The Porgera Joint Venture (PJV) gold mine, located in Enga Province, Papua New Guinea 
(PNG), discharges approximately 15,000 tonnes of treated tailings per day to an erodible 
dump.  Approximately 95% of the tailings material enters the Porgera River and is 
supplemented by fine material from one other erodible dump.  This material flows to the 
main receiving tributary, the Lagaip River and constitutes approximately 20% of the total 
suspended solids load of the river system.  The Lagaip River flows into the Strickland River 
and with the Porgera River, the combined system covers approximately 620 km.  As a 
condition of the permit to discharge tailings, PJV undertakes routine chemical and biological 
monitoring of the downstream system.  The river system is highly turbid, with total 
suspended solids concentrations in the Lagaip River reaching 5 g/L. 
 
In the Strickland River, indigenous prawns of the genus Macrobrachium demonstrate 
significant differences in bioaccumulated metal concentrations (predominantly cadmium) 
between populations exposed to mine-derived materials compared to those in reference 
tributaries.  Metal bioaccumulation by aquatic invertebrates in the environment can often 
be explained by exposure-dose-response relationships created from chemical parameters 
such as bioavailable metal concentrations within the solution and solid phases.  Simple 
relationships of this type are not known for invertebrates in the highly turbid Strickland River 
where, metal concentrations of waters and sediments are not significantly different between 
sites.  
 
This PhD study investigated the sources and mechanisms of metal bioaccumulation by 
prawns in the Strickland River.  The project was divided into two main components, a 
chemical survey of the river system aimed at identifying potential sources of bioavailable 
metals in the dissolved and solid phases, and laboratory-based bioaccumulation assays using 
stable and radiolabelled metals.  The second component was intended to provide a greater 
understanding of the significance of specific metal sources to the prawns. 
 
The chemical survey of the river system identified the particulate matter as the main source 
of metal loading to the downstream system.  Dissolved metals in the Strickland River were 
very low (<100 ng/L) with insignificant differences between sites.  Dilute-acid extractions of 
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particulate materials, aimed at targeting the potentially bioavailable pool of carbonate and 
hydroxide-bound metals, also indicated no significant difference in extractable metal 
concentrations between sites.  The surveys demonstrated the difficulties in using chemistry 
alone to describing metal bioaccumulation patterns when metal concentrations had been 
diluted to near background levels. 
 
The prawn bioaccumulation assays were conducted using a surrogate species of 
Macrobrachium (M. australiense) due to issues involved with obtaining and holding the PNG 
species in Australia.  Although the main PNG species, M. rosenbergii, is also endemic to 
northern Australia, it was not possible to source suitable numbers of similar sized organisms 
for this project.  Cadmium bioaccumulation by M. australiense was mostly attributed to 
uptake from solution when exposed to mine tailings, whereas lead and arsenic appeared to 
be bioaccumulated mostly from fine sediment ingestion.   
 
Cadmium radioisotope studies showed that the metal was readily bioaccumulated at all 
exposure concentrations from solution and was well retained, even when the animals were 
transferred to cadmium-free water for two weeks.  Dietary cadmium bioaccumulation and 
retention was greatest for fine sediment, with cadmium associated with carrion 
(represented by prawn tissues) and algae less easily assimilated and more easily excreted. 
 
Results from the radioisotope studies were used to develop a steady-state biokinetic model 
of cadmium bioaccumulation by M. australiense, which was in turn used to determine the 
relevant contributions of dietary and dissolved phases to the total body cadmium loading.  
The model predicted that the contribution of dietary cadmium would account for 
approximately 80% of total body cadmium when exposed to typical cadmium concentrations 
found in the Strickland River, with the remaining 20% coming from dissolved cadmium. 
 
A final study investigated the applicability of the biokinetic model developed for M. 
australiense to Macrobrachium species found in the Strickland River system.  The 
experiments included a dissolved cadmium exposure and mine tailings exposure using M. 
australiense, M. rosenbergii and M. latidactylus (the latter two species were tested in 
laboratories at the PJV mine site).  The exposures demonstrated significant differences in 
bioaccumulated cadmium from solution between the species; although all three species 
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retained the accumulated cadmium after a period of depuration in cadmium-free water.  
The results also identified an apparent influence of pre-exposure to dissolved cadmium by 
M. rosenbergii that had originated from a river location receiving mine-derived materials.  
This suggested that the sampled population had developed certain regulatory mechanisms 
for cadmium.  Exposure to mine tailings suggested that all three species bioaccumulated 
greater concentrations of arsenic and lead via ingestion/direct contact with solids compared 
to the dissolved phase.  However, M. rosenbergii bioaccumulated significantly less arsenic 
and lead than M. australiense and M. latidactylus, suggesting differences in feeding 
behaviour between the species.  The species comparison study suggested that the biokinetic 
model would most likely over-predict cadmium concentrations in the two PNG 
Macrobrachium species (but only by a factor of 2 to 4).  The study also demonstrated the 
issues with using surrogate species of the same genus to describe metal bioaccumulation, 
even in controlled environments. 
 
Based on the findings of the research, several recommendations were made: 
 
1. Include the collection and analysis of suspended particulates (the main carrier of trace 
metals from the mine to the Strickland floodplain) along with conducting dilute-acid 
soluble metal analyses of this material during routine monitoring.  This would allow a 
better understanding of the transportation of metals/metalloids from the mine to the 
flood plain and potential for bioaccumulation downstream. 
 
2. Determine the kinetics of cadmium bioaccumulation from solution and the solid phase for 
M. rosenbergii and M. latidactylus.  This would allow the biokinetic model of cadmium 
bioaccumulation by M. australiense to be adapted to the former two species.  This would 
give a better understanding of the differences in cadmium bioaccumulation between 
species.   
 
3. Investigate the influence of pre-exposure to metals on the bioaccumulation of cadmium 
by M. rosenbergii from the Strickland River.  This would allow a better understanding of 
whether prawns from the Strickland River have a greater capacity to store and/or detoxify 
bioaccumulated metals than those populations from reference tributaries. 
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Glossary 
 
AAS Atomic absorption spectrometry 
AE Assimilation efficiency – percentage of ingested metal retained by organism 
AEM Acid extractable metal(s) – 1 M HCl, 1h 
ASM Acid soluble metal(s) – 0.2% HNO3, 5 min 
AES Atomic emission spectrometry 
d Day(s) 
DOC/DOM Dissolved organic carbon/dissolved organic matter 
g Gram(s) 
ESM Enzyme soluble metal(s)  
FIAM Free ion activity model 
ICP Inductively coupled plasma 
IR Ingestion rate 
Kd Partition coefficient between the aqueous and solid phases (L/Kg) 
Ke Metal efflux rate constant (%/d) 
Ku Metal uptake rate constant (L/g/d) 
L Litre(s) 
μ Micro (1 x 10-6) 
min Minute(s) 
MS Mass spectrometry 
MT Metallothionein 
OL Organic ligand 
ORWB Off river water body(ies) 
PJV Porgera Joint Venture 
s Second(s) 
SD Standard deviation of the mean 
SE Standard error of the mean 
SPM Suspended particulate matter 
SRW Synthetic river water – used in laboratory bioaccumulation experiments 
TRM Total recoverable metals – reverse aqua regia at high temperature and 
pressure 
TSS Total suspended solids  
1. General Introduction 
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1.1 Porgera and Mining 
 
1.1.1 History of Porgera and the gold mine 
 
Figure 1.1 shows the location of the Porgera gold mine.  The mine is situated at an altitude of 
2,200 to 2,700 m in the highlands of Papua New Guinea, 600 km northwest of the capital 
Port Moresby and approximately 680 km by road from the coastal port of Lae from which all 
materials are freighted.  The Porgera valley lies on the intersection of two geological faults, 
resulting in significant mineral deposits close to the surface, forming an area known as the 
Porgera Intrusive Complex (Richards et al., 1991).  The first westerners discovering gold in 
the Porgera Valley were reported to be a patrol led by John Black in 1939.  A man in Black’s 
patrol named Porti found gold one day while washing dishes in the river which originated 
from Mt. Warokari.  Black was later assisted by his superior, Jim Taylor to set up primitive 
sluicing methods for alluvial gold extraction (Golub, 2001).   
 
These methods continued until the Porgera Joint Venture (PJV) group was formed, consisting 
of Mount Isa Mines Ltd. (MIM), Rennison Goldfield Consolidated Ltd. and Placer Dome Ltd, 
each with a 30% ownership and the Government of Papua New Guinea with the remaining 
10%.  Negotiations between Placer (managers of the mine) and the inhabitants of the 
Porgera Valley began in 1986 to establish the groundwork for the mine that could be built in 
the valley.  On the 9th August, 1990, the first bar of gold was poured at the Porgera gold 
mine.  In its earlier years, the ore coming out of the mine was some of the highest grade in 
the world and in 1992, the mine’s first full year of production, it produced 1,485,077 ounces 
of gold, with Porgera being the third highest-producing gold mine in the world, and the 
largest outside of South Africa (Golub, 2001).   
 
1.1.2 Mine processes and tailings discharge 
 
Because a significant portion of the gold in the Porgera ore body is highly refractory, being 
associated with pyrite in sub-microscopic form, acid pressure oxidation (via autoclaving) is 
used to liberate the gold and render it recoverable using conventional cyanidation 
techniques (King and Knight, 1992).   
 
1. General Introduction 
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Figure 1.1. Map of Porgera, Lagaip and Strickland Rivers, showing locations of stream gauging (SG), water and 
sediment quality sampling and major biomonitoring sites.  The system is divided into three sections: the upper 
mountainous section from the mine to SG3 via the Porgera and Lagaip Rivers); the middle Strickland River from 
SG3 to SG4 and the lower Strickland River from SG4 to Everill Junction where the Strickland River meets the Fly 
River.  
1. General Introduction 
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Once autoclaved, ore is subjected to wash thickeners prior to cyanide leaching (via the 
introduction of sodium cyanide at 150 g/tonne).  Activated carbon in pulp (CIP) then 
displaces the gold from the cyanide.  Precious metals are eluted from the carbon at 140 °C 
and 400 kPa.  A 3% hydrochloric acid solution strips the gold and silver, which are in turn 
electro-won using stainless steel cathodes and anodes.  The cathodes are removed at regular 
intervals and the gold ‘sludge’ is washed off.  The residue is smelted in an induction furnace 
to produce 500 oz bars of bullion that average approximately 80% gold.  Acidic wash 
thickener is combined with the CIP tailings for cyanide destruction which are neutralised via 
the addition of lime (PEAK, 2011). 
 
Due to the magnitude of rainfall and subsequent landslides, along with the geological 
instability of the Porgera Valley, a tailings holding dam was not a feasible option when 
construction of the mine began.  Consequently, a water use permit was granted by the 
Papua New Guinea National Government to allow the mine to discharge tailings into the 
Porgera River.  This was achieved by piping the tailings to the head of the Anawe erodible 
dump, one of two dumps maintained by the mine to dispose of incompetent rock (Fig. 1.1).  
The chemistry of the tailings is understood to change significantly between the discharge 
point and the first monitoring point, Stream Gauge (SG) 1 in the Porgera River, 
approximately 8 km downstream.  For example, pH increases from approximately 6.5 at the 
tailings pipe to an average of 7.7 by SG1 (PJV, 2011).  At discharge, the tailings contained 
mean filterable (<0.45 μm) metal concentrations of 2 μg As/L, 44 μg Cd/L, 1 μg Cr/L, 200 μg 
Cu/L, 800 μg Fe/L, 0.8 μg Pb/L, 0.2 μg Hg/L, 800 μg Hg/L, 0.2 μg Ag/L and 15,000 μg Zn/L in 
2010. 
 
With regard to quantities of material discharged by the mine, in 2010, approximately 16.9 M 
tonne of waste rock were deposited at the Anawe and Anjolek erodible dumps (2.7 and 14.2 
M tonne respectively) and approximately 4.9 M tonne of dry solids was discharged via mine 
tailings, with around 5% of all tailings discharged retained by the Anawe erodible dump.  This 
resulted in an estimated 4.7 M tonnes/y of tailings suspended solids discharged to the 
Porgera River.  The total solid material placed at the Anawe and Anjolek erodible dumps 
from 1989 to 2010 was approximately 434 M tonne (PJV, 2011).  Due to the complex 
relationship between rainfall and dump erosion, PJV has been unable to quantify the mass of 
this solid material discharged to the Porgera River. 
1. General Introduction 
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The mean particle size distribution of materials (tailings plus waste rock) at the toe of the 
Anawe dump has been estimated as 59% silt; 22% sand and 19% gravel based on four 
separate studies (PJV, 2011).  Based on these figures, PJV (2011) estimated that a median of 
23.8 M tonne of mine derived materials was exported from the erodible dumps and tailings 
to the Porgera River.  The majority of the fine material (e.g. silt and some sand) is presumed 
to travel in suspension in the water column but maintains occasional contact with the 
riverbed, therefore acting as a source of bed sediment particulate metals, as well as a 
method for re-mobilising deposited particulate metals back into suspension. 
 
The Porgera River flows approximately 33 km from the mine to the junction with the Lagaip 
River and continues downstream to SG2, approximately 42 km from the mine (Fig. 1.1).  The 
Lagaip River accounts for roughly 60% of flow at SG2, with the Porgera River contributing 
40% (PJV, 2011).  From SG2, the Lagaip River flows another 100 km to the junction with its 
major tributary, the Ok Om.  Along this stretch of the Lagaip River, there are several 
tributaries such as the Pori and Logatyu Rivers, which provide reference sites for biological 
and chemical monitoring (PJV, 2011).  The Ok Om contributes approximately 17% of flow to 
the long-term daily mean flow at SG3 of 738 m3/s (PJV, 2011).  SG3 is approximately 165 km 
downstream of the mine and is the water quality compliance monitoring point for the mine 
(PJV, 2011).  The “upper system” in the following text refers to rivers from the mine site to 
SG3. 
 
Downstream of SG3, the river drops into the Strickland Gorge and flows another 195 km to 
SG4 (in the reach designated the middle Strickland River).  The Strickland River then flows 
another 200 km, dropping 60 m over this distance, to SG5, downstream of the junction with 
the Herbert River, which drains Lake Murray (Fig. 1.1).  The section of the Strickland River 
(the lower Strickland River) around and downstream of SG5 is floodplain, with a meandering 
main river and numerous off-river water bodies (ORWB, e.g. oxbow lakes).  At 620 km 
downstream of the mine, the Strickland River meets the Fly River at Everill Junction and 
together they flow into the Gulf of Papua.   
 
The PJV mine is the only major source of anthropogenic activity contributing metals to the 
Porgera-Lagaip-Strickland River System.  The Ok Tedi mine in the headwaters of the Fly 
River’s main tributary (the Ok Tedi) discharges processed mine tailings and waste rock into 
1. General Introduction 
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the Ok Tedi, and therefore, downstream of Everill Junction, the PJV mine is not the sole 
major anthropogenic source of metals. 
 
The total suspended solids (TSS) concentrations in the upper system demonstrate a 
relationship with the flow rate of the river, where increased flow results in decreased TSS 
concentrations, with the exception of very high flow rates where much greater rates of 
sediment transport occur due to high rates of river bank and hill slope erosion (PJV, 2011).  
In terms of mine-derived vs natural sediment input, taking into account rainfall, estimates 
placed the percentage of mine-derived TSS at SG3 at 25% of the total TSS load in 2010 (PJV, 
2011). 
 
1.1.3 PJV Annual Environmental Reports – biological monitoring and evidence of metal 
bioaccumulation 
 
As a requirement of the mining lease, PJV has collected data on hydrological, biological and 
environmental chemistry issues since the start of gold production and in 1998 developed an 
Environmental Management System (EMS), which was introduced to monitor key 
components such as riverine impacts and general environmental awareness (Placer, 1999).  
PJV compiles an Annual Environmental Report for the PNG Department of Environment and 
Conservation.  This reports comprises information on hydrology and sediment transport, 
tailings monitoring, compliance monitoring at SG3 (to determine whether quality 
compliance criteria set by the PNG Government were met), river monitoring, Lake Murray 
monitoring, biological monitoring, and rehabilitation and closure objectives (PJV, 2011). 
   
The biological monitoring section of the report examines biological data collected each year.  
This program’s aims are twofold.  Firstly, it provides information on tissue metal analyses of 
several native species (primarily fish and prawns) that are useful for bio-monitoring.  
Secondly, they generate data to assess whether or not any changes in the species richness, 
abundance and condition (state of health) of fish and some invertebrates, may have resulted 
from mining activities (PJV, 2011).   
 
In April 2000, PJV reduced lime additions to the neutralisation circuit of the mill, which 
resulted in a reduction of pH from above 7 to approximately 6.  Because of the decrease in 
1. General Introduction 
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tailings pH, dissolved metal concentrations increased significantly in the tailings discharge, 
most notably an increase in dissolved zinc from ca. 1 mg/L to 10-30 mg/L (Apte and Smith, 
2004).  Consequently, the Commonwealth Science and Industry Research Organisation 
(CSIRO) was commissioned by PJV to undertake a scoping study to characterise the 
bioavailability of metals in the tailings (Apte and Smith, 2004).  The study identified that the 
particulates in the PJV tailings were in three forms: (i) as trace constituents of fine-grained 
mineral particles (considered mainly biologically inert); (ii) as coprecipitates with iron 
hydroxides (that form when the tailings were neutralised); and (iii) as adsorbed species on 
the surface of particles (considered the most likely form available for bioaccumulation).  The 
study found that a drop in the pH of tailings would most likely increase the proportion of 
adsorbed metal species and decrease the quantity of co-precipitated metals.  Cadmium and 
zinc were identified as being the metals most affected by these pH changes.  After a 
thorough literature search, the study suggested that a series of laboratory chemical and 
bioaccumulation studies should be carried out, using stable isotopes of cadmium and zinc to 
determine the extent of  bioaccumulation of mine-derived metals.  The pH of the tailings 
was eventually returned to above pH 6.5 in 2001-2002, although biomonitoring downstream 
of the mine still showed trace metal bioaccumulation at sites receiving mine-derived 
materials. 
 
The 2007 Annual Environmental Report’s biological monitoring section regarding tissue 
metal concentration analyses reported an ongoing trend of widespread cadmium 
bioaccumulation by giant freshwater prawns, Macrobrachium rosenbergii, in the Strickland 
River and a floodplain oxbow.  A similar elevated cadmium bioaccumulation was also found 
in cross-fingered prawn, Macrobrachium latidactylus, cephalothorax (the anterior body 
section of a decapod crustacean) at sites in the middle Strickland River (PJV, 2011).  The 
report also identified enhanced lead and arsenic bioaccumulation for both prawn species at 
sites in the middle and lower Strickland River.  However, the concentrations of As, Cu, Pb 
and Zn in the edible portion of the organism (i.e. abdomen tissue) were below food 
guidelines for crustaceans (and/or fish) suggested by the Australian and New Zealand Food 
Standards Code (ANZFSC) (Table 1.1). 
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Table 1.1.  Abdomen tissue metal concentrations of Macrobrachium rosenbergii, in the Strickland River 
between 2004-2008 (PJV, 2011) compared Australia and New Zealand Food Standards Code (ANZFSC, 2011) 
Maximum Levels and Generally Expected Levels (GELs) (ANZFA, 2001).  
  
As Cu Pb Zn 
 
µg/g wet wt 
M. rosenbergii abdomen 2004-2008 0.06-0.28 3-7 0.1-0.3 11-15 
FSANZ Maximum levels 2 - 0.5† - 
FSANZ GELs (median/90th percentile)  - 10/20 - 25/40 
† Guideline level for fish; - no guideline for crustacea  
 
Table 1.2. Metals present in dissolved form, fine bed sediment and cephalothorax tissues of Macrobrachium 
handschini collected from the Lagaip River between 2004-2008.  
Site  n As Cd Cu Pb Zn 
 Dissolved metals, µg/L 
Pori River 31 0.8 ± 0.3 0.22 ± 0.2 
<0.2 
0.26 ± 0.2 
0.24 ± 0.2 
1.4 ± 1.4 1.8 ± 4.4 9 ± 21 
Ok Om  48 0.8 ± 0.4 1.6 ± 1.3 0.9 ± 1.4 6 ± 6 
SG2 54 3.6 ± 3.3 11.8 ± 9.7 1.7 ± 2.3 12 ± 14 
Wankipe 42 2.7 ± 2.5 2.8 ± 2.9 0.9 ± 1.4 9 ± 15 
 < 63 bed sediment metals, mg/kg dry wt 
Pori River 19 11 ± 4.7 4.3 ± 6 37 ± 46 40 ± 96 103 ± 51 
Ok Om  43 18 ± 10 4.0 ± 6 34 ± 26 43 ± 80 134 ± 91 
SG2 49 117 ± 69 6.5 ± 4 55 ± 13 281 ± 159 941 ± 741 
Wankipe 49 70 ± 62 4.7 ± 7 50 ± 40 172 ± 188 396 ± 290 
  Prawn cephalothorax metals, µg/g wet wt 
Pori River 68 0.19 ±0.08 0.08 ± 0.19 34 ± 12 0.12 ± 0.18 46 ± 18 
Ok Om  93 0.16 ± 0.05 0.05 ± 0.05 35 ± 11 0.06 ± 0.07 51 ± 16 
Wasiba † 95 0.36 ± 0.26 1.2 ± 0.7 71 ± 25 0.51 ± 0.5 55 ± 12 
Wankipe 116 0.25 ± 0.16 0.8 ± 0.43 59 ± 20 0.25 ± 0.34 59 ± 13 
† Wasiba is approximately 20 km downstream of SG2 and is the closest biomonitoring site for comparison with SG2.  Data are means (± 1 
standard deviation; S.D.).  Reference tributaries are shown in italics. 
 
 
Enhanced bioaccumulation of As, Cd, Cu and Pb was also experienced in Macrobrachium 
handschini at Wankipe and Wasiba in the Lagaip River (see Fig. 1.1 for locations) above 
reference tributaries.  Concentrations of some of these metals were elevated at these 
locations, which could potentially explain this uptake (Table 1.2), but this is not true for all 
metals (e.g. minor difference between dissolved cadmium and lead between locations).  
Similarly, dissolved and particulate metal concentrations in the middle and lower Strickland 
were considerably lower than the upper system with even less of a difference between 
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mine-impacted and reference sites (Table 1.3).  Prawn metal data suggested that the metal 
bioaccumulation in this region was a mine-related effect.  However, there were no definitive 
relationships between bioaccumulated metal concentrations and metal concentrations in 
waters and sediments.   
 
Table 1.3. Metals present in dissolved form, fine bed sediment and cephalothorax tissues of Macrobrachium 
rosenbergii collected from the Strickland River between 2004-2008. 
Site  n As Cd Cu Pb Zn 
 Dissolved metals, µg/L 
Baia River 7 1.4 ± 0.9 <0.2 1.9 ± 2.4 <0.5 3.7 ± 3.8 
Tomu River 20 1.0 ± 0.2 <0.2 1.0 ± 0.2 <0.5 1.7 ± 0.9 
Bebelubi  9 1.0 ± 0.1 <0.2 1.6 ± 0.9 <0.5 3.3 ± 1.6 
SG4 48 2.3 ± 3.6 <0.2 3.4 ± 5.8 0.7 ± 0.7 5.8 ± 8.1 
 < 63 µm bed sediment metals, mg/kg dry wt 
Baia River 4 15 ± 16 11 ± 12 66 ± 59 29 ± 21 162 ± 114 
Tomu River 9 2 ± 0.8 3.5 ± 5.2 45 ± 11 12 ± 3.2 148 ± 56 
Bebelubi  3 14 ± 13 2.6 ± 1.0 48 ± 60 37 ± 18 135 ± 100 
SG4 42 26 ± 12 1.7 ± 1.1 36 ± 31 47 ± 19 206 ± 57 
 Prawn cephalothorax metals, µg/g wet wt 
Baia River 37 0.22 ± 0.07 0.09 ± 0.03 31 ± 10 0.02 ± 0.02 51 ± 11 
Tomu River 55 0.17 ± 0.08 0.17 ± 0.10 45 ± 11 0.02 ± 0.04 59 ± 14 
Bebelubi  36 0.23 ± 0.08 0.34 ± 0.23 40 ± 19 0.04 ± 0.03 62 ± 19 
SG4 453 0.42 ± 0.41 0.47 ± 0.52 46 ± 19 0.29 ± 0.52 62 ± 29 
Data are means (± 1 S.D.).  Reference tributaries are shown in italics. 
 
In summary, the factors affecting the bioavailability and subsequent mechanisms of 
bioaccumulation of metals by prawns in the Lagaip and Strickland Rivers are not currently 
understood (PJV, 2011) and are the main focus of this research.  Greater knowledge of these 
mechanisms will assist in the management of mine-derived material and will act to improve 
the mine’s stakeholder relations. 
 
1.2 Metal Contamination in the Aquatic Environment 
 
To better understand the processes leading to metal bioaccumulation by organisms in the 
Lagaip and Strickland Rivers, it is important to appreciate the body of work concerning the 
sources and fate of metals in the aquatic environment.  The following section is a review of 
1. General Introduction 
 15 
this literature, within the context of the mechanisms occurring downstream of the PJV mine 
with the potential to lead to metal bioaccumulation. 
 
1.2.1 Sources of metal contamination 
 
Metals occur in the earth’s crust and in the soils and sediments that result from 
decomposition of those rocks (Luoma and Rainbow, 2008) and in the aquatic environment 
can exist in dissolved or particulate forms.  Natural processes, such as weathering, 
geothermal activity and natural oxidation/acidification, are the major non-anthropogenic 
source of metals to the environment, whereas human activities such as mining and other 
industrial processes can increase metal concentrations within receiving waters beyond 
natural levels in certain areas.  For example, anthropogenic emissions of Cd, Pb and Zn can 
typically exceed the fluxes from natural sources by 28-, 6- and 8-fold respectively (Nriagu, 
1990).  However, the highlands of Papua New Guinea are particularly rich in metal deposits, 
which will contribute to the ‘natural’ baseline metal concentrations within the studied river 
system via natural erosion (Fleming et al., 1986).  Anthropogenic metal emissions can 
originate from either diffuse (e.g. erosion of soils or runoff from urban areas) or point (e.g. 
effluent discharge pipes) sources.  For example, discharges of animal wastes, irrigation 
drainage, food wastes, domestic and industrial waste waters, urban runoff and the dumping 
of sewage sludge all contain metals and can involve consolidation of wastes and release at a 
single point (Luoma and Rainbow, 2008).  
 
1.2.2 Speciation of trace metals in freshwater environments 
 
How a metal behaves in natural waters (e.g. from how it partitions between the aqueous 
and particulate phase to its potential toxicity) is mainly dependent on its speciation or 
chemical form (Florence, 1977).  For example, zinc may exist in solution as the free metal ion 
(Zn2+), or it may form a complex with a ligand (often an oppositely charged entity, usually an 
electron donor) such as hydroxide (OH-) or sulphate (SO4
2-).  This occurs as metal ions 
coordinate to water molecules and ligands (a molecule or ion attracted to the metal ion) in 
the water, attaining a state of maximum stability (Luoma and Rainbow, 2008).  Stability (or 
equilibrium) constants can be derived, which define the strength of the metal-ligand bond in 
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a given situation (e.g. constant pH, temperature and pressure) and are used to predict how a 
metals may partition between dissolved complexes and particles (Turner et al., 1981). 
 
Natural waters have six main inorganic, anionic ligands: fluoride (F-), chloride (Cl-), phosphate 
(PO4
3-), sulphate (SO4
2-), hydroxide (OH-) and carbonate (CO3
2-) with the proportion of ligands 
being influenced by the origin of the water.  For example, salt water will contain a higher 
proportion of chloride than freshwater whereas hydrated forms of metals (e.g. complexes 
with OH-) are more common in freshwater.  Dissolved organic matter (DOM), through the 
presence of humic and fulvic acids, will also act as a strong ligand in natural waters, with 
metal-organic ligand reactions being more important in freshwater than salt water due to 
typically higher DOM concentrations and less competition with the cations calcium (Ca2+) 
and magnesium (Mg2+) (Luoma and Rainbow, 2008).   
 
DOM comprises efficient metal ligands due to the presence of many thousands of low 
molecular weight (less than 2000 Daltons) molecules containing carboxylic and phenolic 
binding groups and low-abundance but high affinity thiol groups (Aiken et al., 2011).  
Analysis of DOM to determine total dissolved organic carbon (DOC) concentrations is 
relatively straightforward, although defining the contribution of humic and fulvic acids to the 
DOM is more difficult.  Several attempts to quantify these fractions have been made (Filella, 
2010).  However, due to the complex nature of humics and fulvics, the currently available 
methods are not able to completely quantify these substances.  To this end, researchers 
often model metal binding to DOM assuming a DOM composition of 10% humic acids and 
90% fulvic acids (e.g. Santore et al., 2001).  The composition of the DOM will ultimately 
determine the affinity for the metal and hence affect metal speciation. 
 
The speciation of a metal in the aquatic environment will affect how that metal partitions 
between the aqueous phase and the solid phase, affecting the potential bioavailability and 
will therefore be a major factor in the resulting toxicity of that metal (see Section 1.3.4 for a 
review of metal toxicity to aquatic organisms).   
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1.2.3 Analytical determination of metal speciation in natural waters 
 
Several analytical methods have been developed to determine trace metal speciation.  In 
most laboratory methods, sample pre-treatment is kept to a minimum prior to analysis in 
order to maintain the chemical equilibrium within the sample.  However, samples are often 
filtered (e.g. <0.45 or <0.1 μm) in order to remove interference from solids and/or colloids.  
One of the early techniques to provide sensitive trace element speciation in waters was 
anodic stripping voltammetry (ASV).  Using this method, labile metal was determined using a 
mercury electrode.  The sample was stirred at a negative electrical potential where the 
element of interest was reduced and deposited (electroplated) onto the mercury electrode.  
Stirring was then stopped and the potential of the working electrode was increased in an 
anodic (oxidising) direction.  The current measured during this “stripping” step was related 
to the concentration of the labile species of interest and through comparison with standard 
additions of ionic metals, the percentage of labile metal was determined (Florence, 1989).  
While the method was highly sensitive (e.g. <10-11 M), it was  subject to interferences  from 
sorption of natural organic compounds in samples from organic rich waters (Brezonik et al., 
1976).  Furthermore, the method was laborious and not ideal for routine estimations of 
metal lability as it required an experienced operator.   
 
Another, more recent laboratory method for determining a labile metal fraction uses a 
chelating resin.  The method developed by Bowles et al. (2006) involved pumping a sample 
of filtered (<0.45 μm) natural water through a small plug of the Ca-form of Chelex-100 at a 
high flow rate.  Free metal ions and metals forming weak complexes that are easily 
dissociated in the short contact time with the resin, are retained on the resin.  This Chelex-
labile metal fraction is measured as the difference between total metal concentrations in the 
sample influent and effluent (analysed by atomic spectrometry).  The Chelex-labile metal 
concentrations determined by this method showed good agreement with the fraction of 
copper-contaminated waters that inhibited growth of a copper-sensitive bacterium, thus 
providing a good analytical estimate of metal bioavailability (Bowles et al., 2006). 
 
While these laboratory methods are robust and are able to determine with low limits of 
detection and good reproducibility the fraction of labile metal within a natural water sample, 
they are not without limitations.  These methods require exceptionally clean working 
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conditions and skilled staff to minimise contamination.  Furthermore, the act of removing a 
sample from its environment and manipulating it in the laboratory during analysis can 
disturb the natural equilibrium of species within the sample (Florence, 1989) and therefore 
provide misleading results.  Therefore, in-situ methods have been developed to determine 
trace element speciation in the field. 
 
One popular in-situ speciation technique is by diffusive gradients in thin-film (DGT) gels.  The 
technique again uses a chelating exchange resin (Chelex 100) separated from the test 
solution by an ion-permeable gel membrane (Davison and Zhang, 1994).  The combination of 
the gel membrane and the Chelex resin resulted in labile metal species being accumulated 
by the resin, while larger and more strongly bound complexes were excluded.  The method 
was shown to be robust and has been used in many studies since its development (e.g. 
Meylan et al., 2004; Roulier et al., 2008; Bradac et al., 2009; Gao et al., 2009; Warnken et al., 
2009).  However, expertise in ultra-clean techniques is required to prepare, deploy and 
analyse the DGT gels to minimise contamination.  Furthermore, because the method 
integrates labile metal concentrations over time (the resin will continue to bind labile metal 
species until saturation is reached), it is difficult to determine pulses of metals to a natural 
system during a deployment period without an elaborate sampling design.  For further 
information, a comprehensive review of methods to determine trace metal speciation has 
been provided by Batley et al. (2004). 
 
Regardless of whether trace metal speciation is conducted in situ or within the laboratory, 
current techniques are unable to determine the concentrations of individual ionic species 
(e.g. Cd2+, CdSO4, CdCl
+, CdCO3), and it is debatable whether knowledge of these would help 
understand metal bioavailability better, as in theory, all of these simple species should be 
bioavailable.  Therefore, it is often common to use measurements of total and labile metal 
concentrations in combination with mathematical models of speciation, based around 
defined species-specific binding constants as described in the following section. 
 
1.2.4 Modelling speciation 
 
Several approaches have been used to model metal speciation in aquatic systems based on 
physical and chemical parameters.  For example, Visual MinteQ is a chemical equilibrium 
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model for the calculation of metal speciation, solubility, equilibria etc. for natural waters 
(Gustafson, 2012).  The model has been used to determine spatial variations in trace metal 
speciation and partitioning in a mining-influenced stream in North America (Butler et al., 
2009) as well as determining the suitability of using two techniques to determine cadmium 
speciation in soil solutions (Parat et al., 2009). 
 
Another speciation model, WHAM (Windermere Humic Aqueous Model), is one of the most 
commonly used models to estimate complexation of metals by organic carbon (Tipping, 
1994).  The model is designed to calculate equilibrium chemical speciation in surface and 
ground waters, sediments, and soils, especially in areas where chemical speciation is 
dominated by organic matter.  Through the input of certain variables by the user (e.g. 
suspended particulate concentration, temperature, pH and chemical concentrations), 
predictions of chemical speciation can be made.  WHAM predictions have been compared 
with metal speciation analyses of field collected samples and are often in very good 
agreement (Tipping et al., 1998; Guthrie et al., 2005; Unsworth et al., 2006; Fortin et al., 
2010). 
 
Both Visual MinteQ and WHAM provide accurate estimates of metal solution speciation, as 
many studies have been undertaken to validate the predictions using field-collected data 
(e.g. Unsworth et al., 2006; Yapici et al., 2008; Butler et al., 2009; Fortin et al., 2010), and 
have often found good agreement between predicted metal species and those determined 
from field samples by analytical methods.   
 
While the accuracy of models to predict the inorganic speciation of metals in natural waters 
is at present very high, it must be noted that organic speciation is often difficult to model 
due to the many forms of organic ligands present in natural waters and the complications 
involved in accurately identifying and quantifying such ligands.  For example, Fortin et al. 
(2010) studied the speciation of Cd, Cu and Zn in 14 lakes in Quebec with a wide range of pH 
and DOM.  The measured values of free cadmium and zinc were comparable to that 
calculated by the WHAM model.  However, measured free copper concentrations were 
much higher than the calculated concentrations for several lakes, suggesting the models 
under-calculated free copper concentrations.  This was most likely due to insufficient data 
for copper-DOM binding (Fortin et al., 2010).  This underestimation of free copper 
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concentrations would lead to poor estimates of bioavailability according to the free ion 
activity model (see section 1.3.3).  Indeed, the major uncertainty in modelling arises from its 
inability to deal with colloidal species, both organic and inorganic, whose bioavailability to 
many organisms is likely to be low, but which frequently constitute quite high fractions of 
the metal species in fresh waters (Batley et al., 2004).  Furthermore, identification of all 
metal species within a system may not be as necessary as determining the fraction of total 
metal that is potentially bioavailable.  Therefore, when assessing the risk of trace metal 
accumulation and toxicity to an ecosystem, it is essential to have a holistic approach, utilising 
metal species analysis, speciation modelling and system-representative (e.g. species found 
within the system) bioaccumulation studies together. 
 
1.2.5 Arsenic speciation 
 
Arsenic exists in four oxidation states, +V (arsenate), +III (arsenite), 0 (arsenic), and −III 
(arsine) in natural waters.  Of these states, freshwater solution speciation is dominated by 
the oxyanion, arsenate (Sharma and Sohn, 2009).  Arsenic will also undergo changes in 
biological systems (methylation) whereby arsenic is metabolised using S-adenosyl 
methionine (SAM) as a methyl donor and glutathione (GSH) as an essential co-factor (Vahter, 
1994).  Arsenic speciation in the natural environment will be controlled by a large degree by 
redox potential (Eh) and pH.  Seyler and Martin (1989) investigated these effects in the water 
column of the stratified Lake Pavin (France).  The results indicated that in the well-
oxygenated surface waters, As (V) constituted the majority of arsenic speciation, while 
below the redoxcline, in anoxic waters characterized by increased pH and the presence of 
hydrogen sulphide and high turbidity, As (III) dominated.  Iron oxides and hydroxides are 
known to play a major role in arsenic geochemistry and arsenic can often be found adsorbed 
to these phases (Sharma and Sohn, 2009), depending on the oxidation state of arsenic and 
the pH of the system.  However, recent studies (e.g. Stachowicz et al., 2007) have shown 
that arsenic may be solubilized from the surfaces of sediments and iron oxyhydroxides under 
environmentally relevant concentrations of carbonate and bicarbonate.  
 
Complexation of arsenic by DOM is complicated and predictions of arsenic speciation in the 
presence of DOM can differ depending on the model used.  For example, when low 
molecular weight and relatively soluble fulvic acids (FA) and are used to model DOM, the 
1. General Introduction 
 21 
adsorption of arsenic species onto a solid phase tends to be inhibited due to competition for 
adsorption sites and complexation of arsenic by DOM, hence predicting a majority of 
aqueous As (Sharma and Sohn, 2009).  When the higher molecular weight humic acid (HA) is 
used to model DOM, the majority of HA exists in the solid phase (depending on pH and ionic 
strength conditions) or as solid coatings on the mineral phase.  This tends to enhance 
adsorption and immobilisation by removing arsenic species from solution (Stollenwerk, 
2003).  Sharma and Sohn (2009) postulate that under environmentally relevant conditions, 
DOM tends to compete with arsenic for active adsorption sites, thus increasing the 
concentration of arsenic species in solution and subsequent mobility.  However, the same 
authors do point out that more research is required to determine the effects of natural 
particulate organic matter (such as HA) on arsenic speciation. 
 
1.2.6 Cadmium speciation 
 
Cadmium generally has a low affinity for DOM (Minaberry and Gordillo, 2007), with 
inorganic species (e.g. CO3
2-, Cl-, SO4
2-) dominating its solution speciation.  In seawater, 
cadmium forms very strong bonds with chloride where the predominant complexes are 
CdCl+ and CdCl2
  (92%), whereas in freshwater the dominant inorganic forms are Cd2+ (e.g. 
the free ion) CdSO4 and CdCO3, depending on pH (Florence, 1982; Batley, 1989; Powell et al., 
2011).  Using ASV, Florence (1977) determined that a high proportion (>70%) of cadmium 
was ASV-labile (e.g. the weakly-bound cadmium complexes) in oxygenated freshwaters.  
Cadmium may exist as non labile CdHS+ in anoxic waters (Batley and Gardner, 1978).  As 
mentioned above, cadmium-DOM complexes are rare, although recently research has been 
conducted investigating cadmium binding with high molecular weight organic matter (such 
as humic acid), especially forming ternary complexes between suspended particulate matter 
(SPM) and organic ligands.  For example, Minaberry and Gordillo (2010) studied the effects 
of SPM and three organic ligands on the cadmium complexation capacity of natural waters 
by electroanalytical methods.  Their results demonstrated that in natural waters with high 
SPM (>150 mg/L), the presence of citrate increased the Cd (II) adsorbed to SPM even though 
Cd (II) concentrations present in the test media exceeded the inorganic binding sites 
concentration of the SPM.   
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1.2.7 Copper speciation 
Sunda and Lewis (1978) determined that a high level of copper complexation in filtered river 
water was due to binding by organic rather than inorganic ligands.  The authors conducted 
experiments where free copper was spiked into solutions containing varying amounts of 
filtered river water and assessed the concentration of free copper ions after an equilibration 
period.  The results showed that in a solution of 10% river water, (90% algal culture media) 
the free Cu2+ constituted 3.5% of the total copper (added as 3.3 µM CuSO4).  When the 
solution comprised 30% river water, the free Cu2+ was reduced to 0.38% of the total copper, 
attributed to the binding with DOM present in the river water.  Several studies have shown 
that carbonate and hydroxide complexes account for <1% of total copper species (e.g. 
Stumm and Morgan, 1970; Sunda, 1975).  Many studies have also demonstrated the 
protective effect of Cu-DOM binding with respect to minimising toxicity, by reducing the 
fraction of metal available for bioaccumulation and subsequent toxic action (Sunda and 
Lewis, 1978; Bigalke et al., 2010; Gheorghiu et al., 2010; Sánchez-Marín et al., 2010).  Copper 
will also form strong complexes with hydrogen sulphide, often displacing weaker-bound 
metals such as Ni, Zn and Cd (Guthrie et al., 2005). 
 
1.2.8 Zinc speciation 
 
In freshwaters, modelling suggests that the main inorganic zinc species are Zn2+ (50%) and 
ZnCO3 (38 %) (Florence and Batley, 1980; Batley, 1989).  Meylan et al. (2004) determined the 
speciation of zinc in two freshwater streams in Switzerland in-between and during rain 
events using DGT, competitive ligand exchange (CLE) and voltammetric measurements.  The 
results demonstrated that DGT and ASV-labile zinc was 61±4% and 76±9% of total zinc 
respectively, demonstrating a high proportion of zinc present as labile forms in freshwater.  
Synthetic ligands (e.g. anthropogenically produced) are believed to have a limited effect on 
zinc speciation in freshwaters (Baken et al., 2011).  Zinc has been found to form complexes 
with organic matter in freshwaters as described by Sander et al. (2007), who determined 
that 95 ± 5 % of total zinc was present as organic complexes in three freshwater lakes in New 
Zealand (DOM approx 5 mg/L; pH 7.0 - 8.2).  However, these zinc-organic complexes may 
dissociate in the presence of metal ions with a stronger affinity for the organic ligands.  For 
example, when Cu (II) was added to samples of water (Lake Greifen, Switzerland) containing 
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zinc-organic complexes, the concentration of labile zinc (determined by differential pulse 
ASV) increased, demonstrating the presence of competitive binding by copper over zinc for 
the organic ligand (Xue et al., 1995). 
 
1.2.9 Partitioning of metals between aqueous and solid phases  
 
How metals partition between the aqueous and solid phases within a water body can be 
affected by a number of factors including TSS concentration, alkalinity, pH and DOM.  
Horowitz (1991) presented a hypothetical calculation which illustrated that elements with 
the strongest preference for particle surfaces (e.g. Pb, Zn, Cr, Co, Cu) are typically >50% 
transported as particulate material even if TSS concentrations are as low as 10 mg/L.  
Conversely, elements that partition less to particulate material (e.g. Se, As and Sb) are 
transported primarily in the dissolved phase (on a mass basis) unless TSS concentrations 
exceed 100 mg/L.  Natural suspended sediment concentrations in a water body are highly 
variable, with typically increased input during heavy rainfall and storm events and reduced 
input during periods of drought.  However, a number of other factors may affect natural TSS 
concentrations such as a drought that causes the water levels to reduce, therefore 
increasing the concentration of suspended solids in solution.  The intricate nature of these 
events adds to the complexity of estimating the sources and fate of metal loadings within a 
water body (Horowitz, 1991).  It is therefore prudent to document discharge, TSS 
concentration and metal concentrations (particulate and dissolved) at a high frequency 
(continuously or, at a minimum, daily) during flood events where possible (Luoma and 
Rainbow, 2008).  
 
Metal partitioning between the solid and liquid phases is often expressed by the partition 
coefficient, Kd as described in equation 1.1: 
 
Equation 1.1  
 
where Csed is the metal concentration in the sediment (suspended or settled) and Cwater is the 
metal concentration in the water, therefore describing the particulate concentration per unit 
volume of water.  The relationship assumes that there is an infinite quantity of water and 
that equilibrium between each phase has been reached.  The degree of partitioning between 
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these phases will depend on the individual characteristics of each metal, the binding 
capacity of the solid phase (e.g. number of binding sites and quantity and quality of ligands) 
and the water chemistry.  
 
Metal binding to sediments is fundamentally driven by two mechanisms: adsorption and 
precipitation.  Adsorption occurs when a dissolved metal becomes attached to a specific site 
on the surface of a solid.  The strength of the bond may be weak and non-specific (e.g. van 
der Waals forces) or may be through electrostatic attraction between charged metals in 
solution and surface sites.  Stronger, specific adsorption occurs especially when covalent 
bonds between the solute and surface site are formed (Linge, 2008).  Precipitation occurs 
when one or more solutes combine to form a solid. 
 
Once a metal partitions to the solid phase, it is often found in concentrations that are orders 
of magnitude greater than in solution (when considering comparable units).  This is due to 
the abundance of binding sites within the microstructure of sediment particles, the presence 
of organic matter and other binding sites (e.g. iron and manganese oxides) coating and 
within the structure of particles, which act to sequester metals from solution.  The grain size 
of particles will also affect total metal concentration as finer-grained particles (e.g. silt and 
clay) have a much larger surface area than the same mass of coarse-grained particles (e.g. 
sand).  As a result, sediments and suspended particulates usually form the largest store of 
metals within a water body (Luoma and Rainbow, 2008).  
 
Metals associated with deposited sediments are very sensitive to redox reactions, with 
oxidised sediment (e.g. surface particles) chemistry being dominated by the presence of iron 
and manganese oxides and organic material.  In reducing environments (e.g. sub-surface 
particles removed from surface bioturbation/mixing), sediment chemistry is controlled by 
sulphides.  Considering the oxic environment of the sediment-water interface, iron and 
manganese oxides precipitate in the presence of oxygen (Luoma and Rainbow, 2008), 
creating solid surfaces with many ligands, which have a strong affinity to bind metals (either 
through co-precipitation or adsorption).  Such oxides have been shown to be the main 
carriers for Cu, Cd, Ni and Zn whereas Cu also becomes strongly associated with organic 
matter (Salomons et al., 1987).  Sulphate, which mainly originates from overlying waters or 
produced locally from decaying organic matter (Du Laing et al., 2009), will be reduced under 
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anoxic conditions (usually sub-surface sediment layers away from any surface mixing) to 
sulphides and elemental sulphur.  Under these conditions, HS- can lead to metal adsorption 
onto or co-precipitation with FeS or a direct precipitation of metal sulphides (Billon et al., 
2001).  
 
1.2.10 Determining particulate metal phases/reduced forms 
 
As described above, metals found associated with particulates can exist in many forms, some 
of which will be more readily soluble and bioavailable than others.  Simply stating a total 
metal content of a sediment is not sufficient for regulatory/environmental monitoring 
purposes as the metals extracted using concentrated acids (usually aqua regia or 
hydrofluoric acid) will not be representative of the fraction of metal that is bioavailable 
(Bacon and Davidson, 2008; Bettiol et al., 2008; Vasile and Tanase, 2008).  Therefore, several 
operationally defined methods have been developed to determine the proportion of the 
total metal that exists within each sediment ‘phase’.  For example, Tessier et al. (1979), used 
a sequential extraction technique where the same sediment sample was subjected to five 
reagents of increasing vigour, which represented various phases of metal available under 
varying environmental conditions: exchangeable; carbonate; reducible; oxidisable; and 
residual .  Another similar sequential extraction scheme developed is the Community Bureau 
of Reference of the Commission of the European Communities (BCR) three stage sediment 
extraction protocol (Ure et al., 1993).  This scheme uses larger sample amounts and 
extractant volumes than the  Tessier et al. (1979) method to allow for more representative 
sampling and to minimise analytical difficulties associated with small extractant volumes 
(Bacon and Davidson, 2008). 
 
While the sequential extraction procedures described above have been widely applied in a 
number of studies (e.g. Fan and Wang, 2003; Lacal et al., 2003; Almeida et al., 2005; 
Kirkelund et al., 2010; Vasile and Vlădescu, 2010), there are several issues with the 
procedures, including re-distribution of analytes among phases during extraction and the 
potential for the precipitation of ‘new’ mineral phases during extraction (Rendell et al., 
1980; Bacon and Davidson, 2008).  Nonetheless, the method is useful to determine whether 
a particular metal is likely to be readily soluble or inert.  Other studies have attempted to 
determine the fraction of sediment-associated metal that will be available in an organism’s 
1. General Introduction 
26 
gut environment following ingestion, hence alluding to a bioavailable fraction.  For example, 
Mayer et al. (1996; 1997) examined and extracted the gut juices of several marine benthic 
deposit feeders and incubated contaminated and reference sediments in the juices.  The 
study found that only 1-10 % of total copper present within the sediments was extracted 
using this method, therefore implying that only a small fraction of copper was likely 
bioavailable.  Chen and Meyer (1999) also examined the metal released by extracted gut 
juices and determined that metal bioavailability in sediments was dependent on the gut 
retention time (GRT) of the organism. Turner et al. (2001) applied a standard method for the 
in vitro digestion of animal protein feeds (2% pepsin in 0.075 M HCl) to contaminated 
sediments to determine a ‘bioavailable’ or ‘gut-soluble’ fraction of trace metals.  The study 
found up to 75 % of the total Cu, Mn and Zn within contaminated marine sediments was 
available to a pepsin digest.  This method of using commercially available reagents to mimic 
the environments of aquatic invertebrates has also been used by Kalman and Turner (2007), 
who used bovine serum albumin to incubate metal-contaminated sediments.  
 
As mentioned above, metals within reducing environments of sediments can form relatively 
insoluble metal sulphides.  Di Toro et al. (1992) conducted a series of experiments where 
they quantified the acid volatile sulphides (AVS; the fraction of any sulphides which are 
soluble at room temperature in 0.5 to 1 M HCl in 0.5-1 h, mainly FeS) present in 
contaminated sediments and compared this to the simultaneously extracted metal (SEM) in 
the same sample.  The results demonstrated that where the molar concentration of AVS 
exceeded the sum of the molar concentrations of SEM (for all metals), no significant 
mortality was observed in laboratory toxicity tests using aquatic invertebrates.  Several 
studies have confirmed the AVS-SEM relationship such as De Jonge et al. (2010), who 
demonstrated that AVS concentrations inversely correlated with metal accumulated by 
epibenthic invertebrates.  However, the same study found that bioaccumulation in the 
benthic taxa was better correlated with total metal concentrations, suggesting that metal 
accumulation in aquatic invertebrates is highly dependent on feeding behaviour and 
ecology.  The method is not without limitations as demonstrated by Hammerschmidt and 
Burton (2010) who distributed subsamples of stream sediments to seven independent 
laboratories for AVS:SEM analysis.  The results of all analyses indicated that AVS varied 
among laboratories by a factor of 70 to 3,500 and SEM varied by factors of 17 to 60 times, 
demonstrating the requirement for a standardisation of methods for AVS:SEM analysis. 
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The chemical methods discussed above for determining particulate metal partitioning and 
metal exchangeability offer insights into the potential fraction of metal that is bioavailable 
and can be useful for regulation/monitoring purposes.  However, it must be stressed that all 
of the chemical methods are operationally defined and do not offer a true measure of 
particulate metal bioavailability for all aquatic organisms, which will be highly dependent on 
species, the surrounding environment and individual feeding and behavioural characteristics.  
Furthermore, for a robust assessment of particulate-metal bioavailability, suites of taxa 
should be used for bioaccumulation assays to cover the range of organisms within the study 
environment, especially targeting those species known to be sensitive to low metal 
concentrations.  
 
1.2.11 Trace metals in suspended sediments 
 
Due to the affinity most metals have for partitioning to the solid phase under neutral or 
mildly alkaline conditions (e.g. those found in river systems draining limestone catchments 
such as the Lagaip and Strickland Rivers, PNG), suspended sediments act as an important 
mechanism for metal transport within such a system.  Furthermore, metals associated with 
such suspended sediments in anthropogenically-affected systems can often be found within 
the readily soluble fractions, resulting in high mobility and potential for bioaccumulation.  
For example, Audry et al. (2006) conducted multiple, single extractions on suspended 
sediments in the Lot-Garonne fluvial system impacted by smelting waste.  The results 
indicated that substantial proportions of Cd, Zn, Pb and Cu were associated with acid-
exctractable (1 M HCl) phases of the TSS in the system (84-95%, 65-88%, 61-82% and 55-80% 
of total metal respectively).  In the rivers directly draining the smelting waste, Zn, Cd and Mn 
were mainly bound to the ‘readily soluble’ fraction of the SPM (60-80%) with less than 2% 
associated with the residual fraction (Audry et al., 2006), demonstrating the freshly 
precipitated nature of the metals.   
 
Butler et al. (2009) studied the transport of metals within rivers influenced by acid mine 
drainage and a wastewater treatment plant in Colorado, USA.  They found that for waters 
with a range of TSS between 1 and 35 mg/L (pH 4.8-7.5), copper and iron were 
predominantly in the particulate phase, while manganese and zinc were primarily in the 
dissolved phase, with particulate metal concentrations decreasing with increased flow.  
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However, in the presence of precipitated hydrous iron and manganese oxides, there was 
significant partitioning of zinc to the particulate phase.   
 
Dilution of metal concentrations caused by increased river flow can affect TSS metals as well 
as metals in solution.  For example, Bradley and Lewin (1982) determined the concentrations 
of metals on the surface of suspended sediments in the River Ystwyth during a high flow 
event.  During high river discharges, TSS metal concentrations were lowest due to a ‘dilution’ 
by clean sediments, whereas concentrations increased during reduced flow due to sorption 
and coprecipitation by iron and manganese complexes.  Identifying and quantifying metal 
partitioning to sediments is crucial in understanding the transport of metals within a fluvial 
system, especially if that system contains high concentrations of TSS. 
 
1.3 Trace Metal Bioaccumulation 
 
The previous sections described the speciation and partitioning of trace metals in a 
freshwater environment, eluding to operationally defined methods of estimating the 
fraction of total metal (either dissolved or particulate) that may be bioavailable.  The 
following section explores the factors affecting metal bioaccumulation, retention and 
excretion by aquatic organisms.  Examining these factors in the context of bioaccumulation 
of metals from different sources by decapod crustaceans in the Lagaip and Strickland Rivers 
will help to design experiments aimed at describing the metal bioaccumulation of these 
organisms. 
 
1.3.1 Essential vs non-essential metals 
 
Certain trace metals are required for life processes in very small doses (e.g. As, Co, Cr, Cu, Fe, 
Mn, Mo, Ni, Sb, Sn, Se, Ti, Zn) and are termed ‘essential’ metals (Luoma and Rainbow, 2008).  
Some of these metals are more important than others for aquatic organisms.  For example, 
copper is required for the respiratory protein hemocyanin and zinc is used in the enzyme 
carbonic anhydrase, with both metals playing an essential role as metalloproteins (Walker et 
al., 2001).  The remaining trace metals are considered non-essential and are therefore not 
required for life processes.  The list of essential metals described above is by no means 
exhaustive as there will undoubtedly be certain metals not classified as essential that will 
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have some use in individual species.  However, for the purpose of this review, which is 
primarily concerned with the physiology of freshwater decapod crustaceans, the list above 
will suffice. 
 
Whether essential or not, all trace metals are toxic at a certain dose or availability (Fig. 1.2).  
It is the balance between maintaining sufficient intake of an essential metal while limiting 
the intake of non-essential metals that is often difficult to achieve. 
 
 
 
Figure 1.2. Biological response of an organism to increasing dose or availability of an essential or non-essential 
trace metal.  (After Connell et al., 1999). 
 
1.3.2 Factors affecting metal bioaccumulation 
 
Bioaccumulation is defined as the ‘net accumulation of a chemical into the tissues of an 
organism from all environmental sources, e.g. from both food and water’ (ASTM, 2001).  For 
most aquatic organisms, this will be via uptake from water (e.g. via the gills) or ingestion 
(e.g. via the gastro-intestinal system).  However, in some aquatic organisms such as 
crustaceans, permeable regions of the exoskeleton may constitute a second site of uptake 
from water, especially during ecdysis (the act of moulting or shedding an old exoskeleton).  
This third pathway will be explored further below (Section 1.3.6). 
 
In order for an organism to uptake metals from the surrounding environment, the metal 
must cross the cell membrane, either across surface epithelial cells (e.g. gills) or cells of the 
gut epithelium.  Several processes can occur at the cell membrane of multicellular eukaryotic 
organisms to facilitate metal transport into a cell.  Principal among these are protein carriers 
and major ion channels  which assist hydrophilic metal species to cross the hydrophobic cell 
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membrane (Luoma and Rainbow, 2008).  While these processes exist to transport essential 
elements into the cell (such as zinc bound by protein carriers or calcium transported via ion 
channels), non-essential elements may also be transported inadvertently.  One well-
documented example of such non-target metal transport is the uptake of cadmium via 
calcium ion channels in aquatic organisms.  The free cadmium ion is of a very similar ionic 
radius to the calcium ion and therefore can be mistakenly transported into the cell via the 
apical calcium channels in the gills (Verbost et al., 1989; Franklin et al., 2005; Wood et al., 
2006).  Other minor transport mechanisms exist such as co-transport with amino acids 
(Conrad and Ahearn, 2007), endocytosis (e.g. transport of iron hydroxide: George et al., 
1977) and diffusion of non-polar (lipid soluble) metal complexes across the cell membrane 
(Simkiss, 1983).  The likelihood of a metal being transported into a cell will primarily depend 
on the concentration of the metal, the individual organism and the form/speciation of the 
metal. 
 
Decapod crustaceans, due to their presence within the benthos, are exposed to metals 
within the dissolved and particulate phases simultaneously, especially in highly turbid rivers 
such as the Strickland River.  Understanding the significance of each uptake route is essential 
in explaining metal accumulation by such organisms.   
 
1.3.3 Metal uptake from solution, the Free Ion Activity Model (FIAM) and the Biotic 
Ligand Model (BLM) 
 
Uptake of metals from solution via the gills is primarily concentration dependent, with 
dissolved metals present at higher concentrations being accumulated at a higher rate than 
those at a lower concentration.  This uptake rate, referred to as an uptake rate constant (Ku; 
expressed as L/g organism tissue/d), is dependent on the bioavailable metal concentration 
(see below) of the external solution and the (internal) characteristics of the biological 
transport system within each organism (Luoma and Rainbow, 2008).  In theory, carrier-
facilitated membrane transport can become saturated, leading to a point where Ku reaches 
zero as demonstrated by a non-linear relationship between Ku and bioavailable metal 
concentrations at extremely high experimental metal concentrations during laboratory 
exposures (Hogstrand et al., 1994).  However, such elevated concentrations rarely exist 
environmentally and in highly contaminated sites, organisms may not be able to persist long 
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enough to saturate uptake sites.  Therefore it is safe to assume a linear relationship between 
the bioavailable metal concentration and Ku, which has consequently led to the wide use of 
Ku in bioaccumulation modelling (Luoma and Rainbow, 2008). 
 
Metal uptake from solution will be directly related to the concentration of bioavailable metal 
present in the organism’s environment.  Measurements of total dissolved metal 
(operationally defined as < 0.45 μm) will rarely predict the bioavailable metal concentration 
as this is dependent on the speciation of the metal.  As discussed in the previous section, in 
order for a metal to accumulate within the tissues of an organism, that metal must interact 
with a cellular ligand at the cell membrane to facilitate transport into the cell.  The free 
metal ion (e.g. M2+) is a good predictor of the form of metal that binds to this ligand.  The 
Free Ion Activity Model (FIAM) was developed on this basis to predict the bioavailability of a 
dissolved trace metal to aquatic organisms (Campbell, 1995).  The model assumes that only 
the free metal ion that will bioaccumulate, with the remaining metal in solution complexed 
by inorganic or organic ligands unavailable for uptake.   
 
When considering uptake via facilitated diffusion (e.g. protein carriers) and transport via 
major ion channels, the FIAM predicts the rate of uptake well (Luoma and Rainbow, 2005).  
However, if metal transport across the cell membrane is via co-transport with amino acids 
(Conrad and Ahearn, 2007) or the metal forms a lipid-soluble complex (Simkiss, 1983), the 
FIAM does not adequately predict rate of metal uptake (Luoma and Rainbow, 2008).  In 
response to these uncertainties, the Biotic Ligand Model (BLM) was developed, which 
considered metal bioavailability in terms of the biological receptor (e.g. cell membrane) 
rather than exposure solution speciation.  The model not only takes into account free ion 
activities (e.g. FIAM) but also adds competitive effects of major ions (e.g. water hardness) 
and pH, which are especially relevant to freshwater systems (Meyer et al., 1999).  The BLM 
has been applied to many species in both fresh and saltwater systems including freshwater 
phytoplankton (Campbell et al., 2002), the binding of copper to the gills of rainbow trout, 
Oncorhynchus mykiss (Gheorghiu et al., 2010), the binding of nickel and copper to the gills of 
flathead minnows, Pimephales promelas (Meyer et al., 1999) and the toxicity of copper to 
the water flea, Daphnia magna (Ryan et al., 2009). 
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Some uncertainties of the BLM are that it often under-predicts bioavailability due to 
uncertainties around organic complexation (Slaveykova, 2007; Gheorghiu et al., 2010), 
uptake properties have been characterised for only a limited number of metals and largely 
for acute toxicity.  The model uses acute toxicity data to predict chronic, sub-lethal or dietary 
toxicity and the model does not consider detoxification processes (Luoma and Rainbow, 
2008).  Regardless of the uncertainties, the BLM is often used in developing water quality 
criteria, especially in the U.S.A. and current research is assisting in the ongoing evolution of 
the BLM (Paquin et al., 2002). 
 
1.3.4 Metal uptake via ingestion 
 
Metal accumulation via ingestion is an important route of exposure for aquatic organisms 
(Wang, 2002) and in certain cases, has been shown to constitute the significant pathway of 
metal uptake.  For example, Wang and Ke (2002) established that dietary exposure 
accounted for > 90% of the total cadmium and zinc accumulation for two marine gastropods.  
Dietary assimilation is determined by the quantity of food an organism ingests (ingestion 
rate: IR), the metal concentration in the food and the fraction of the ingested metal which is 
extracted and assimilated into the organism’s tissues (assimilation efficiency: AE)(Wang and 
Fisher, 1999).  The IR (expressed as g food ingested/g organism tissue mass/day) varies 
largely between species but can be similar between individuals of the same species (Luoma 
and Rainbow, 2008).   
 
The AE of an individual organism accounts for the fraction of ingested metal that is either 
transported directly to the cell vacuole or solubilised and/or complexed in the gut 
environment, sufficient to allow for transfer of that metal across the gut lining (absorption) 
as well as the concentration of the metal present in faeces (excretion).  Thus, AE describes 
absorption minus excretion for ingested metals (Wang and Fisher, 1999).  AE is frequently 
used in biodynamic modelling as metal accumulation has been shown to be directly 
proportional to AE (Fisher et al., 1996).  Certain factors can affect an organism’s AE such as 
the characteristics of gut fluids and the gut residence time (Luoma and Rainbow, 2008).  
Furthermore, pre-exposure to metals has been shown to positively influence assimilation 
efficiencies (AE) in many aquatic invertebrates (as reviewed by Wang and Rainbow, 2005).   
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1.3.5 Modelling metal accumulation from solution and ingestion 
 
Metals accumulated via both solution and ingestion can be described by a first-order rate 
coefficient model by summing uptake from both routes mathematically as shown in 
equation 1.2 (Landrum et al., 1992): 
 
Equation 1.2 Css = [(ku x CW) + (AE x IR x CF)] / (ke + g) 
 
where Css is metal concentration within an organism at steady-state, ku is the uptake rate 
constant from solution (μg/gtissue /d per μg/Lwater or L/g/d), Cw is the concentration of metal 
in solution (μg/L), AE is the assimilation efficiency (%), IR is the ingestion rate (gfood/gtissue/d), 
CF is the concentration of metal in the food (μg/g), ke is the efflux rate constant from both 
solution and food (which can be solved for each independently: d-1) and g is the growth rate 
constant of the organism (d-1).  This model has been widely used to accurately predict metal 
accumulation in a number of aquatic species including cadmium bioaccumulation and 
toxicity in Hyalella azteca (Golding et al., 2011), metal bioaccumulation from labile sediment 
fractions and pore water in the polychaete Nereis succinea (Baumann and Fisher, 2011), 
accumulation and retention of metals from food and water by the muscle Mytilus 
galloprovinciallis (Fisher et al., 1996), the bioaccumulation of cadmium from food and water 
by the estuarine fish, Ambassis jacksoniensis (Creighton and Twining, 2010), the assimilation 
of sediment-bound metals to the mussel Mytilus edulis and the clam Macoma balthica 
(Griscom et al., 1999) and the bioaccumulation and retention of cadmium by the Chilean 
blue muscle Mytilus chilensis (Hervé-Fernández et al., 2010) among other studies. 
 
1.3.6 Metal uptake in crustaceans: the role of moulting 
 
As mentioned above, aquatic crustaceans (but not limited to) may have a third metal 
uptake/efflux route via the exoskeleton.  Such organisms will regularly shed their 
exoskeleton in order to grow (moult) and/or enable the regeneration of damaged tissue and 
missing limbs.  This process is potentially a mechanism for metal excretion since metals may 
be sequestered to the exoskeleton prior to moulting and for metal uptake since the new 
cuticle may be permeable for a short period prior to tanning and calcification.  For example, 
Nugegoda and Rainbow (1988) demonstrated that marine decapod crustaceans (Pandaus 
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montagui) that moulted in elevated dissolved zinc concentrations accumulated significantly 
more zinc than those that did not.  Furthermore, White and Rainbow (1984) established a 
similar trend for Palaemon elegans exposed to radio-labelled zinc in solution, whereby 
shrimp which moulted showed an immediate decrease in the accumulated zinc, which 
subsequently increased at a rate greater than prior to moulting.  However, this effect 
appears to be metal and species-specific as Nuñez-Nogueira and Rainbow (2005) determined 
that moulting had no significant effect on cadmium accumulation by the prawn Penaeus 
indicus, whereas Bondgaard and Bjerregaard (2005) demonstrated that cadmium and 
calcium uptake rates were elevated in post-moult female shore crabs (Carcinus maenas).  
Metian et al. (2010) conducted metal radiotracer exposure studies with the Pacific blue 
shrimp Litopenaeus stylirostris and demonstrated that moulting contributed substantially to 
metal depuration for cobalt, chromium and, to a lesser extent, zinc.  It is therefore important 
to determine the effect of moulting on metal accumulation and regulation on a metal and 
species-specific basis. 
 
1.3.7 Methods of metal detoxification and excretion 
 
Once a metal has been transferred into a cell (bioaccumulated), it is initially metabolically 
available and either utilised for metabolic requirements (essential metal) or is detoxified 
(e.g. in the case of an excess of essential metal or any concentration of non-essential metal) 
in order to prevent adverse effects (Luoma and Rainbow, 2008).  Cellular detoxification of 
metals is achieved by strong binding to biological ligands, either in soluble or insoluble form.  
Soluble forms of these metal-binding ligands include glutathione and metallothioneins (MT).  
MT are low molecular weight cytosolic proteins which bind (through the presence of thiol 
groups found within the high cysteine count of MT), are induced by and are involved in the 
cellular regulation and detoxification of certain metals (e.g. Zn, Cu, Cd, Ag, Hg) (Amiard et al., 
2006).  Much research has been involved in the identification of MT in aquatic organism 
induced by exposure to metal contamination (Roesijadi, 1992; Roesijadi, 1994; Wallace et 
al., 2000; Wang and Rainbow, 2005; Cooper et al., 2010; Liu and Wang, 2011) including the 
isolation and characterisation of MT cDNA for M. rosenbergii as a biomarker response for 
freshwater metal pollution (Mahmood et al., 2009).  Metals incorporated into insoluble 
forms have been described by Hopkin (1989) as four types of intracellular granules:  
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A – consisting of concentric layers of calcium and magnesium phosphates which may 
contain trace metals such as Mg and Zn;  
B – more heterogeneous in shape and always containing sulphur in association with 
metals that include copper and zinc;  
C – often polyhedral with a crystalline form, mainly containing iron; and  
D – larger (extracellular) granules composed of concentric layers of calcium 
carbonate.   
 
In crustaceans, including decapods, type A and B granules are most commonly reported (Al-
Mohanna and Nott, 1989; Nassiri et al., 2000).  Certain metals will be detoxified using 
different methods.  For example, cadmium was detoxified in the prawn Penaeus indicus 
through binding with metallothionein-like proteins (MTLP), while zinc accumulated in the 
same organism was detoxified by binding to MTLP and incorporation into insoluble metal-
rich granules (MRG) (Nunez-Nogueira et al., 2006).   
 
Once detoxified, the metal is then transported internally within the organism via bodily 
fluids, either to storage sites (e.g. liver or hepatopancreas) or directly excreted (via egestion 
or excretion through the gills).  Studies have shown that, in decapod crustaceans, the 
hepatopancreas (which provides the same functions as both the liver and the pancreas in 
mammals) is strongly involved in the accumulation of trace metals, with the gills acting as an 
important organ for metal uptake and loss (Nuñez-Nogueira and Rainbow, 2005; Nunez-
Nogueira et al., 2006).  The antennal gland (kidney) of decapod crustaceans may also be 
involved in the regulation of trace metals as studies have shown that it is important for ionic 
regulation (e.g. Ca and Na; Ahearn and Franco, 1993) although there is currently no specific 
information on the role of the gland in metal regulation.  For a review of the methods of 
metal sequestration and detoxification in crustaceans see Ahearn et al. (2004). 
 
While detoxification of metals by the above mechanisms may minimise toxicity to the host 
organism, there is some evidence that the sub-cellular partitioning of metals into either 
MTLP or incorporation into MRG may affect the transfer of metal from prey to predators.  
For example, Wallace et al. (1998) determined that cadmium accumulated by cadmium-
resistant oligochaetes (that inhabited a severely cadmium-contaminated cove) was bound to 
MTLP and MRG, unlike non-resistant worms (e.g. from reference sites), where the cadmium 
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was bound to MT alone.  When the worms were fed to the grass shrimp Palaemonetes 
pugio, the shrimp fed cadmium-resistant worms accumulated 21% of the ingested cadmium, 
while those fed non-resistant worms accumulated nearly 75% of the ingested cadmium.  
Khan et al. (2010) conducted a similar study where daphnids were exposed to 109Cd and the 
sub-cellular fractions of MTLP and the metal rich granule and exoskeleton (MRG + exo) were 
isolated.  These fractions were incorporated into gelatine and fed to zebrafish.  The AE of 
cadmium bound to MTLP was approximately 31%, which was significantly greater than the 
AE of MRG + exo bound cadmium, 13% (p < 0.05). 
 
Once metal accumulation exceeds the detoxification capacity of an organism, a toxic effect 
may be exerted.  There is currently no evidence of trace metal-induced acute or chronic 
toxicity for the Macrobrachium species in the Strickland River (PJV, 2011).  However, there 
are cases of significantly increased serum sorbitol dehydrogenase (s-SDH) activity, a sub-
organism level marker of hepatic cell damage (Webb and Gagnon, 2007), in the prawns 
caught in the areas of the Lagaip River receiving mine-derived materials compared with 
reference sites (PJV, 2011).  To our knowledge, there have been no studies directly relating 
elevated s-SDH to metal exposure in aquatic crustaceans.  However, increased s-SDH activity 
has been used to successfully identify chemically induced liver damage in black bream 
(Acanthopagrus butcheri) in response to pentachlorophenol sodium salt (Na-PCP) injections 
(Webb and Gagnon, 2007) and to identify liver damage in sand flathead (Platycephalus 
bassensis) in response to polycyclic aromatic hydrocarbons (PAHs) (Holdway et al., 1994).  A 
study by Dixon et al. (1987) on the effects of exposure of rainbow trout (Salmo gairdneri) to 
waterborne copper (0.14 μg/L) demonstrated that after 48 hours of exposure (pH 7.7, 15 °C), 
s-SDH activity had significantly increased above that of controls (p < 0.05).  However, s-SDH 
activity did not increase significantly from a 48- to 72-h exposure and the liver somatic index 
did not increase significantly from controls.  More research is required to understand the 
relationship between increased s-SDH activities in aquatic crustaceans and trace metal 
exposure to confidently use s-SDH as a biomarker of accumulated metal effects (see Chapter 
5). 
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1.3.8 Techniques available to study metal accumulation: stable and radioisotopes 
 
Other than direct measurement of tissue metal concentrations from field or laboratory 
experiments (generally via a lengthy and expensive process of acid digestion and analysis 
with ICP-MS), the use of stable and radioisotopes are becoming more widespread.  For 
example, stable isotopes have been used to identify the trophic transfer of methyl mercury 
within a freshwater food chain (Bowles et al., 2001), to characterise copper uptake and loss 
dynamics in the freshwater bivalve Corbicula fluminea (Croteau et al., 2004),  the 
partitioning of cadmium in artificial sediment systems and subsequent bioaccumulation by 
the benthic detritivore, Asellus racovitzai (Eimers et al., 2002), the uptake of Pb, Zn and Cu 
by caddisfly larvae (Evans et al., 2006) and an investigation of multimetal interactions 
between Cd, Cu, Ni, Pb and Zn uptake from water by Daphnia magna (Komjarova and Blust, 
2008).  One disadvantage of using stable isotopes as tracers of metal accumulation is that 
the test organism has to be sacrificed prior to analysis.   
 
Radioisotope tracers, whilst requiring specialist training and extensive safety protocols for 
their handling and use, allow multiple analyses of the same organism to be collected in the 
same test.  This potentially results in the use of fewer test organisms and permits the 
derivation of individual rates of uptake and loss and assimilation efficiencies (e.g. biokinetics 
of accumulation) relatively easily.  Studies using radiotracers have been conducted to 
understand pathways of trace metal uptake (e.g. via food and/or water) and accumulation 
kinetics in a wide range of aquatic species including the shrimp Palaemon elegans 
(Nugegoda and Rainbow, 1989), the Pacific blue shrimp Litopenaeus stylirostris (Metian et 
al., 2010), the Chilean blue mussel Mytilus chilensis (Hervé-Fernández et al., 2010), the 
amphipod Leptocheirus plumulosus (Williams et al., 2010), the deposit-feeding polycheates 
Arenicola marina (Casado-Martinez et al., 2009) and Capitella sp. (Selck and Forbes, 2004) 
and the estuarine fish, Ambassis jacksoniensis (Creighton and Twining, 2010).  Research 
using radiotracers has also been undertaken to describe the partitioning of sediment-bound 
metals and subsequent influences on assimilation by clams and mussels (Griscom et al., 
1999), and sipunculans and soldier crabs (Zhong and Wang, 2006). 
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1.4 Giant River Prawn Macrobrachium rosenbergii 
 
The main species of prawn that is monitored for metals in the Strickland River is 
Macrobrachium rosenbergii.  It was the consistent bioaccumulation of trace metals by this 
species that prompted the current study to be investigated.  What follows is a summary of 
available literature on the occurrence, biology and metal accumulation studies for the 
species. 
 
1.4.1 Occurrence, commercial value and biology 
 
Macrobrachium are a genus of decapod crustaceans belonging to the Palaemonidae family.  
There are approximately 193 known species of Macrobrachium (FAO, 2011) including M. 
rosenbergii (de Man, 1879), also known as the giant river prawn.  M. rosenbergii is native to 
the tropical areas of Southeast Asia, northern Australia and western Pacific Islands and is the 
most popular freshwater prawn species used for commercial farming (New, 2002).  
According to FAO (2011), approximately 230,000 tons of M. rosenbergii were produced 
globally in 2009, at a total value of USD$ 1,207,000, with Asian aquaculture accounting for 
99.7 % of total production; wherein China, India and Thailand produced the most (Schwantes 
et al., 2009).  Due to the commercial significance of M. rosenbergii, many studies describing 
methods of increasing its production have been published (e.g. Intanai et al., 2009; Lober 
and Zeng, 2009; Thanh et al., 2009; Asaduzzaman et al., 2010; Nhan et al., 2010). 
 
M. rosenbergii are usually found in the lower reaches of rivers, inhabiting both fresh and 
brackish waters and will often inhabit highly turbid waters (New, 2002).  The prawns are 
omnivorous and when sufficiently hungry, will be cannibalistic.  Diet is commonly composed 
of aquatic worms, aquatic insects, small molluscs and crustaceans, flesh and offal of fish and 
other animals (Ling, 1967).  Gut content analysis of 102 Macrobrachium acanthurus 
inhabiting coastal lagoons in Brazil demonstrated that >78% of the prawn’s diet was 
identified as detritus (Albertoni et al., 2003), which has also been shown to be the major 
dietary constituent of Macrobrachium species in the Fly River (WRM, unpublished), to which 
the Strickland River is a major tributary.  In tropical regions, mating of M. rosenbergii occurs 
throughout the year and whilst larvae may hatch in freshwater, they require a salinity of 7-
14‰ for development and therefore must reach brackish water within 4-5 d in order to 
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survive (Ling, 1967).  Therefore, either females migrate to brackish water for larval hatching, 
or remain in the freshwater reaches of rivers and release their eggs in order that they float 
down river to brackish areas.  It is more likely that the latter breeding strategy is most 
common for M. rosenbergii in the Strickland River due to the hundreds of kilometres a 
berried female would have to migrate to reach brackish conditions. 
 
1.4.2 Metal accumulation by Macrobrachium species  
 
Several studies have been conducted to investigate metal accumulation by Macrobrachium 
species, most of which concern the accumulation of dissolved copper, which is added (as 
CuSO4) to control filamentous algae in aquaculture (Li et al., 2005; Reddy et al., 2006; Li et 
al., 2007; Li et al., 2008).  These studies demonstrated that accumulation of Cu2+ was via the 
gills and that the hepatopancreas was the most important copper-accumulation site, 
suggesting that this organ was crucial for the metabolism of copper.  Li et al. (2005) derived 
a no observed effects concentration (NOEC) for water-borne copper of 45 µg/L for M. 
rosenbergii juveniles.  Conducting similar studies with CuSO4, Li et al. (2008) determined that 
the activities of the digestive enzyme amylase and the metabolic enzyme glutathione-S-
transferase (GST) were suitable biomarkers of environmental Cu2+ stress to M. rosenbergii, 
with significant (P < 0.05) inhibition of these enzymes occurring as low as 10 µg Cu/L.  
Adhikari et al. (2007) studied the effects of manganese and iron on the growth and feeding 
of juvenile M. rosenbergii after chronic (60-d) exposure.  They determined that average daily 
growth was significantly (P < 0.05) reduced at 300 µg Mn/L and 320 µg Fe/L compared with 
control growth rate (control concentrations: 10 µg Mn/L and 20 µg Fe/L).  Feed utilisation 
was also significantly (P < 0.05) reduced at the same concentrations of manganese and iron.  
The authors also noted that the muscle tissue accumulated the least manganese and iron 
whereas the hepatopancreas accumulated the highest concentrations of the metals.   
 
There have been several studies published which have investigated the effects of various 
dissolved metals (Cd, Cu and Pb) on mortality and immune response (e.g. haemocyte count 
and phenol oxidase activity) of M. rosenbergii (e.g. Fafioye and Ogunsanwo, 2007; 
Kumarsamy et al., 2008).  However, these studies used environmentally irrelevant 
concentrations of metals (e.g. lowest cadmium concentrations of 1 mg/L and 140 µg/L 
respectively), which were significantly greater than those found in the Porgera River directly 
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downstream of Porgera Mine (avg dissolved Cd at SG1 = 0.8 ug/L; PJV, 2011).  Similarly, 
Revathi et al. (2011) studied the effect of CdCl2 on oogenesis of M. rosenbergii, 
demonstrating that cadmium exposure caused a significant (P < 0.05) decrease in the 
Gonado Somatic Index (GSI) and Hepato Somatic Index (HSI).  However, the prawns were 
exposed to 25 µg/L CdCl2 (approximately 15 μg Cd/L) for 15 days, considerably greater than 
that found in the Porgera River. 
 
Recent research by Mahmood et al. (2009) identified a metallothionein (MT) cDNA in M. 
rosenbergii (MT-1), which was differentially expressed in the hepatopancreas and not 
expressed in the gills and muscle tissue.  The research showed that MT was up-regulated in 
the hepatopancreas as a response to cadmium and copper exposure (at 2.5-5.0 and 250-500 
μg/L respectively) and down-regulated for zinc exposure (at 250-500 μg/L), suggesting other 
isoforms of MT were responsible for zinc regulation.  However, the authors indicated that 
combined metal exposure had different effects on MT-1 expression.  This study 
demonstrated that MT played an important role in trace metal regulation in M. rosenbergii 
and identified the hepatopancreas as a major site of metal detoxification. 
 
Metal regulation by Macrobrachium malcolmsconii has been investigated by Vijayaraman et 
al. (1999) who studied uptake and depuration of dissolved cadmium (63 and 157 μg/L) and 
zinc (260 and 653 μg/L) by this freshwater prawn.  The study found that cadmium uptake 
was dose and time dependent in all tissues studied (hepatopancreas, gills and muscle; 
highest concentrations found in the former).  Interestingly, while cadmium concentrations 
decreased during the 22 d depuration period in gills and muscle, cadmium concentrations 
continued to increase in the hepatopancreas, suggesting translocation of cadmium from the 
gills and/or muscle to the hepatopancreas for detoxification by MT.  Contrastingly, tissue 
zinc concentrations were not significantly different between the control and 260 μg Zn/L 
treatment, suggesting M. malcolmsconii had a zinc regulatory mechanism.  The authors 
postulated that zinc was most likely removed from the hepatopancreas by being drained 
into the hemolymph and subsequently eliminated through the gills, potentially while bound 
by MT.  However, tissue zinc concentrations increased following exposure to 653 μg Zn/L, 
indicating a zinc regulation threshold level had been exceeded.  
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Besides the use of Macrobrachium spp. as trace metal biomonitors by PJV since 1989 (PJV, 
2011), the genus has been used in several locations around the globe for the same purpose.  
For example, Tu et al. (2008) analysed the tissue metal concentrations of M. rosenbergii 
around Ho Chi Minh City and the Mekong River Delta, Vietnam, between 2003 and 2005.  
The results demonstrated that the greatest metal accumulation was found in prawns from 
sites receiving anthropogenic metal pollution (e.g. receiving municipal waste water).  
Furthermore, the pawns accumulated significantly greater (P < 0.01) concentrations of Cu, 
As, Se, Mo, Ag, Cd and Hg in the hepatopancreas compared with the abdominal muscle and 
abdominal exoskeleton.  Macrobrachium species have also been used as metal biomonitors 
in Assam, India (Gupta, 1998), Visakhapatnam, India (Rao et al., 1998) and in the Northern 
Territory, Australia (Peerzada et al., 1992).  Many other studies have used aquatic 
crustaceans as trace metal biomonitors and in particular, caridean decapods (e.g. Palaemon 
elegans) have received much attention in this role (e.g. White and Rainbow, 1982; 
Abdennour et al., 2000; Kouba et al., 2010; Rainbow and Luoma, 2011).  The shore crabs 
Carcinus maenas has also previously been used as a metal biomonitor (Chan et al., 1992; 
Weeks et al., 1993). 
 
Of all the studies involving trace metal accumulation reviewed above, there are none that 
have considered uptake from the solid phase (via diet), which as discussed in Section 1.3.4, 
can play as important a role, if not a greater role in metal accumulation by benthic decapod 
crustaceans.  To our knowledge, there are no published studies describing solid phase metal 
accumulation by Macrobrachium spp., therefore there is a significant gap in current research 
regarding metal accumulation via the diet for these commercially important prawns.  
Furthermore, there is very little data in the literature for trace metal bioaccumulation by 
Macrobrachium spp. other than for copper.  It is therefore important that research be 
undertaken to understand the sources and kinetics of metal bioaccumulation by these 
prawns. 
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1.5 Thesis Goals 
 
In order to gain further understanding into the sources and mechanisms of trace metal 
bioaccumulation by Macrobrachium spp. in the Lagaip and Strickland Rivers, the following 
were conducted: 
 
1.  Determine the speciation and partitioning of trace metals downstream of the Porgera 
Gold Mine in the Lagaip River and the Strickland Rivers , their reference tributaries and 
their off river water bodies (ORWBs) (Chapters 3 and 4). 
 
2. Undertake metal accumulation and depuration experiments using Macrobrachium 
australiense, as a surrogate for metal accumulation by M. rosenbergii, as this species is 
not commercially available in Australia.  The experiments will determine the major 
uptake pathways and differences in internal partitioning of metals within the prawns 
due to different exposure routes.  This will be conducted using stable and radioisotope 
techniques to determine metal uptake and efflux kinetics from a variety of sources 
(e.g. water, sediment, algae and carrion) including the establishment of assimilation 
efficiencies and the ranking of the importance of sources with regards to metal 
accumulation (Chapters 5 and 6). 
 
3. Develop a basic biokinetic model of metal accumulation, retention and depuration for 
M. australiense under environmentally realistic conditions.  Undertake metal 
bioaccumulation studies with M. rosenbergii and M. latidactylus to validate the 
biokinetic model (developed for M. australiense) for use with the native prawns of the 
Strickland River (Chapters 6 and 7). 
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2.1 Introduction 
 
This chapter introduces the general methods used in these studies for the collection, 
preparation and analysis of water, sediment and biota samples along with the 
development/modification of existing methods.  Methods to ascertain serum-sorbitol 
dehydrogenase activity (a biomarker of liver damage) and methods of radioisotope analysis 
and associated quality assurance and quality control (QA/QC) measures are also discussed. 
 
2.2 Field Sampling and Sample Preparation 
2.2.1 Receiving container preparation 
 
All receiving containers (Nalgene bottles) were soaked in 10% HNO3 (69% Tracepur, Merck) 
for > 24 h before being rinsed with copious quantities of Milli-Q and being left to dry, with 
the caps screwed on, in a laminar flow cupboard.  Containers were then handled with clean, 
powder-free gloves and each placed in two sealed plastic bags.  Two nylon spoons used for 
sampling bulk sediment were also prepared in the same manner.  
 
2.2.2 Sample collection 
 
At each sample location, the time, date and position (latitude and longitude, WGS84 datum) 
was noted prior to sample collection.  Care was taken to minimise contamination of the 
samples by wearing clean, powder-free gloves at all times and by having one researcher with 
‘clean hands’ who would only touch the sample containers and another with ‘dirty hands’ 
who would handle all other equipment (Allen, 2000). 
 
2.2.3 Water samples 
 
Sample containers were opened, filled to 25% with river water, the cap replaced and the 
container shaken before the water was discarded downstream, away from the sampling 
area.  This was repeated three times in order to condition the container prior to sample 
collection.  Once a sample was collected, the container was capped tightly before being 
replaced in two sealed plastic bags.  Water samples were collected in 3 x 500 mL Nalgene 
bottles, 2 × 1 L Nalgene bottles and 3 × 5 L plastic carboys at each sampling location.  Field 
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blanks were also collected by decanting 500 mL of Milli-Q water into an acid-washed 500 mL 
Nalgene bottle at the sampling location.  Samples were stored in an insulated container with 
ice-blocks to keep cool and were filtered 1-3 h after collection. 
 
2.2.4 Sediment samples 
 
Fine scrapings of exposed sediment were collected in acid-washed 70 mL polycarbonate 
containers with screw-lids at three containers per sampling location.  Samples were 
collected directly into containers.  One bulk sediment sample (approx 400 g) was collected 
using an acid-washed nylon spoon and placed into two sealed plastic bags.  The nylon spoon 
was rinsed in river water to remove any particulates between sampling locations.  During the 
Lower Strickland River sampling campaign (May 2010), a stainless steel Van Veen grab was 
used to collect bottom sediments from rivers and oxbow lakes.  Care was taken to only 
collect sediment not touching the grab in order to minimise contamination.  Several sub-
samples were collected in 6 mL polycarbonate vial for AVS analysis.  Sample containers were 
filled and capped so as to ensure no air remained in the vial in order to minimise any 
oxidation of sulphides present.  Samples were kept chilled in the dark during transit and 
stored frozen (<-18 °C) until analysis. 
 
2.2.5 Laboratory sample processing at PJV 
 
Laboratory preparation 
 
To minimise contamination from mill operations outside the laboratory, all windows were 
cleaned internally and sealed; doors were closed during sample processing and air 
conditioner units without adequate filters were not used.  The Milli-Q system was tested for 
quality and was found to exhibit a conductivity of 0.41 µS/cm (or a resistivity of ~ 25 M 
Ω/cm).  The laminar-flow cupboard was cleaned with Milli-Q and lint-free tissues and clean 
bench coat was laid down within the cupboard and was also used to as a screen when the 
cupboard was not in use.   
 
The Sartorius filter rigs were prepared as follows inside the laminar flow cupboard.  A pre-
weighed cellulose-acetate (0.45 µm; Millipore) was loaded into a clean rig using ‘clean’ acid-
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washed forceps.  The rig was assembled and the top section of the rig was rinsed with 10% 
HNO3 (69% Tracepur, Merck) by rotating the rig on a 45° angle for four complete revolutions.  
The acid rinse was then pulled through the filter membrane under vacuum provided by a 
Millipore vacuum pump.  The bottom section of the rig was then rinsed with the 10% acid 
solution as described above before being discarded to waste.  The above rinsing procedure 
was repeated with two separate rinses of 150 mL of Milli-Q water.   
 
Water samples 
 
For every site, each triplicate 500 mL Nalgene bottle was shaken before a 50 mL sub-sample 
was collected into a labelled, acid-washed 60 mL Nalgene bottle and acidified to a 
concentration of 0.2% HNO3 (69%; Tracepur, Merck) for TRM analysis.  The sample bottle 
was shaken again and 50 mL was passed transferred to an acid-washed, pre-loaded Sartorius 
rig and filtered under vacuum.  The filtrate was used to condition the bottom section of the 
rig before being discarded to waste and the filtrate volume recorded.  The sample bottle was 
shaken and approximately 150 mL was filtered through the same membrane under vacuum 
and 100 mL of the filtrate was transferred to a labelled, acid-washed 120 mL Nalgene bottle 
and acidified to a concentration of 0.2% HNO3 (69% Tracepur, Merck) for dissolved metal 
analysis (dM).  The filter membrane was then removed from the rig using acid-washed ‘dirty’ 
(as the membrane now included metal-containing solids) plastic forceps and placed in a 
labelled filter container and stored cool (< 4°C).  The sample bottle was then transferred to a 
refrigerator (<4°C) to settle overnight.  After settling, 250 mL of sample was carefully 
decanted into a prepared Sartorius rig and filtered under vacuum.  Approximately 150 mL of 
the filtrate was transferred to a labelled plastic bottle for major anion and cation, acidity and 
alkalinity analysis and stored cool (< 4 °C).  Approximately 40 mL of the filtrate was 
transferred to an amber glass bottle and preserved with 0.2% H2SO4 (98%; Merck) for DOC 
analysis.  The filter rigs were rinsed and prepared as in Section 2.3.1 between each triplicate 
and each sample.  Field blanks and laboratory blanks (200 mL of Milli-Q water) were 
processed in the same manner as above. 
 
The 1 L water samples collected were immediately transferred to a refrigerator upon arrival 
from the field and allowed to settle overnight.  Once settled, approximately 50 mL was 
transferred to an acid-washed, pre-loaded Sartorius rig and filtered under vacuum.  The 
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filtrate was used to condition the bottom of the filter rig before being discarded to waste.  
Approximately 900 ml of sample was filtered under vacuum (changing the filter if necessary) 
and the filtrate transferred to a labelled, acid-washed 1 L Nalgene bottle, contained in two 
sealed plastic bags and kept cool (<4°C) for Chelex-based complexation capacity analysis. 
 
Water collected in 5 L carboys was left to settle for 24–48 h.  After settling, the overlying 
water was decanted to waste and the remaining slurry transferred to a smaller, acid-washed 
bottle.  Finally, the three consolidated samples from each sampling location were again left 
to settle and the overlying water decanted to waste before the collection of all three slurries 
into one acid-washed 500 mL Nalgene bottle and stored cool (< 4 °C).  The consolidated 
slurry was then used for suspended particulate analysis such as TOC, particle size distribution 
(PSD) and metal bioavailability analyses.  The 5 L containers were rinsed with copious 
quantities of deionised DI water to ensure all particulates were removed, and were finally 
rinsed with Milli-Q before being used to collect samples at additional sampling locations. 
 
Sediment samples 
 
All sediment samples were labelled clearly with sampling location and date, before being 
stored cool (<4°C).  AVS samples were stored frozen in 5 mL polycarbonate vials with no 
headspace (<-18°C). 
 
Sample transport and storage 
 
Samples (water and sediment) were carefully packed into 50 L ice boxes and cooled with ice 
bricks for transport via courier back to CSIRO in Sydney and stored at <4C in the dark prior to 
analysis. 
 
2.2.6 Field sample processing at Obo, Lower Strickland River  
 
Due to lack of ‘clean’ conditions, Sartorius filtration rigs and individual filter membranes 
(Whatman) were not used to filter water samples.  Instead, a pre-acid-washed 25mL syringe 
(Terumo) was filled with 20 mL of 10% HNO3 (Merck, Tracepur) and the acid pushed through 
a 0.45 µm membrane filter (Sartorius Minisart), before 50 mL of Milli-Q water was pushed 
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through the same membrane. A 25 mL sub-sample of the 1 L water sample bottle was then 
drawn into the acid-washed Terumo syringe, the first 5 mL of sample filtered to waste and 
the remaining 20 mL filtered into a 60 mL Nalgene bottle and preserved with 0.2% HNO3. 
 
The remaining sample in the 1 L bottles was filtered through a 0.45 µm filter cartridge 
(Whatman Polycap GW) using a peristaltic pump (Masterflex) and the filtrate transferred as 
follows: the first 300 mL of filtrate was transferred to waste in order to flush the tubing and 
cartridge; 125 mL was transferred to a plastic bottle for major cations, anions, chlorides and 
alkalinity analysis; 40 mL was transferred to an amber glass bottle and preserved with 0.4% 
H2SO4 for dissolved organic carbon analysis and the remaining 500 mL of filtrate was 
transferred to a 1 L Nalgene bottle for Chelex-labile metal and metal complexation capacity 
analysis.  Between samples the filter cartridge was rinsed with approximately 500 mL of 
Milli-Q. 
 
All filtrations were carried our within a plastic storage box, cleaned with Milli-Q, to minimise 
contamination.  The table and surrounding windows close to the filtration area were cleaned 
and covered with clean towels to minimise sample contamination. 
 
Bulk water samples from Strickland River sites (6 x 5 L) containing suspended solids were left 
to settle for 72 h before the supernatant was decanted to waste and the settle slurry 
concentrated from all containers into a 500 mL HDPE bottle.  Sediment samples, including 
AVS samples were kept in Eskys and chilled with ice bricks during transport back to the 
accommodation and were then frozen to <18 °C.    
 
2.3 Water Samples 
2.3.1 Apparatus preparation 
 
All plasticware was cleaned by soaking in 10% (v/v) HNO3 (69%; Merck Tracepur, Germany, 
hereafter referred to as Merck Tracepur) for a minimum of 24 h followed by rinsing with 
copious quantities of Milli-Q purified water (18 MΩ•cm, Milli-Q, Millipore, Academic Water 
System, Sydney, Australia).  Each apparatus was then dried in a laminar-flow cabinet to 
minimise contamination from airborne dust. 
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2.3.2 Large volume (>50 mL) sample filtration and particulate matter (TSS) determination 
 
To determine the fraction of metals present in the dissolved phase of water samples (e.g. 
dissolved metal concentration, Chelex-labile metal concentration) and to establish the 
particulate matter or total suspended sediment (TSS) concentrations and particulate-bound 
metal concentrations, the procedure below was followed: 
 
Water samples were filtered using an acid-washed Sartorius filter rig containing dry, pre-
weighed 0.45 m cellulose acetate (CA) filter membranes (Millipore).  Prior to each sample 
being filtered, 100 mL of a 10% (v/v) HNO3 (Merck Tracepur) wash solution was used to clean 
the top section of the filter rig, passed through the filter membrane and the filtrate used to 
rinse the bottom of the unit.  The acid was then discarded and the process repeated with 
two aliquots of 150 mL Milli-Q water to remove any traces of acid. 
 
After the above rinsing of the filter apparatus and filter membrane, the total sample volume 
of water passed through the filter was recorded and if the filtrate was to be analysed (e.g. 
dissolved metal concentration, Chelex-labile metal concentration), 50 mL of filtrate was used 
to ‘condition’ the receiving vessel, before the remainder of the filtrate was transferred to 
these containers.  Sample blanks were also prepared by following the above method using 
similar volumes of Milli-Q water.  The filtration was conducted in a clean room to minimise 
contamination.  The filter membranes were removed with dedicated dry tweezers and 
returned to an oven for drying at 60°C overnight.  Once dry, the filter membranes were then 
transferred to a desiccator cabinet to cool before being weighed to an accuracy of ±0.1 mg.  
The filter membranes were then returned to the oven and the process repeated until four 
weights were obtained, with a consistency in the final three weights of 0.5 mg.  The 
concentration of TSS (mg/L) was determined as shown in Equation 2.1. 
 
Equation 2.1.  TSS = 
V
MM 12    (mg/L) 
 
where M1 = dry mass of filter membrane pre-filtration (mg), M2 = dry mass of filter 
membrane post-filtration (mg), V = volume of sample passed through filter membrane (L). 
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2.3.3 Small volume (≤50 mL) sample filtration 
 
To determine the dissolved metal concentration of samples of 50 mL or less, samples were 
drawn up into the appropriate size Terumo sterile syringe and were filtered through an on-
line 0.45 µm membrane (Sartorius Minisart High-Flow Sterile) into 30 mL polycarbonate 
vials, with the first 5 mL of filtrate solution being discarded to waste.  Filtered sub-samples 
were then acidified to 0.2% HNO3 v/v. 
 
2.3.4 Acidification of water samples 
 
In preparation for analysis of samples using inductively coupled plasma mass spectrometry 
(ICP-MS) (as detailed in Section 2.6.1) or inductively coupled plasma atomic emission 
spectrometry (ICP-AES) (as detailed in Section 2.6.2), sub-samples of filtered (e.g. dissolved 
metal concentrations) and non-filtered (e.g. total metal concentrations) water were 
accurately weighed out to 20 g in 30 mL polycarbonate vials and acidified with 40 L HNO3 
(Merck Tracepur) to 0.2% v/v HNO3.  Aliquots (5 mL) of these acidified samples were 
transferred to 5 mL polycarbonate vials for analysis.  Appropriate blanks were prepared 
using the same method.  A pre-prepared multi-metal standard was serially diluted and 
acidified to 0.2% v/v HNO3 to produce 12 different standard concentrations and 3 blanks, 
matrix-matched to samples.   
 
2.3.5 Certified reference materials 
 
A sub-sample of a certified reference material (CRM) TM-28.3 (Environment Canada) was 
also prepared as above for analysis QC purposes.  Sub-sampling and acidification was carried 
out in a laminar-flow cabinet within a clean room to minimise contamination. 
 
2.3.6 Preparation of metal spiking solution 
 
A metal spiking solution was prepared to enable a matrix check to be performed on water 
samples.  A 25 mg/L intermediate standard containing As, Cd, Cu, Pb, Se and Zn was 
prepared as follows.  A 250 µL aliquot of each metal standard was transferred to a 10 mL 
volumetric flask using a calibrated micropipette and acidified by the addition of 20 µL HNO3 
2. General Methods 
 51 
(Merck Tracepur).  The solution was made up to volume with Milli-Q water.  This solution 
was then transferred to a 30 mL polycarbonate vial for storage. 
 
A final spiking concentration of 100 µg/L was achieved by adding 20 µL of the metal spiking 
solution to 5 mL sub-samples prior to ICP-MS analysis (section 4.1).  Metal spiking was 
performed in this manner to 10% of all water samples collected. 
 
2.3.7 Filter membrane digestion and particulate metal determination 
 
Apparatus preparation 
 
For sample digestions, a MARS Xpress microwave (CEM Corporation) unit was used with 
Teflon® digestion tubes.  All digestion tubes were acid washed prior to use using the 
following method.  Tubes were immersed in a 5% solution of Extran for a minimum of 1 h, 
followed by rinsing at least 5 times with copious amounts of Milli-Q water.  To each tube was 
added 5 mL HNO3 (Merck Tracepur) and 2 mL HCL (36%; Merck Tracepur, Germany) and the 
vessel capped.  The tubes were then heated in a MARS Xpress microwave.  After heating, the 
tubes were allowed to cool in a fume hood and the acid discarded to waste.  The tubes were 
then rinsed with Milli-Q water at least 4 times before the addition of 30 mL of 10% v/v HNO3 
(Merck Tracepur) into each tube.  The vessels were then capped and heated in a MARS 
Xpress microwave before being allowed to cool, the acid discarded to waste and each tube 
rinsed at least 5 times with Milli-Q water.  All digestion tubes were dried in a laminar-flow 
cabinet and stored in sealed plastic bags. 
 
Particulate sample digestion 
 
Dry filter membranes containing sample particulates and filter membrane blanks were 
transferred to pre-weighed Teflon digestion tubes with plastic tweezers and pushed to the 
bottom of the tubes with a plastic spatula.  A 9 mL volume of HNO3 (Merck Tracepur) and 3 
mL of HCl (36% Merck Tracepur) was added to each tube and the caps screwed tight.  All 
tubes were then weighed.  The filter membranes, including sample blanks (membranes 
filtered with Milli-Q water), three clean, dry filter membranes, and two acid blanks, were 
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digested as below in batches of 30 including three samples of the certified reference marine 
sediment PACS-2 (National Research Council Canada) per batch. 
  
Sample vials were heated in a MARS Xpress microwave by the following method:  High 
power (1600 W) was used throughout.  The temperature was gradually increased for 10 
mins to 100 °C and held for 5 mins.  Temperature was then ramped for 10 mins to 150 °C 
and held for 5 mins and finally the temperature was ramped for 10 mins to 200 °C and held 
for 15 mins.  The tubes were then cooled through the system’s cooling program for 30 mins. 
 
The tubes were then re-weighed to determine whether an event (e.g. loss of digest due to 
pressure release) had occurred during digestion; a weight loss of > 1% resulted in the sample 
being considered compromised.  Tubes were then opened slowly in a fume hood and 28 mL 
Milli-Q added to each vial, resulting in a final digest volume of 40 ± 0.2 mL.  Digestion vials 
were stoppered and capped and mixed well by inverting several times before being left to 
settle overnight.  Approximately 30 mL of digest supernatant was then transferred to a        
30 mL polycarbonate vial.  A 1:10 dilution was then performed where 4.5 mL of Milli-Q water 
was accurately dispensed into pre-labelled 5 mL ICP-MS vials and 0.5 mL of sample added 
before analysis using ICP-MS (section 2.6.1) to determine the total recoverable metal (TRM) 
concentrations. 
 
Method validation using CRM BCR-279 
 
The above membrane digestion and analysis method was validated using a sea lettuce CRM 
BCR-279 (Institute for Reference Materials and Measurements).  Samples were prepared in 
digestion tubes using incremental masses of the CRM with and without pre-weighed 0.45 
m Millipore CA filter membranes, including appropriate acid and filter membrane blanks.  
The samples were digested and analysed as above in Section 2.3.7 and metal concentrations 
compared to certified concentrations for the CRM.  Recoveries of the CRM were acceptable 
if all metals were within ± 10% of the certified concentrations.  Limits of detection (LOD) for 
a given mass of sample in the presence of filter membranes were calculated based on the 
results and are reported for the primary metals of this study in Table 2.1. 
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Table 2.1. Limits of detection (LOD) for a given mass of sample based on the CRM BCR-279 
Sample Mass, mg 
LOD, mg/kg 
As Cd Cu Pb Se Zn 
10 0.94 0.15 6.7 1.7 0.20 5.9 
20 0.41 0.06 2.9 0.73 0.09 2.6 
60 0.15 0.02 1.1 0.27 0.03 0.96 
100 0.09 0.01 0.6 0.15 0.02 0.54 
 
Based on the values given in Table 2.1, confidence in resultant concentrations can be 
determined for a given mass of dry particulate sample.  For example, if a 10 mg sample is 
digested and analysed and the results report a concentration of 14 mg/kg Cu, we can be 50% 
confident in that result.  However, if the same concentration was reported for a 100 mg 
sample, we can be 95% confident in that result.  It was therefore concluded that, when 
filtering water samples for particulate metal determination, a dry mass greater than 100 mg 
would be required in order to report meaningful results.  Furthermore, the use of the CRM 
BCR-279 (approx 100 mg), without filter membrane, was acceptable for QA/QC purposes for 
suspended particulate metal determinations. 
 
2.3.8 Sample metal complexation capacity and Chelex-labile metal analyses 
 
To determine the complexation capacity of dissolved metals, the method developed by 
Bowles et al. (2006) was used.  Briefly, 50 g of the filtered water sample was measured into 
four acid washed 120 mL polycarbonate vials.    The samples were then spiked with 25 mg/L 
of the target metal to create the spike concentrations described in Table 2.2. 
 
Table 2.2. Spike volume and corresponding concentration for complexation capacity analysis 
Spike Volume, L Sample Volume, mL Spike Concentration, g/L 
10 50 5 
20 50 10 
50 50 25 
100 50 50 
150 50 75 
 
The remaining sample was left unspiked and would be used to determine the Chelex-labile 
metal concentration.  The Chelex-100® resin (Na form, 200-400 mesh) was prepared by 
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placing in a 30 mL polycarbonate vial, a portion of the resin, covered with Milli-Q water and 
allowing to soak overnight.  A plastic syringe was used to dispense 1 mL of homogeneous 
wet Chelex slurry into the column and 10 mL of Milli-Q water was passed through the 
column to set the resin and a plug of glass wool inserted on top of the resin.  End caps were 
fitted to the column to prevent leakage and to ensure the resin did not dry out. 
 
The resin was converted to the calcium form by pumping at least 5 mL of 2M Ca(NO3)2 
solution (Sigma, USA) through the column at a flow rate of approximately 20 mL/min, 
followed by at least 10 mL of Milli-Q water at the same flow rate.  The column was then 
conditioned by passing approximately 50 mL of 0.1 M buffer solution (at the same pH of the 
samples analysed) at a flow rate of 46 mL/min. 
 
Each sample was analysed on two separate columns simultaneously.  The sample solutions 
described in Table 2.2 (including the unspiked sample) were individually pumped through 
the column at 48±4 mL/min and at least the first 20 mL of the sample was allowed to flow to 
waste before collecting a sub-sample of effluent in a 5 mL polycarbonate vial.  An aliquot of 
the original sample was also transferred to a separate vial (influent).  Both the influent and 
effluent samples were acidified with 0.2% HNO3.  Buffer solution was pumped through the 
column between samples.  Metal concentrations were determined by ICP-MS (Section 2.6.1). 
 
Column regeneration was performed before each sample batch and after every 15-20 
samples as per Bowles et al. (2006); metals were desorbed from the resin by pumping >10 
mL of Milli-Q water followed by >5 mL of 1 M HCl (Merck Tracepur) through the column at a 
flow rate of approximately 20 mL/min, followed by >10 mL of Milli-Q water then 5 mL of 1 M 
NaOH (Univar, Australia) at approximately 20 mL/min, followed by >5 mL of Milli-Q water at 
approximately 10 mL/min.  The Chelex was then re-converted to the calcium form as 
described above. 
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Figure 2.1. Total (e.g. column influent) dissolved copper concentrations plotted against Chelex-labile Cu 
concentrations for Cu-spiked <0.45 µm water samples.  The copper complexation capacity () is determined 
from y = 0 of the equation of the linear regression line connecting the four points. 
 
The Chelex-labile fraction of metal was calculated as the difference between the sample 
influent and effluent.  The dissolved metal concentration of the original sample was 
determined by ICP-MS (Section 2.6.1).  The metal complexation capacity (CC) was calculated 
by plotting the Chelex-labile metal concentration versus the total dissolved metal 
concentration (spiked concentration plus the dissolved metal concentration of the sample) 
for the spiked sample solutions.  The CC is calculated as the x-intercept of the line of best fit 
as shown in Figure 2.1. 
 
2.3.9 Determination of alkalinity and total hardness  
 
The methods described by APHA (1998) were followed to determine alkalinity via titration.  
Briefly, a 0.05 N Na2CO3 solution was prepared after drying approximately 5 g of Na2CO3 at 
130°C for > 24 h before 1.75±0.2 g was transferred to a 500 mL volumetric flask and made up 
to volume with Milli-Q water.  A solution of 0.1 N H2SO4 was prepared from 1.4 mL of H2SO4 
(Merck, AnalR grade) in 500 mL of Milli-Q water.  The acid was then standardised by titrating 
with 40±0.1 mL 0.05 N Na2CO3 to an inflection point of pH 5.0 to determine normality (N) as 
described by Equation 2.2.  A magnetic stirrer bar was used during the titration to ensure 
solution was well mixed. 
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Equation 2.2. Normality (N) =  
 
where: A = mass of Na2CO3 in 1 L of Milli-Q water (g) 
 B = volume of Na2CO3 solution taken for titration (mL) 
 C= volume of acid used (mL) 
 
Once the normality of acid was calculated, 50±0.5 mL of sample was titrated with the 
standardised H2SO4 to an end point of pH 4.5 and alkalinity as mg CaCO3/L was calculated 
using Equation 2.3. 
 
Equation 2.3. Alkalinity, mg CaCO3/L =  
 
where A = volume standard acid used (mL) 
 N = normality of standard acid from Equation 2.2 
 
Total Hardness as mg CaCO3/L was calculated as Equation 2.4. using concentrations of 
calcium and magnesium obtained by ICP-AES analysis (Section 2.6.2) as per APHA (1998). 
 
Equation 2.4. Total Hardness as mg CaCO3/L = (2.457 x [Ca]) + (4.118 x [Mg]) 
 
where [Ca] and [Mg] are in mg/L 
2.3.10 Dissolved organic carbon and major ions 
 
Dissolved organic carbon (DOC) and major ions (Na, K, Ca, Mg, S) were determined on 
filtered (<0.45 µm water samples).  A high-temperature combustion method described by 
APHA (2005) was used for TOC.  Major dissolved ions were determined by ICP-AES as 
described by APHA (2005) and sulphur content reported as sulphate after conversion by the 
gravimetric factor. 
  
2. General Methods 
 57 
2.4 Sediment Samples 
2.4.1 Apparatus preparation 
 
All plasticware and glassware was cleaned by soaking in 10% (v/v) HNO3 (Merck Tracepur) 
for a minimum of 24 h followed by rinsing with copious quantities of Milli-Q water.  Nylon 
sieves used for sediment fractionation were soaked in 10% HNO3 (Merck Tracepur) for 
approximately 3 minutes and rinsed with copious amounts of Milli-Q water after each 
sample so that no visible sediment particles remained on the mesh. 
 
2.4.2 Sediment size fractionation 
 
Riverbed sediment samples (collected from the edge of the river flow and selected by their 
minimal grain size) were wet-sieved through a 63 µm Nylon mesh using Milli-Q water.  The 
sediment samples were stirred using a plastic spatula to ensure homogeneity and a sub-
sample of wet sediment was weighed (approx. 20 g) and transferred onto a 63 µm Nylon 
mesh screen (Sefar Filter Specialists, Australia) stretched onto a circular plastic sieve frame, 
held in place by a rubber ring.  Approximately 200 mL of Milli-Q water was used to pass the 
fine sediment through the mesh into a clean glass beaker (1 L).  Once the Milli-Q water being 
passed through the sieve was clear, the sieve was upended into another glass beaker (1 L) 
and Milli-Q was used to ensure all sediment was collected.  This sample reflected the coarse 
fraction of the sediment (hereafter referred to as >63 µm).  The sediment slurry which 
passed through the 63 µm sieve reflected the fine fraction of the sediment (i.e. the <63 µm 
fraction). 
 
The sediment slurries were individually filtered using a new 0.45 µm cellulose acetate 
membrane (Millipore) under vacuum within a Sartorius filter rig and the material retained on 
the membrane transferred to polycarbonate containers.  Wet sieving and filtration were 
favoured in order to obtain a fine, homogeneous sample and avoid potential artefacts 
arising from the binding of dry particles, which may report as larger particles when dry 
sieved. 
 
A 0.5 g (wet wt.; approximately 0.48 g dry wt./w post filtration) sub-sample of each fraction 
was transferred to a pre-weighed 30 mL polycarbonate vial, the weight of vial plus wet 
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sample recorded and placed in an oven at 110°C for >24 h, then the vial was re-weighed to 
determine the dry mass.  The total recoverable metals of each fraction was then determined 
(Section 2.4.3 below).  The remaining fractionated samples were stored at 4 °C in the dark 
prior to the digestion methods detailed below.   
 
A sub-sample of non-sieved, homogeneous sediment was also accurately weighed and 
transferred to a pre-weighed 30 mL polycarbonate vial and placed in an oven at 110°C for 
>24 h to dry for each sample.  This would enable the dry weight/wet weight (dw/ww) ratio 
to be determined as well as the bulk sediment total recoverable metals concentration.  The 
dw/ww ratio was used to determine the relative proportion of fine to coarse sediment 
present in each sample.   
 
2.4.3 Total recoverable metal (TRM) concentrations 
 
Oven-dried bulk, coarse and fine sediment fractions were transferred to acid- washed Teflon 
digestion tubes (MARS Xpress) and approximately 0.4 g digested following the method 
described for determining the total recoverable metals of the sample filter membranes in 
Section 2.3.7 above using the marine sediment CRM PACS-2 (National Research Council 
Canada) for QA/QC purposes.  Digested samples were analysed using ICP-AES (Section 2.6.2). 
 
2.4.4 Determination of acid-extractable metals (AEM - 1M HCl) 
 
Wet bulk, coarse and fine sediment fractions were accurately weighed (approx 0.3-0.5 g 
w/w) into 30 mL polycarbonate vials and 25 mL (25.3 g by weight) of 1 M HCL (Merck 
Tracepur) was added to each vial.  Following acid addition, the caps of the vials were 
screwed tight, the vials shaken vigorously and left to stand for 1 h at room temperature 
(24°C) and shaken twice during this period.  Following digestion, particulates were removed 
for analysis by filtration.  This used 25 mL syringes (Terumo) that were completely filled and 
>8 mL of the sample was filtered through an in-line, encapsulated 0.45 µm membrane filter 
(Sartorius Minisart High-Flow Sterile) to waste before 5 mL of the sample was filtered into a 
labelled, 30 mL polycarbonate vial.   Of the total sample number, 10% were blanks (1 M HCl 
only) and 10% were the PACS-2 CRM processed in the same manner.  Samples were diluted 
1:10 with Milli-Q water and analysed using ICP-AES (Section 2.6.2). 
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Cleaning validation of syringes used in digest filtration 
 
To determine concentrations of metals released from acid contact with the 25 mL syringe 
(Section 2.4.4), 1 M HCl (Merck Tracepur) was prepared and 25 mL passed through a syringe 
only and syringe and 0.45 µm filter membrane (Sartorius Minisart High-Flow Sterile), in 
triplicate and collected in 5 mL polycarbonate vials.  In each case, the acid was left in the 
syringe for >3 min prior to transfer to the 5 mL vial and for the syringe and filter membrane, 
5 mL of acid was filtered to waste and the remaining acid left in the syringe in contact with 
the filter for >1 min.  Triplicate blanks, consisting of 1 M HCl were also transferred to similar 
5 mL vials.  Analysis by ICP-MS revealed no significant differences (p<0.01) between the 
unfiltered Milli-Q blanks, filtered Milli-Q water blanks (syringe plus filter membrane), or 
syringe-only Milli-Q water blanks (passed through a syringe but not filter) for metal (As, Cd, 
Cu, Pb, Se and Zn) concentrations.  In all cases, metal concentrations were <0.5 µg/L.  It was 
therefore decided that, relative to dissolved metal concentrations arising as a consequence 
of sediment digestion in 1 M HCl, syringe washing prior to sample filtration was unnecessary. 
 
2.4.5 Determination of acid-soluble metals (ASM - 0.2% HNO3)  
 
Following methods described by Simpson et al. (2005), wet particulates (either fractionated 
bed sediments or whole, settled suspended sediments) were accurately weighed 
(approximately 0.2 g w/w) into a 30 mL polycarbonate vial and 15 mL of Milli-Q water added 
to each vial at room temperature (24 °C).  Samples were then spiked with 30 µL of 
concentrated HNO3 (Merck, Tracepur) and gently agitated for 5 min.  The samples were then 
filtered through a 0.45 µm membrane filter (Sartorius Minisart High-Flow Sterile) and the 
filtrate analysed using ICP-MS (Section 2.6.1). 
 
2.4.6 Enzyme-soluble metals  
 
To establish the potentially enzyme-soluble metal (ESM) concentrations of metals within the 
guts of benthic invertebrates (e.g. the freshwater river prawn Macrobrachium rosenbergii), 
samples were incubated in the commercially available enzymes pepsin and trypsin 
(analytical grade), which have been shown to be important proteolytic enzymes within the 
gastro-intestinal environment of this species (Chisty et al., 2009).   
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Reagent preparation 
 
Trypsin and acidified pepsin were prepared according to the method described by Turner 
and Olsen (2000).  Solutions of 0.15% (w/v) of trypsin (type II-S from porcine pancreas; 
activity=1300 BAEE units per mg solid) and pepsin (pepsin A from porcine stomach mucosa; 
activity=600 units per mg protein), both obtained from Sigma Chemicals Co., were prepared 
by dissolving 1.5 g enzyme in 1 L of Milli-Q water.  The 1 L pepsin sample was acidified to pH 
3 by the addition of 200 µL 50% HCl (Merck Tracepur; 50:50 HCl: Milli-Q water) and the 1 L of 
trypsin was adjusted to pH 7.6 by the addition of 250 µL 1 M NaOH.  The resulting solutions 
were then transferred into 250 mL Nalgene bottles and frozen at –20 °C until required for 
sediment incubation. 
 
Validation of method and reproducibility 
 
Turner et al. (2001) reported that metal release from sediment incubated in acidified pepsin 
over a period of 24 h was generally bi-phasic, with rapid (<2-3 h) release followed by a much 
slower release.  To further investigate this phenomenon for the current study, and to 
establish quality control figures for the method, the PACS-2 CRM was incubated in acidified 
pepsin and trypsin separately for 1, 3 and 24 h including blanks of enzyme with no CRM and 
controls of CRM in Milli-Q water acidified to pH 3 with 50% HCl (Merck Tracepur; 250 µL of 
50% HCl in 250 mL Milli-Q).   
 
The Association of Official Analytical Chemists approach was adopted for the digestion of the 
CRM sediment samples (AOAC, 1990).  To triplicate CRM samples of approximately 100 mg 
(dry wt.) in 50 mL centrifuge tubes (Greiner Bio-One), 15 mL aliquots of each reagent were 
added and the contents were left to digest for 1, 3 and 24 h on a lateral shaker at 50 rpm 
and 21°C (mean temperature of Lagaip River; personal communication with PJV) in a 
temperature-controlled cabinet.  After each allotted time, digested samples were drawn up 
into a 20 mL syringe (Terumo) and filtered through an on-line 0.45 µm membrane filter 
(Sartorius Minisart High-Flow Sterile) into 30 mL polycarbonate vials, with the first 5 mL of 
digest solution being filtered to waste.  Filtered samples were then acidified with 0.2% v/v 
HNO3 (Merck Tracepur; 20 µL of HNO3 to 10 mL filtered sample).  Samples were then 
analysed using ICP-AES (Section 2.6.2). 
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Results of separate enzyme incubation 
 
Analysis of the above CRM incubation resulted in an increasing release of As, Cd, Cu, Pb and 
Zn with time to 24 h, with the exception of the trypsin incubation, in which, no substantial 
release of Cd, Pb and Zn was detected (Figure 2.2).  Acidified pepsin released greater 
concentrations of all metals than Milli-Q water acidified to pH 3 demonstrating that 
enzymatic action enhanced metal release above acidic action alone.  These results 
demonstrate that it is important to determine the gastric residence time (GRT) of 
Macrobrachium species as Figure 2.2 demonstrates the differences between metals released 
after t=3 h and t =24 h, especially for copper. 
 
Sequential metal extractions of sediments using pepsin and trypsin 
 
The previous scenario, whilst utilising the digestive enzymes of M. rosenbergii, was not 
representative of the GI environment of the organism, where digestion is initiated by an acid 
protease (acidified pepsin) followed by a combination of action of alkaline proteases 
(predominantly trypsin) (Chisty et al., 2009).  Ingested particles were therefore subjected to 
a sequential incubation of pepsin followed by trypsin. 
 
The effect of a sequential digestion of particulates was investigated by incubating 100 mg of 
PACS-2 in 15 mL of 0.15% (w/v) pepsin for 6 hours before centrifuging the sample at 200 rpm 
for 1 min (SPINTRON GT-175 BR).  The supernatant was then drawn up into a 20 mL syringe 
(Terumo) and filtered through an on-line 0.45 µm (Sartorius Minisart High-Flow Sterile) into 
30 mL polycarbonate vials, with the first 5 mL of digest solution being filtered to waste.  To 
the remaining sediment, 15 ml of 0.15% trypsin was added and the sample returned to the 
lateral shaker at 50 rpm and 21°C for 18 h before being filtered and transferred to 30 mL 
polycarbonate vials as above.  Both 6-h and 18-h samples were acidified with HNO3 (0.2% 
v/v; Merck Tracepur) and analysed by ICP-AES (section 2.6.2). 
 
Table 2.3 shows that after 6 h, pepsin mobilised a considerable fraction of metals from the 
CRM in accordance with the results in Figure 2.2.  However, after the same CRM was 
incubated for a further 18 h with trypsin, far less metals were released relative to the pepsin 
incubation.  This suggests that the enzyme responsible for the dissolution of metals in the 
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gastric environment is acidified pepsin and as such, incubating particulate samples in 
acidified pepsin alone will yield a good pseudo-gut-soluble metal fraction of sediment 
ingestion.   
 
 
 
Figure 2.2. Metal available over time after incubation in pepsin (■), acidified Milli-Q (♦) and trypsin (▲). Error  
bars represent 1 standard deviation (n=3).  
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Table 2.3. Metals available from the CRM PACS-2 after sequential enzymatic incubation of 6 h with pepsin 
followed by 18 h with trypsin.  All concentrations in mg/kg ± 1 standard deviation (SD; n=3). 
Digest As Cd Cu Pb Zn 
 mg/kg 
6 h pepsin 5 ± 0.5 1.3 ± 0.2 53 ± 5 54 ± 10 138 ± 15 
18 h trypsin 1.5 ± 0.2 0 ± 0.1 1.8 ± 0.5 0.4 ± 0.4 13 ± 4 
 
The results illustrated that when sediment was incubated in pepsin, there was a continued 
release of metals up to 24 h.  Whilst it is highly unlikely that the gut residence time (GRT) of 
M. rosenbergii is longer than 24 h (PJV Environment Department, personal communication), 
further studies should attempt to quantify the GRT to establish an appropriate incubation 
period, therefore producing a more robust estimation of particulate gut-soluble metal 
concentrations (e.g. through the use of radiotracers). 
 
Pseudo-gut-soluble metals using 0.15% pepsin 
 
Following the above experiments and validations, the pseudo-gut-soluble metal 
concentrations of the sediment samples were incubated in the commercially available 
enzyme pepsin.  Pepsin was prepared as in Section 2.4.6 and acidified to pH 3 by the 
addition of 50% v/v HCl (200 µL 50% HCl in 1 L 0.15% pepsin).   Pepsin was added to wet 
sediments (at 0.2 g w/w per 15 mL 0.15% pepsin) and the sample agitated on a lateral shaker 
(50 rpm) at 21°C for 1 h.  The supernatant was then filtered through 0.45 µm cellulose 
nitrate membrane filters (Sartorius) and stored in polycarbonate vials until analysis by ICP-
MS (Section 2.6.1).   
 
2.5 Biota Samples 
 
Biota processed included prawn samples from the field (e.g. M. rosenbergii) and laboratory 
(e.g. M. australiense) and plant samples collected from the field (e.g. terrestrial and aquatic 
plants).  All prawns were depurated for at least 48 h prior to sacrifice to remove gut 
contents.  All biota samples were stored frozen (<-18°C) until processing.  Depending on the 
analyses, samples were either freeze-dried (e.g. for TRM; C:N stable isotopes) or analysed 
wet (e.g. ASM, ESM). 
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2.5.1 Prawn samples preparation 
 
Post-experimentation, prawns were transferred to a sealable plastic bag and sacrificed by 
cooling to 4°C for >3 h.  Samples were then rinsed thoroughly with Milli-Q water and 
measured for standard body length (length from end of the rostrum to end of the telson) 
and post-orbital carapace length (distance from the orbit to the posterior margin of the 
carapace) and weighed.   
 
Dissections were carried out on an acid-washed (10% HNO3 for >24 h) plastic chopping board 
with a scalpel, forceps and fine cutting scissors.  All instruments were rinsed thoroughly with 
Milli-Q prior to and between dissections, dried with lint-free cloths (Kimwipes®) and stored 
after being cleaned with 30% acetone.  
 
To identify internal metal concentrations and specifically metal storage and detoxification 
sites, organisms were dissected into two sections: firstly, the cephalothorax was removed 
from the abdomen by an incision between the posterior of the carapace and the anterior of 
the first pleura.  The cephalothorax contains the organism’s stomach and hepatopancreas, 
where the majority of metal detoxification and storage occurs whereas the abdomen, 
consisting predominantly of muscle tissue, often yields much lower metal concentrations 
(Reddy et al., 2006; Li et al., 2008; PJV, 2011).  Therefore, separating the cephalothorax from 
the abdomen will provide insights into metal detoxification and storage, and is standard 
practice for the PJV environmental monitoring program.  The exoskeleton, gastrointestinal 
tract (including anus) and ventral nerve cord were all removed to determine muscle tissue 
metal concentrations only. 
 
Organism whole cephalothoraxes and abdomens were rinsed thoroughly with Milli-Q post 
dissection, stored separately in labelled 30 mL polycarbonate vials and frozen immediately 
to <-18 °C.  Once frozen for >24 h, samples were weighed (to determine wet weight), freeze-
dried (Christ Alpha 1-2 LD) for a period of approximately 18 h and re-weighed (to determine 
dry weight) prior to HNO3 digestion as described below. 
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2.5.2 Total metal in biota tissue (Tissue TRM) 
 
Freeze-dried biota samples were transferred to acid-washed (see Section 2.3.7.1) MARS 
Xpress digestion tubes and approximately 0.1-0.4 g dry tissue digested (ensuring whole 
tissue was used e.g. whole cephalothorax or whole abdomen tissue).  The samples were 
accurately weighed (to 0.1 mg) in digestion tubes.  Next, 10 mL of concentrated HNO3 
(Merck, Tracepur) was added to each digestion tube in a fume cupboard, each tube was 
capped and weighed and allowed to stand for a pre-digestion period of approximately 18 h.  
Analysis also included 10% fish protein CRM DORM 3 (National Research Council Canada), 
10% duplicates and 10% HNO3 only as blanks for QA/QC purposes.    
 
Sample vials were heated in a MARS Xpress microwave by the following method:  High 
power (1600 W) was used throughout.  The temperature was ramped for 18 mins to 200 °C 
and held for 18 mins.  The tubes were then cooled through the system’s cooling program for 
30 mins.  The tubes were then re-weighed (in order to determine whether an event had 
occurred during digestion; a weight loss of > 1% resulted in the sample being considered 
compromised) and opened slowly in a fume hood and 15 mL of Milli-Q water added to each 
vial, resulting in a final digest volume of 25 ± 0.2 mL.  Digest vials were stoppered and 
capped and mixed well by inverting several times before being weighed to obtain a final 
digestion mass and left to settle overnight.  Approximately 20 mL of digest supernatant was 
then transferred to a 30 mL polycarbonate vial.  A random selection of samples was chosen 
to obtain digest densities in order to calculate final digestion volume.  A 1:6 dilution was 
then performed where 5 mL of Milli-Q water was accurately dispensed into pre-labelled 5mL 
ICP-MS vials and 1 mL of digest supernatant added before analysis using ICP-MS (Section 
2.6.1). 
 
2.5.3 C:N stable isotope analysis 
 
All prawns were depurated for at least 24 h prior to sacrifice to remove gut contents.  Frozen 
prawn samples were individually dissected on a frozen, plastic chopping board using a 
Teflon®-coated blade.  An incision was made between the posterior of the cephalothorax 
and the anterior of the 1st abdominal segment to separate the abdomen from the carapace.  
The abdomen exoskeleton, telson, pleopods and uropod were removed using stainless-steel 
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forceps rinsed with carbon-free Milli-Q water (CF- MQ).  The still-frozen abdomen was briefly 
rinsed in CF-MQ, transferred to a clean amber glass bottle with a Teflon® coated lid lined 
with aluminium foil and immediately frozen.  The chopping board was rinsed with CF-MQ, 
wiped with a lint-free tissue and rinsed again with CF-MQ prior to use and between each 
sample.  Samples were freeze-dried for >18 h (Christ Alpha 1-2 LD), with sample weights 
being recorded prior to and following drying to determine moisture content.  Sediment 
samples were fractionated using a stainless-steel 63 µm sieve and a small volume of CF-MQ.  
Slurries were transferred to clean glass beakers and air-dried (55 °C).  Dried samples (prawn, 
plant and sediment) were ground, homogenised and weighed into tin cups (Elemental 
Microanalysis Ltd., Okehampton, UK) for analysis.  Samples were analysed for 13C and 15N 
using a Carlo Erba NA1500 CNS analyser interfaced via a Conflo II to a Finnigan Mat Delta S 
isotope ratio mass spectrometer operating in the continuous flow mode.  Combustion and 
oxidation were achieved at 1090°C and reduction at 650°C. Samples were analysed at least 
in duplicate.  Results were presented in standard  notation:  
 
 
 
where R = 13C/12C or 15N/14N.  Nitrogen standards (IAEA N3) and carbon standards (NBS 22) 
were run every 12 samples with a recovery of 100 ± 1% of certified values.  The 
reproducibility of the stable isotope measurements was ± 0.2‰ for carbon and ± 0.5‰ for 
nitrogen. 
 
2.5.4 Sample collection 
 
M. rosenbergii were caught using baited box traps from Kukufionga, an oxbow lake 
connected by a tie channel to the Strickland River, Papua New Guinea.  A total of 12 prawns 
was depurated in aerated river water for 48 h prior to being frozen at <-18°C.  Surface (<5 
cm) bed sediment samples were collected from the same oxbow, transferred to plastic bags 
using an acid-washed (a-w) plastic spoon and cooled (approx. 6 °C) for <10 h preceding kept 
at <4°C until sub-sampling.  Plant samples including terrestrial and aquatic leaves and 
epiphytic algae were collected using clean room gloves from the side of an aluminium dinghy 
at various sites within the middle and lower Strickland River.  Samples were rinsed in river 
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water and transferred to sealable plastic bags and stored cool prior to being frozen.  This 
was sufficient to remove the majority of non-plant particles. 
 
2.5.5 Sample preparation 
 
Frozen prawn samples were individually dissected on a frozen plastic chopping board using a 
Teflon® coated blade.  An incision was made between the posterior of the cephalothorax 
and the anterior of the 1st abdominal segment to separate the abdomen from the carapace.  
The abdomen exoskeleton, telson, pleopods and uropod were all removed using stainless 
steel forceps, rinsed with CF-MQ, and discarded.  The still-frozen abdomen was briefly rinsed 
in CF-MQ, transferred to a clean amber glass bottle with a Teflon® -coated lid and then 
frozen.  The chopping board was rinsed with CF-MQ, wiped with a Kimwipe tissue and rinsed 
again with CF-MQ prior to use and between each sample. 
 
Frozen plant samples were individually processed on the same board using a Teflon® -coated 
blade.  Sub-samples were transferred to similar glass amber bottles using stainless forceps, 
the lids tightened and samples returned to the freezer.  Original samples were returned to 
sealable plastic bags and frozen prior to metal analyses.  Care was taken while treating 
prawn and plant samples to minimise time outside of the freezer. 
 
Samples were freeze-dried for >18 h (Christ Alpha 1-2 LD), with sample weights being 
recorded prior to and following drying to determine moisture content.  Finally, aluminium 
foil was used to cover the top of each glass vial and the lid closed tightly in order to minimise 
contamination from the Teflon® lid during sample transport. 
 
Sediment samples were fractionated using a stainless-steel 63 µm sieve and a small volume 
of CF-MQ.  Slurries were transferred to clean glass beakers and air-dried <60°C.  Dried 
samples were transferred to amber glass vials, capped with aluminium foil as above.  
Samples were analysed at the CSIRO Marine and Atmospheric Research laboratory in 
Hobart, Tasmania 
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2.5.6 Plant samples preparation and analysis 
 
Plants were cut into 1 cm2 subdivisions using a Teflon-coated razor blade and a plastic 
chopping board.  The pieces were subsequently sectioned at random into 3 aliquots for 
metal analyses.  The procedure for determining TRM as described above in section 2.4.3 was 
performed using approximately 0.3 g w/w of each sample.  ASM and ESM concentrations of 
plant samples were determined following the procedures detailed in Sections 2.3.5 and 2.3.6 
respectively using approximately 0.3 g w/w of each sample. 
 
2.6 Analytical Instrumentation 
2.6.1 Inductively coupled plasma mass spectrometry (ICP-MS) 
 
The ICP-MS used for analysis of elements in water or sediment/biota digests was an Agilent 
7500 CE with integrated autosampler, octopole reaction system and quadrupole sequential 
mass filter.  The system was operated in hydrogen, helium and no-gas modes.  The ICP-MS 
was situated in a Class 300 clean room with operators wearing overshoes, gowns and 
hairnets to minimise contamination.  Each analytical run was calibrated using twelve 
standards prepared by serial dilution of a multi-element stock solution prepared from single 
element standards in acid matrices depending on the elements of interest and acid matrix of 
the samples respectively.  In general, a 10 µg/L calibration standard was analysed after every 
10 samples in order to check for instrument drift (if >10% drift occurred, results were 
corrected; if >20% drift occurred, the issue was investigated, rectified and the sample batch 
reanalysed). 
 
Four standard blanks consisting of acidified Milli-Q  water (% HNO3 Merck Tracepur matched 
to sample acid matrix) were also analysed as calibration blanks and used to determine run-
specific analysis LODs (calculated as 3 times the standard deviation of calibration blanks).  An 
internal standard (consisting of 100 µg scandium/L, and 20 µg/L each of yttrium, indium, 
lutetium, germanium, holmium, thallium and bismuth) was also employed for water 
analyses and certain sediment/biota digests to correct for instrument drift and physical 
interferences.   
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ICP-MS quality QA/QC 
 
All sample batches analysed via ICP-MS included 10% standard additions to check for matrix 
interferences.  Duplicate aliquots of the same sample solution of the same volume were 
analysed: one with no addition and one with the addition of 200 µL (to a 5 mL sample) of the 
highest matrix-matched calibration standard.  One calibration blank was also prepared in the 
same manner and the spike recovery calculated as in Equation 2.5. 
 
Equation 2.5: % spike recovery = 
-
-
 
 
where Ss = Sample + spike, S = sample, CBs = calibration blank + spike, CB = calibration blank.  
Spike recoveries outside the range 90-110% were investigated and the sample batch 
reanalysed if appropriate. 
 
Each sample batch (water or sediment/biota digestion) also included 10% method blanks 
where Milli-Q water or digestant was processed in exactly the same manner as the samples 
and analysed resulting in an estimate of contamination due to the individual method.  A 
minimum of three method blanks were analysed for all methods and the method limit of 
detection (LOD) represented by 3 times the standard deviation of the method blanks.  As 
mentioned in procedures above, methods also included the processing and analysis of CRMs.  
Resulting values for CRMs were checked against control limits set by certifying authority and 
samples reanalysed if outside acceptable ranges. 
 
2.6.2 Inductively coupled plasma atomic emission spectrometry (ICP-AES) 
 
The ICP-AES (also referred to as inductively coupled plasma optical emission spectrometry: 
ICP-OES) instruments used were a Spectro Ciros CCD, with a spectrometer based on a 
Paschen Runge arrangement with Charge Coupled Device (CCD) optical detector (covering 
the wavelength range of 175-770 nm) and a Varian 730ES, with a spectrometer based on a 
Echelle arrangement with CCD optical detector (covering the wavelength range of 167-785 
nm).  The procedures for calibrating the ICP-AES were similar for the ICP-MS (Section 2.6.1), 
although 5 calibration standards were used for the Spectro Ciros and 9 for the Varian 730 ES 
and were generally in the mg/L range and acidified to match the acid concentrations of the 
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samples being analysed.  The QA/QC procedures discussed in Section 2.6.1.1 were 
conducted for all ICP-AES analyses. 
 
2.7 Evaluating Serum-Sorbitol Dehydrogenase (s-SDH) Activity 
 
s-SDH activity was evaluated according to the method of Webb and Gagnon (2007).  All 
chemicals were obtained from Sigma.  Each prawn abdomen was individually thawed, peeled 
and the hind gut and ventral nerve removed.  The abdomen tissue was then weighed before 
a homogenising buffer was added to the tissue at a ratio of 1:4 (weight of tissue:weight of 
buffer).  The homogenising buffer was made up in Milli-Q water (Millipore) using a trizma 
base [(Tris[hydroxymethyl]aminomethane: 0.1 M), EDTA (Ethylenediaminetetra acetic acid: 1 
mM), PMSF (Phenylmethylsulfonyl Floride: 1 mM)].  The homogenising buffer was adjusted 
to pH 7.5 with HCl.  The tissue and buffer were homogenised at high shear (Heidolph Diax 
900).  The sample was then centrifuged at 3000 rpm for 10 minutes at 10 °C.  50 μL of the 
supernatant, which constituted the serum, was transferred to a cuvette and the remainder 
of the supernatant was placed in a cryovial and stored at -80°C.  450 μL of NADH solution 
(0.15 mM β-NADH in 0.1 M Tris buffer at pH 7.5) was added to the cuvette containing the 
serum and the sample was incubated for 10 minutes at room temperature (21 °C) to allow 
for the reaction of the keto acids in the homogenate.  100 μL of Fructose solution (4 M in 
Milli-Q) was then added to the cuvette to initiate the Fructose↔Sorbitol reaction.   
 
The solutions were mixed by inverting the cuvette and the decrease in absorbance (∆A) was 
immediately determined over 1 min at 340 nm using a spectrophotometer (Pharmacia 
Biochrom 4060).  One s-SDH control (1 µL SDH with 500 µL NADH and 100 µL Fructose) was 
run every ten samples as a QA check.  s-SDH activity was determined using Equation 2.6: 
 
Equation 2.6: -  
 
where s-SDH activity is reported in milli-International Units (mU), ∆A/min is the decrease in 
absorbance recorded per minute, V1 is the reaction volume (0.6 mL), ANADH is the micromolar 
absorptivity of NADH at 340 nm (0.00622) and V2 is the sample volume (0.05 mL). 
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Differences in individual’s bioaccumulated cadmium and s-SDH concentrations were 
analysed using a one-way ANOVA.  Residuals were assessed using D’Agostino’s tests for 
skewness, kurtosis and omnibus normality (D'Agostino and Belanger, 1990) and a modified-
Levene Equal Variance test to assess homogeneity of variance (Levene, 1960).  Where these 
tests were rejected, appropriate data transformations were conducted (log transformed: 
Sokal and Rohlf, 1995).  In cases where the data remained heteroscedastic, the level of 
significance was set at p<0.01.  All ANOVAs were performed using NCSS v7.1.3 (NCSS, 
Kaysville, Utah). 
 
2.8 Radioisotope Analysis  
 
Gamma emissions from 109Cd sources were determined using a LaBr spectrometer (Canberra 
InSpector 1000) at 88 keV using varying count times (from 100 to 1200 seconds) to ensure 
counting error was <5%.  Twice daily checks were made using a 109Cd standard (Isotope 
Products Laboratories, Valencia, California).  Detector energy calibrations were conducted 
weekly using 137Cs at 662 keV and detector efficiency calculations were carried out with the 
same frequency using a sealed radioactive source with comparable geometry to samples 
(Eckert & Ziegler).  
 
2.8.1 Reproducibility of live prawn radioanalysis and half-life corrections 
 
The reproducibility of prawn radioanalysis was determined with the following methods:  To 
account for prawn movement within the counting vial (a 50 mL centrifuge tube – see 
Chapter 6) a prawn was left in the detector untouched and radioanalysed three separate 
times with an activity relative standard deviation (RSD) of 5%.  To account for prawn 
movement and orientation/position of the prawn over the detector, an active prawn was 
radioanalysed, removed from the detector, walked to the exposure lab and back, replaced 
within the detector and re-analysed.  This procedure was performed three times with 
resulting count RSD of <10%. 
 
As 109Cd has a half life of approximately 462 days and the longest exposure was less than 22 
days, the activities of prawns were not corrected for decay during each experiment.  This 
lack of decay correction was also justified by the fact that the errors inherent in the 
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radioanalysis of live organisms (e.g. inconsistent geometry between radioanalysis for the 
same prawn at different times) outweighed the reduction in prawn radioactivity between 
the start and finish of an exposure due to radioisotope decay. 
 
2.8.2 Sample geometry checks 
 
Accurate radioanalysis of active samples depends on maintaining the same sample geometry 
between samples and the same position on the detector.  This is more important when 
attempting to radioanalyse a moving object such as a radioactive prawn.  To this end, an 
experiment was carried out to quantify the differences in sample position on the detector 
and sample geometry. 
 
To investigate the effect of a sample placed in different positions on the detector (or for 
prawns that move from the centre to the outside of the detector during counting), a 109Cd 
standard was placed in the centre of the detector and the outside of the detector in cardinal 
positions.  To investigate the effect of sample geometry on recorded activity, a 5 mL sample 
of active 109Cd solution was radioanalysed in four different size vials. 
 
Figure 2.3 shows the difference in counts for the 109Cd standard in five different positions on 
the detector.  The effect of source location substantially affected the measured activity.  It 
was therefore decided that samples must be positioned as close as practically possible to the 
centre.   
 
 
Figure 2.3. Differences in activity of a 
109
Cd source placed at different locations on the LaBr detector.  Values 
shown as % activity at the centre.   
 
The effect of sample geometry of active solutions on measured activity is shown in Table 2.4.  
The same active solution gave very different measurements of activity depending on the 
surface area apparent to the detector.  For example, when the sample was counted upright 
 
100% 
64% 
69% 
70% 
62% 
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in a 5 mL vial (small diameter and therefore caused the majority of the solution to form a 
column) and then transferred to a 70 mL vial (with a diameter at least three times greater 
than that of the 5 mL vial) the counts increased 164%.  Interestingly, when the sample was 
transferred to a 250 mL vial (the same diameter as the detector), the measured activity 
decreased, possibly due to the loss of radiation over the edges of the detector or that the 
inorganic crystal within the detector was of a smaller diameter than the detector housing. 
 
Table 2.4. The effect of sample geometry (e.g. change of effective surface area apparent to the detector) on 
measured activity for the same 5 mL sample of active solution.  All measurements were obtained with the vial 
located above the centre of the detector. 
Geometry Counts/s 
5 mL vial (upright) 25 
5 mL vial (flat on side) 37 
30 mL vial 37 
70 mL vial 41 
250 mL vial 32 
 
These results indicated that when using a scintillation counter to detect ionizing radiation, it 
is very important to maintain the sample position on the detector and sample geometry 
throughout an experiment to reduce any associated errors and to preserve consistency of 
the data. 
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Chapter 3: Trace Metal Concentrations and 
Partitioning in the Highly Turbid Porgera and 
Lagaip Rivers, Papua New Guinea 
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Abstract 
 
Mine-derived metals in both dissolved and particulate forms enter the Porgera River in the 
central highlands of Papua New Guinea.  These waters mix with waters of the larger, highly 
turbid Lagaip River and undergo dilution by a large number of tributaries during their 
passage to the lowlands after the Lagip River joins the Ok Om to form the Strickland River, 
some 165 km downstream.  Analyses of waters, suspended solids and deposited sediments 
collected using ultratrace metal sampling procedures were made to assess the 
concentrations and partitioning of metals within the river system.  The maximum dissolved 
metal concentrations occur at the uppermost Porgera River site and were 2.7 μg As/L, 0.6 μg 
Cd/L, 3.1 μg Cu/L, 0.1 μg Pb/L, 0.3 μg Se/L and 25 μg Zn/L.  Throughout the river system the 
majority of dissolved copper and lead were determined to be non-labile and likely to be 
complexed by naturally occurring organic ligands, while dissolved cadmium and zinc were 
predominantly present as dissolved inorganic species.  Particulate metal concentrations 
were similar in the sediments and suspended solids (TSS), with maximum concentrations of 
360 mg As/kg, 8.5 mg Cd/kg, 93 mg Cu/kg, 740 mg Pb/kg, 11 mg Se/kg and 1200 mg Zn/kg.  
While both dissolved and particulate metal concentrations decreased rapidly with distance 
from the mine due to dilution from major tributaries, below the junction of the Porgera and 
Lagaip Rivers (after 42 km), aqueous metal concentrations of Cd, Cu and Zn did not 
appreciably change with increasing dilution.  The low metal concentration in the tributaries 
indicated that this was likely due to metal release from metal-rich particulates. 
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3.1 Introduction  
 
The Porgera Joint Venture (PJV) gold mine, located in the highlands of Papua New Guinea, 
discharges tailings from the mill into the Porgera River and contributes to the sediment load 
of the river with two erodible dumps (comprised of incompetent waste rock from the mine).  
The Porgera River flows into the Lagaip River (approximately 40 km downstream of the 
mine) and eventually merges with the Ok Om to form the Strickland River (165 km 
downstream).  The Strickland River is a highly turbid (> 750 mg/L suspended solids) tropical 
river, which flows for approximately 455 km into the Fly River and ultimately into the Gulf of 
Papua, 900 km downstream of the Porgera mine (Fig. 3.1). 
 
Within the upper Lagaip River system, biological monitoring has detected significant 
bioaccumulation of metals in the freshwater prawns Macrobrachium handschini relative to 
reference sites, with greater bioaccumulation evident closer to the Porgera River.  In the 
Strickland River there was little evidence of mine-derived metal inputs, with dissolved 
concentrations of arsenic, cadmium, copper, lead and zinc in the low parts per billion (ppb, 
µg/L) range and particulate metals in bed sediment and suspended solids in the low parts 
per million (ppm, mg/kg) range (PJV, 2011).  Biological monitoring of the Strickland River has 
detected increased bioaccumulation of metals in M. rosenbergii in the Strickland River and 
its floodplain (PJV, 2011).  In contrast to the available water and sediment quality data, 
tissue arsenic, cadmium and lead concentrations in the prawns were significantly elevated 
relative to reference sites at nearby tributaries, suggesting a mine-derived effect. 
 
When considering metal accumulation in the aquatic environment, it is important to 
understand the partitioning of metals between the aqueous and particulate phases, as an 
organism can accumulate metals via ingestion (particulate phase) or via the gills (aqueous 
phase) through respiration of via other body surfaces.  Regarding accumulation via the 
aqueous phase, it is predominantly the free metal ion (e.g. M2+) and labile metal species (e.g. 
metals weakly bound to ligands that are able to dissociate and contribute to the free metal 
ion concentration) that will be available for biological uptake from solution.  This mechanism 
has been described by the free ion activity model (FIAM) (e.g. Meyer et al., 1999; 
Slaveykova, 2007; Bradac et al., 2009; Ryan et al., 2009) and the biotic ligand model (BLM; 
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Pagenkopf, 1983).  Based on these models, it is important to determine the concentration of 
labile metal in order to predict bioaccumulation.  
 
While dissolved metals are more bioavailable than particulate metals, the concentrations are 
also usually much lower in waters (typically low µg/L) than in particulates (low mg/L).  A 
growing body of evidence suggests that uptake of metals via ingestion and digestion can be 
more significant for aquatic invertebrates than via water (Chen and Mayer, 1998; Chen and 
Mayer, 1999; Croteau and Luoma, 2008; Croteau and Luoma, 2009).  To assess the 
bioavailability of metals on particulates, most methods have targeted the ‘exchangeability’ 
in dilute acids, e.g. 1 M HCl (Snape et al., 2004) or 0.2% HNO3 (Simpson et al., 2005), or with 
metal-complexing agents such as EDTA (Bermond et al., 2005; Vasile and Tanase, 2008).  less 
common, but highly relevant, is the use of gastro-intestinal fluids extracted from deposit 
feeders (Chen and Mayer, 1998; Turner, 2006) or chemical surrogates such as pepsin  
(Turner et al., 2001; Li et al., 2008) that aimed to mimic the extraction occurring in gut fluids.  
Christy et al. (2009) have identified and partially characterised proteolytic enzymes in the 
digestive system of M. rosenbergii.  The study reported that protein digestion in the prawn is 
initiated by an acid protease (most likely pepsin) at around pH 3, which will potentially 
liberate metals from readily soluble fractions of ingested sediments.  Sequential extraction 
procedures, such as that developed by Tessier et al. (1979), have frequently been applied to 
estimate associations of metals with different sediment phases.  All of the above techniques 
are operationally defined and highly dependent on the extractant and the extraction kinetics 
(Bacon and Davidson, 2008).   
 
This study assessed the concentrations and partitioning of arsenic, cadmium, copper, lead 
and zinc between waters, suspended solids and sediments in the Lagaip River system.  The 
complexation by organic ligands was assessed using a rapid Chelex-resin technique (Bowles 
et al., 2006) to determine a labile and potentially bioavailable fration, and inorganic 
speciation estimated by geochemical modelling.  A range of extraction techniques were used 
to investigate the exchangeability of metals from the bed sediment and suspended sediment 
particles.  The major processes influencing the metal concentrations and partitioning were 
identified and the results discussed in terms of potential sources of metals to organisms 
within the river system 
  
 
 
 
Figure 3.1.  Map of PJV mine, Lagaip River (which runs from Upper Lagaip to SG3) and the Strickland River, PNG.  Sampling sites mentioned in the text are labelled. 
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3.2 Methods 
3.2.1 Sample collection and field processing 
 
High-purity acids (Tracepur, Merck, Darmstadt, Germany) were used for sample acidification, 
washing of bottle and filters.  All plastic ware was acid-washed by soaking for >24 h in 10% 
v/v HNO3, then rinsing with copious amounts of deionised water (18 MΩ/cm, Milli-Q, 
Millipore, Academic Water System, Sydney, Australia) before drying in a laminar-flow 
cabinet (Clyde-Apac, HWS Series) prior to use.  All chemicals used were analytical reagent 
grade or equivalent purity.   
 
Water, suspended sediment and surface (0-2 cm) sediment samples were collected from 
sites in the Lagaip River and its tributaries, Enga Provence, Papua New Guinea, in August 
2009 (Fig. 3.1).  The sites consisted of six main river locations downstream of the mine within 
the Porgera and Lagaip Rivers, and six reference tributaries, one in the Lagaip River 
upstream of the Porgera River, two upstream of the mine (Pongema and Kaia) and three 
tributaries of the Lagaip River further downstream (Upper Lagaip, Pori and Ok Om).  During 
the sampling period, an unusual shut-down of the mine mill occurred for three days, 
resulting in no tailings being discharged for that period.  Opportunistic sampling of sites 
previously sampled was subsequently conducted to determine metal speciation differences 
between periods of the mill being in operation and out of operation.  
 
A “clean hands – dirty hands” approach was used during sampling to minimise 
contamination (Allen, 2000) and powder-free gloves were used at all times.  To collect water 
samples the acid-washed bottles were removed from their plastic bags and rinsed with the 
site river water three times prior to sample collection.  The bottles were returned to the 
plastic bags, and double bagged.  All samples were collected in triplicate and field blanks 
were prepared by transferring Milli-Q water to a sample bottle at 15% of sites.  Samples 
were returned to the lab and were processed in a laminar-flow cabinet within two hours of 
collection.  Prior to sample filtration, the unit was loaded with a 0.45 µm membrane filter 
(Millipore HA, mixed cellulose esters) housed in polycarbonate filter units (Sartorius) and the 
rig was cleaned by filtering 100 mL 10% HNO3 (Merck, Tracepur), followed by two lots of 150 
mL Milli-Q water using vacuum pump (Millipore) to assist the water flow.  A total of 2.5 L of 
water was filtered from each site.  Sample filtrate was then collected in separate containers 
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for dissolved metal (dM), dissolved organic carbon (DOC – to provide information on 
potential metal-organic complexes), alkalinity, major ions and labile metal analyses.  Samples 
of dM and DOC were preserved with 0.2% HNO3 v/v and 0.4% H2SO4 v/v respectively.  All 
sample bottles and containers were stored in plastic bags and refrigerated in the dark. 
 
To determine total suspended solids (TSS), sample bottles were shaken prior to filtration 
through a pre-weighed 0.45 µm membrane filter, the volume of sample filtered was 
recorded. The filter and retained solids were transferred to a holding container and later 
dried at 60°C for 96 h until a consistent dry weight was reached.  The TSS mass was then 
determined by drying and reweighing the membrane three times to obtain an average dry 
weight) subtracting the membrane weight prior to filtration and the volume of water sample 
filtered was then used to calculate the TSS concentration.  Three 5 L carboys were used to 
collect additional TSS at each site and the contents allowed to settle for 16-24 h before the 
overlying water was decanted to waste and the remaining solids consolidated into a single 
container and stored below 4°C in the dark.  All samples were couriered back to Sydney in 
insulated containers containing ice bricks.  Samples were then stored below 4°C in the dark 
until analysis. 
 
Surficial (0-2 cm) sediment samples were collected using an acid-washed nylon spoon and 
placed into two sealed plastic bags.  The nylon spoon was rinsed in river water at each site to 
remove any particulates prior to collecting each sample.  Surficial sediment samples and 
unpreserved water samples were stored below 4°C in the dark.   
 
3.2.2 Water analysis 
 
Acidified water samples were analysed for dM via inductively coupled plasma mass 
spectrometry (ICP-MS) (Agilent 7500 CE) against matrix-matched standards, using an internal 
standard to correct for instrument drift and physical interferences.  Alkalinity (automated 
titration), DOC (high-temperature combustion method) and major ions (inductively coupled 
plasma optical emission spectrometry; ICP-AES) were established from filtered (<0.45 µm) 
water samples (APHA et al., 2005) (see Chapter 2). 
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3.2.3 Labile metal analyses and complexation capacity 
 
To determine the concentration of labile metals and the metal complexation capacity (CC), 
the method developed by Bowles et al. (2006) was used and analyses were carried out in a 
Class-100 clean room.  The method is described fully in Chapter 2, but briefly sub-samples of 
filtered river water were spiked with target metals (Cd, Cu, Pb and Zn) and, along with un-
spiked samples, were passed through a column containing Chelex-100 resin at a precise flow 
rate.  The metal concentrations were determined by ICP-MS and the Chelex-labile fraction of 
metal was calculated as the difference between the sample influent and sample effluent 
concentrations.  The CC was established by plotting the Chelex-labile metal concentration 
versus the total dissolved metal concentration for the series of spiked samples.  The CC was 
calculated as the x-intercept of the line of best fit.  Method QA/QC consisted of running an 
inorganic copper solution at the beginning of each sample batch and a Cu-NTA solution that 
contained 14% Chelex-labile copper at the end of each batch.   
 
3.2.4  Total and soluble particulate metal analyses 
 
The surficial bed sediments were wet-sieved through a 63 µm nylon mesh (Sefar Filter 
Specialists, Australia) with the aid of a small volume of Milli-Q water.  Excess water was 
removed from both the resulting fine (<63 µm) and coarse (>63 µm) fractions via filtration 
through a 0.45 µm mixed cellulose filter (Whatman) under vacuum in a Sartorius filter rig.  
Sub-samples of fractionated sediments were then dried at 110°C for 4 d before total 
recoverable metals (TRM) analyses.  The acid soluble metal analyses were carried out using 
un-dried samples as both air-drying or freeze-drying have been found to incur significant 
artefacts during partial or sequential digestion (Turner, 2006).  For TSS and mine tailings 
samples, this comprised of bulk samples collected following settling of the waters, with the 
moisture content determined on a sub-sample of each material. 
 
TRM concentrations were determined following digestion of the solids in reverse aqua regia 
(3:1, HNO3:HCl) assisted by microwave heating (MARS Xpress).  The metal concentrations in 
the digested samples, blanks and reference materials were analysed by ICP-MS.  Sample 
blanks (Milli-Q water filtered in the same manner as samples), new filter membranes, acid 
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blanks and the CRM PACS-2 (National Research Council Canada) were processed using the 
same method to check analytical quality.   
 
To provide information on particulate metal exchangeability, three extractions were 
undertaken: (i) dilute acid-extractable metals (AEM, 1 h in cold 1-M HCl) (Linge, 2008); (ii) 
acid-soluble metals (ASM, 5 min in cold 0.2 % v/v HNO3, Simpson et al., 2005); and (iii) 
enzyme soluble metals (ESM, 6 h agitated in 0.15 % w/v pepsin at pH 3; pepsin A , Sigma 
Chemicals Co., as per Turner and Olsen, 2000).  The AEM and ASM extractions targeted the 
metals bound by hydroxides and carbonates, with AEM being stronger extraction than ASM, 
and the ESM extraction targeted metals that would be expected to be liberated and/or 
complexed by enzymes present within an invertebrate’s gut.  The supernatant from each 
extraction was immediately filtered through a 0.45 µm cellulose nitrate membrane 
(Sartorius Minisart) and stored in polycarbonate vials until analysis by ICP-MS.    Blanks 
consisting of each reagent alone were also analysed. 
 
3.3 Results and discussion 
3.3.1 QA/QC Results 
 
The certified reference material TM 28.3 (Environment Canada) was analysed along with 
water samples and recovery was within 10% of certified values.  Standard-additions were 
conducted on 10% of the samples to check for matrix interferences and sample recoveries 
were within 10% of the blank recoveries.  Duplicate analyses were performed on 10% of the 
samples and achieved % Relative Standard Deviations (RSDs) of <15%.  Analytical limits of 
detection (LOD) for metals in water samples were calculated as 3 times the standard 
deviation of four acidified- Milli-Q blanks and were 20 ng As/L, 5 ng Cd/L, 6 ng Cu/L, 5 ng 
Pb/L and 130 ng Zn/L.  Labile metal analysis QA/QC checks returned recoveries within the 
acceptable method criteria (Bowles et al., 2006) for both the inorganic copper solution and 
the Cu-NTA solution. 
 
Solid-phase metal analysis QA/QC were within limits with recoveries of the CRM PACS-2 
within 10% of certified values.  Reported concentrations of solid-phase metals for field 
samples were ten-times greater than the method, filter and acid blanks.  For the total 
extractable and acid soluble particulate metal analyses, duplicates of all extractions were 
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found to produce relative standard deviations (RSDs) of <10, <10, 5-15 and 10-20% for TRM, 
AEM, ASM, and ESM respectively.  Field samples were at least five-times greater than the 
reagent blanks. 
 
3.3.2 Dissolved metals 
 
Dissolved metal concentrations (dM), shown in Table 3.1, were low with most 
concentrations at reference sites at the limit of reporting (LOR).  Sites downstream of mine-
derived inputs showed an expected trend of dilution of d[M] with increasing distance from 
the mine, with a marked decrease in concentrations between SG1 (upper Porgera River) and 
SG2 (below the confluence of  Lagaip and Porgera rivers) due to dilution from tributaries of 
the Porgera River and the Upper Lagaip River.  Concentrations of dissolved As, Cd, Cu, Pb, Se 
and Zn at and downstream of SG2 were at least one order of magnitude less than the 
hardness corrected (80 mg/L as CaCO3) PNG water quality criteria (ECP, 2000) for aquatic life 
in freshwater (50 μg As/L, 0.7 μg Cd/L, 6.5 μg Cu/L, 1.3 μg Pb/L, 5 μg Se/L and 180 μg Zn/L).  
Dissolved metals of samples collected during mill non-operation are discussed later (Section 
3.3.9). 
 
For the majority of sites, the total dissolved metal concentrations measured during mill 
operation were well below the median concentrations reported in monitoring data collected 
by PJV between 2004 and 2008 (PJV, 2011) (Supporting Information Table S3.4).  The 
reduction in dissolved metal concentrations in the river systems was possibly due to the 
introduction of a cyanide destruction plant in December 2008.  This process, which oxidises 
both free cyanide (CN) and weakly complexed cyanide (e.g. weak-acid dissociable cyanide) to 
the less toxic cyanate (CNO) at high pH, is expected to destroy metal-cyano complexes, and 
the released metals are precipitated at high pH as metal hydroxides, thereby reducing 
aqueous metal concentrations (Robbins, 1996).  Indeed, PJV’s 2009 dissolved metals data 
(Table S3.4, PJV, 2011) also reflected this decrease in dissolved metal concentrations 
downstream of the mine. 
 
Between SG2 and SG3 (approximately 123 km), the concentrations of dissolved As, Cd, Cu, 
Pb and Zn did not appreciably decrease (Fig. 3.2), although the flow of the river increased 
substantially (increase of daily mean flow from 200 to 750 m3/s; Fig. 3.2a).  This suggested 
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that there may have been a constant release of metals into solution from suspended 
particulates, as the in-river concentrations were elevated above background levels as 
evidenced by Fig. 3.2.  Therefore, this could be a potential mechanism for providing the 
Strickland River with a source of metals.   
 
Table 3.1. Dissolved metals/metalloids and alkalinity of water samples collected in the Porgera and Lagaip 
Rivers and tributaries, August 2009
a
.   
  
  Distance from tailings 
discharge, km 
Metals/metalloids, µg/L Alkalinity, 
mg/L 
  
Site As Cd Cu Pb Se Zn 
R
ef
er
en
ce
 (
tr
ib
u
ta
ri
es
) 
Pongema -3 0.1 <0.03 0.4 <0.01 0.1 <0.2 110 
Kaia -8 0.3 <0.03 0.5 0.11 0.16 0.3 36 
Lagaip 30 0.5 <0.03 0.7 0.04 0.13 <0.2 76 
Pori 110 0.3 <0.03 0.6 0.07 0.08 <0.2 74 
Logyotu 116 0.3 <0.03 0.5 0.06 0.07 <0.2 82 
Ok Om 143 0.6 <0.03 0.5 0.08 0.12 <0.2 35 
M
ai
n
 r
iv
er
 M
ill
 o
p
er
at
io
n
al
 
SG1 7 2.7 0.59 3.1 0.07 0.3 24.6 87 
SG1.5 33 2.6 0.23 1.2 0.10 0.18 6.8 82 
SG2 42 1.5 0.06 0.7 0.06 0.15 1.3 82 
Wasiba 85 1.4 0.05 0.9 0.11 0.21 1.3 61 
Wankipe 116 1.0 0.04 0.9 0.10 0.16 1.1 58 
SG3 165 1.1 0.05 1.0 0.05 0.16 1.4 63 
          
M
ill
 n
o
n
-
o
p
er
at
io
n
al
 
SG1.5 33 1.8 0.02 0.7 0.07 0.22 0.4 83 
SG2 42 0.9 0.01 0.7 0.06 0.18 0.2 79 
Wankipe 116 1.1 0.04 0.6 0.05 0.19 0.6 69 
SG3 165 0.8 <0.03 0.4 <0.01 0.2 <0.2 70 
Values shown are means (n=3) with relative standard errors of 5, 17, 6, 13, 5 and 22% for As, Cd, Cu, Se, Pb and Zn respectively. Major 
sampling locations and distance downstream of the mine are also shown. 
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Figure 3.2.  Dissolved (a) Cd and Zn and (b) As and Cu versus dilution represented by daily mean flow (obtained 
from PJV).   
 
3.3.3 Factors affecting metal speciation 
 
In this area of Papua New Guinea the geology and catchments contain substantial amounts 
of limestone.  The alkalinity of the Porgera River water was 83-87 mg CaCO3/L, and slightly 
higher than that of the upper Lagaip River (Table 3.1).  From SG2 to SG3 the alkalinity of the 
Lagaip River water decreased, as a result of inputs from the tributaries.  The water pH 
ranged from 7.9 to 8.2 at all sites (Supporting Information Table S3.5).  Dissolved calcium 
concentrations were highest at SG1 (191 mg/L Ca) close to the mine, most likely due to the 
addition of lime in the neutralisation circuit of the mill, which would have also increased the 
alkalinity of the Porgera River.  This is further supported by the increase in Ca during periods 
of mill operation at sites close to the mine (Supporting Information Table S3.5).  Dissolved 
sulphate also followed this trend with the highest concentrations at SG1 (540 mg/L SO4
2-), 
with a sharp decrease downstream due to dilution from receiving waters.  The gold within 
the ore body at Porgera is primarily associated with base-metal-sulphide veins (Richards et 
al., 1997), hence explaining the high concentration of sulphates close to the mine, 
originating from tailings and incompetent rock dumps.  
 
Major dissolved cations (Mg, Ca, Na and K) exhibited similar trends as dissolved metals with 
concentrations decreasing downstream of the mine and by SG2 for magnesium and sodium, 
concentrations were similar at sites receiving mine-derived materials as for reference sites, 
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whereas potassium was undetectable (<1 mg/L) at sites receiving mine-derived materials 
and reference sites downstream of Wankipe. 
 
Dissolved organic carbon (DOC) concentrations were low (1-2 mg/L; Table S2), at sites 
receiving mine-derived materials compared with other tropical freshwater systems such as 
the Congo River (10.5-10.7 mg/L; Spencer et al., 2012) and the Nyong Basin, Cameroon (11-
36 mg/L; Brunet et al., 2009).  Reference sites exhibited slightly higher DOC concentrations 
(2-4 mg/L).  These DOC concentrations were lower than those found elsewhere to have a 
significant effect on metal binding capacity.  For example, Alberts et al. (1984) determined 
that relatively high DOC concentrations (11-47 mg/L) played an important role in the binding 
capacities of cadmium, copper and lead.  However, Apte (1995) conducted field surveys of 
the Porgera and Lagaip Rivers in August 1993 and 1994 and measured DOC concentrations 
of <4 mg/L at all sites downstream of the PJV mine.  That study concluded that, despite 
these relatively low DOC concentrations, based on the trace metal complexation capacities 
determined by anodic stripping voltametry (ASV) and cathodic stripping voltametry (CSV), 
organic-metal complexes dominated the solution speciation of Cu, Ni, Pb and Zn within the 
system. 
 
3.3.4 Inorganic metal speciation and metal complexation capacity 
 
The inorganic metal speciation downstream of SG1 was calculated using the WHAM VI 
model (Tipping et al., 1998).  The model predicted that: >95% of cadmium existed as 
Cd(CO3)2
2-; 70-90% of copper existed as CuHCO3
+ and CuCO3;  and >85% of lead existed as 
PbCO3.  The model predicted that at SG1 and SG1.5, <50% of zinc existed as the free metal 
ion, Zn2+, with the remainder complexed with carbonates (as ZnCO3 and ZnHCO3
+), whereas 
at and downstream of SG2, the model predicted that >75% existed as Zn2+.  This was 
potentially due to increased competition for carbonates from other metals with higher 
binding affinity downstream of SG2, resulting in an increase in the proportion of free-zinc.  
The inorganic model indicated that carbonate complexation was likely to dominate the 
system for cadmium, copper and lead, the consequence of which should be reduced 
bioavailability of these metals. 
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The relatively low DOC concentrations indicated that the waters may contain relatively low 
concentrations of humics and fulvics, which are the principle organic ligands attributed to 
metal complexation (Tipping et al., 1998). Cadmium and zinc exhibited high Chelex-lability 
(averages of 97% (n=2) and 94% (n=12) labile metals, respectively), whereas copper and lead 
were less Chelex-labile (averages of 31% and 59% labile respectively; both n=3).  However, 
as dissolved metal concentrations downstream of the Porgera / Lagaip Rivers junction were 
so low, the corresponding fraction of labile metals was correspondingly very low (e.g. 
maximum labile concentrations downstream of SG2: Cd = 0.5 µg/l; Cu = 1.5 µg/l; Pb = 0.04 
µg/l and Zn = 24 µg/l).   
 
The metal complexation capacity (CC) analyses assessed the capacity of the water to bind 
metals in non-labile organic complexes (Bowles et al., 2006).  Of the metals studied, copper 
forms the strongest complexes with dissolved humic and fulvic acids and CC measurements 
are most useful for this metal.  Overall, the reference sites, including all tributaries to the 
Lagaip River, were found to have a slightly higher Cu-complexation capacity (Cu-CC) than 
sites receiving mine-derived materials.  This indicates that these tributaries provided a fresh 
source of copper complexing ligands at each entry point to the Porgera and Lagaip Rivers.  
This may contribute to the low to negligible Chelex-labile copper concentrations 
downstream of SG2.  The Cu-CC in most waters tested (both reference and downstream of 
the mine) was relatively high (range = 2-10 μg/L; mean = 6.3 μg/L; n= 11) compared with the 
dissolved copper concentrations present within the system (Table 3.1). 
 
This was consistent with the results of a similar study undertaken by Apte and Currey 
(Report to PJV).  They determined Cu-CC for the same sites using ASV methods within a 
comparable range and mean (5.8-7.9 μg/L and 7.4 ug/L respectively) for the same river 
system.  The same study also determined Pb-CC and Zn-CC with means of 3.6 and 1.9 μg/L, 
respectively, for the same section of the Porgera/Lagaip Rivers. 
 
The complexation capacities for Cd, Cu, Pb and Zn were determined for the Lagaip River 
(reference site) sample in this study and were 0.1, 3.5, 0.6 and 0.2 µg/L, respectively.  While 
these values are less than the those reported by Apte and Currey (ibid) discussed above, the 
results inferred a substantial capacity of Lagaip River water to complex copper and lead 
relative to the dissolved concentrations of these metals found in this study.  This suggests 
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that organic-metal complexes should dominate the solution speciation of these metals 
downstream of the Porgera/Lagaip River junction.   
 
Aqueous cadmium concentrations at and downstream of SG2 were below the Cd-CC for the 
Lagaip River, indicating the potential for substantial inorganic complexation after the Lagaip 
River mixed with the Porgera River since cadmium rarely forms organic complexes.  For 
example, Alberts et al. (1984) conducted Pearson Product Moment correlation analyses on 
freshwater sample measurements and found that Cd-CC was highly correlated (p < 0.05) 
with all anions (Cl-, SO4
2-, OH- and CO3
2-), but showed no significant correlations with DOC .  
Chelex-labile concentrations of cadmium were not detectable in samples at and downstream 
of SG2, further signifying cadmium complexation by ligands, most likely carbonates and 
sulphates due to the high concentrations of these anions in the system (Supporting 
Information Table S3.5).  
 
Dissolved zinc concentrations exceeded the Zn-CC for the Lagaip River between SG1 and 
SG2, and most likely existing as the free metal ion.  Downstream of SG2, aqueous zinc 
concentrations were below the CC determined for the Lagaip River by Apte and Currey (ibid) 
and would, therefore, be unlikely to be present as the free metal ion based on their 
calculated CC.  However, Chelex-labile zinc concentrations determined in this study ranged 
from 94-100% of total dissolved zinc between SG2 and SG3, suggesting the Zn-CC was 
exceeded.  This demonstrates that temporal variations in CC exist within the same reach of 
river, most likely due to variations in chemistry (e.g. alkalinity, ligand concentration).  During 
the period of this study, all samples, including those collected during mill inactivity and 
reference sites exceeded the in-situ Zn-CC as demonstrated by Chelex-labile zinc 
concentrations of 74-100%.  In order to better understand the cycling of organic matter and 
associated metal binding capacity, routine monitoring of the river should include the 
determination of complexation capacity over many sampling runs. 
 
3.3.5 Total recoverable metals in the suspended solids 
 
Total suspended solids (TSS) concentrations were very high in the main river channel (500-
10,000 mg/L) reflecting both natural TSS inputs and the input of fines from tailings and 
erodible dumps.  TRM concentrations of the TSS were markedly lower at SG2 than at SG1 
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(Table 3.2).  This decrease was similar to that of dissolved metals (Table 3.1).  Overall, most 
TRM concentrations of the TSS remained constant between SG2 and Wankipe, over the 
74 km distance with As, Cd, Pb and Zn concentrations elevated above reference tributaries, 
demonstrating the transport of the majority of suspended particulate metals to the 
Strickland River (downstream of SG3).  However, TRM concentrations for all metals studied 
in suspended solids were higher for SG3 than for Wankipe and Wasiba, and copper and zinc 
were higher than those found at SG2.  Initially it was thought that this may be due to flow 
rates at SG3 being 50% of the flow recorded during sampling at Wankipe and Wasiba, 
therefore reducing the dilution by natural suspended solids from tributary inputs.  Indeed, 
TSS concentrations measured at SG3 were lower than those at other main river sites (Table 
3.2), possibly eluding to less dilution by natural sediments and resulting in increased TRM 
concentrations at this site during sampling.  The TRM concentrations of TSS collected from 
reference tributaries were far less than samples from the main river (Table 3.2).  This 
demonstrates that for the five metals investigated, the mine is the main source of 
suspended particulate metals to the Porgera and Lagaip Rivers. 
 
3.3.6 Partition coefficients  
 
Partition coefficients (Kd) were calculated for each metal using dM and [M]TSS to describe the 
metal partitioning between the solid and aqueous phase using the equation Kd = Cads/Csoln 
where Cads = concentration of adsorbate on the solid (mg/kg) and Csoln = concentration of 
adsorbate remaining in solution (µg/L) with the assumption that both phases were in 
equilibrium.  All studied metals exhibited substantial log Kd values (4.1-6.4 L/Kg) suggesting 
significant preferences for the solid phase (Supporting Information Table S3.6).  Kd values 
decreased slightly between SG2 and SG3, thereby providing further support for the 
continued desorption of loosely-bound metals into solution.  However, Kd values for all 
metals were high, and with the ubiquitous nature of natural suspended sediment in the 
river, the majority of metals clearly existed in the solid phase preferentially to the aqueous 
phase. 
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3.3.7 Soluble metal fractions associated with the TSS 
 
Both TSS and mine tailings materials were subjected to four separate digests to determine 
the readily soluble fractions of metals (Table 3.2).  For each sample and each metal, the 
metal concentrations decreased in the order TRM > AEM > ASM > ESM, consistent with the 
expected extraction strength.  For the sites receiving mine-derived materials, the fraction of 
AEM, ASM, and ESM to TRM (expressed as % in Table 3.2) did not change significantly with 
distance downstream of the mine.  As observed for TRM, the AEM, ASM and ESM 
concentrations at SG3 were higher than those found at Wankipe and Wasiba.  The reason for 
the increased metal concentrations at SG3 could be due to the reduction of dilution by 
natural sediments, as discussed above.  The increase could also be due to the collection of 
an increase in metals at SG3 that was not captured at the upstream sites.  Due to the 
distance from the mine, SG3 was sampled on a different day from Wankipe and Wasiba. It 
has been estimated that 1 m3 of river water will take approximately 6.5 h to travel the 123 
km from SG2 to SG3, (PJV Hydrology Section, personal communication), resulting in the 
reach between SG2 and SG3 being flushed up to four times a day.  Therefore, it is possible 
that a pulse (in both dissolved and TSS metals) was experienced on the SG3 sampling day 
potentially caused by a reduction in flow (i.e. reduced dilution) or a difference in metal 
constitution of the tailings between sampling days. 
 
The metal extractability of the tailings was assessed with arsenic and lead AEM reporting 
only 17 and 9% of TRM respectively, suggesting that these metals were quite highly 
mineralised in the tailings stream (Table 3.2).  However, greater than 45% of total 
recoverable cadmium, copper and zinc was present as ASM.  This suggests that a substantial 
proportion of these metals associated with the tailings were in readily soluble forms, with 
the potential to increase aqueous concentration or possibly lead to increased 
bioaccumulation.  The tailings stream is discharged onto an erodible dump and flows nearly 
7 km to the first monitoring station and undergoes several changes in chemistry, such as an 
increase of pH from 6.5 to 8.0 by SG1 (Supporting Information Table S3.5).  It is therefore 
important to investigate whether there are changes in TSS metal extractability downstream 
of the mine. 
 
  
 
 
 
 
 
 
 
 
Table 3.2.  Total and soluble metal concentrations in the total suspended solids (TSS) from the Porgera and Lagaip Rivers.   
      As Cd Cu Pb Zn 
Site 
TSS 
mg/L 
  
TRM 
mg/kg 
AEM 
% 
ASM 
% 
ESM 
% 
TRM 
mg/kg 
AEM 
% 
ASM 
% 
ESM 
% 
TRM 
mg/kg 
AEM 
% 
ASM 
% 
ESM 
% 
TRM 
mg/kg 
AEM 
% 
ASM 
% 
ESM 
% 
TRM 
mg/kg 
AEM 
% 
ASM 
% 
ESM 
% 
Upper Lagaip (*) 1,300 
 
7 73 4 3 0.9 82 44 11 29 24 14 7 11 100 73 0 86 86 40 9 
Pori (*) 64 
 
6 - 7 2 0.21 - 29 0 16 - 23 8 11 - 15 0 78 - 9 0 
Ok Om (*) 430 
 
14 - 2 1 0.25 - 8 8 31 - 16 3 20 - 10 0 110 - 6 9 
                       Tailings 160,000 
 
330 17 1 1 8 52 41 23 100 66 51 27 740 9 2 0 1300 56 46 12 
SG1 10,000 
 
359 18 1 1 8.5 71 61 13 93 62 46 20 540 16 5 0 1250 66 62 6 
Wasiba 5,600 
 
33 - 1 1 1.2 - 42 8 31 - 16 6 77 - 9 0 266 - 17 2 
Wankipe 4,400 
 
34 25 1 1 1.2 100 50 8 35 49 23 9 72 34 11 0 263 41 21 5 
SG3 810   61 21 1 1 1.5 100 87 7 42 53 33 12 130 23 5 0 350 74 43 3 
TRM = total recoverable metals (mg/Kg; reverse aqua regia).  Readily soluble metal concentrations as a percentage of TRM: AEM = acid extractable metals (1 M HCl, 60 min); ASM = acid soluble metals (0.2% HNO3, 5 min); 
ESM = enzyme soluble metals (0.17% pepsin, pH 3; 6 h).  (*) denotes tributaries not affected by mine-derived materials.  Data represents mean of 3 samples.  “-“ signifies insufficient sample to undertake analysis.
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There appeared to be very little changes in the percentage of TR-As reporting as ASM and 
ESM for TSS downstream of the mine and the proportions of each were very small relative to 
the TRM (<2%), indicating that the majority of suspended particulate arsenic was not readily 
soluble and remained tightly bound to the particulates.  There were obvious increases in 
TSS-associated arsenic downstream of the mine relative to reference tributaries.  Therefore, 
while the fraction of this material that was in the readily soluble phase was low, it was 
elevated at sites-receiving mine-derived materials above reference tributaries.   
 
The increase in the fraction of readily soluble arsenic associated with the TSS corroborates 
the increased bioaccumulation of arsenic at sites downstream of the mine relative to 
reference sites in the native Macrobrachium species (PJV, 2011).  For the sites receiving 
mine-derived materials, AEM and ASM concentrations of cadmium were 50-100% and 50-
85% of TR-cadmium respectively, indicating a substantial portion of TSS-Cd was in the 
reducible (e.g. bound to Fe-Mn hydroxides) and readily soluble (e.g. hydroxide and 
carbonate bound) fraction.  There did appear to be a slightly greater percentage of AS-Cd in 
TSS samples collected from sites receiving mine-derived materials compared with reference 
sites.  This suggests that the mine was contributing to an increase in total cadmium as well 
as an increase in readily soluble cadmium.  Interestingly, the proportion of AE-Cd increased 
from 52% in the tailings to 100% by Wankipe.  The proportion of AS-Cd also increased from 
the tailings to SG3.  This implies that suspended particulate cadmium increased in 
exchangeability downstream. 
 
The AE-copper fraction was less than that of cadmium (50-65% of TRM) demonstrating the 
lower proportion of extractable copper relative to cadmium.  The proportion of AS-Cu was 
also less than for cadmium (15-50% of TR-Cu), with little variability in the percentage of AS-
Cu with distance downstream.  The copper extractability (% of ASM) was greater for Tailings 
and SG1 samples than the reference tributaries.  However, once the Porgera River had mixed 
with the Upper Lagaip River (e.g. at and downstream of SG2), this difference was no longer 
apparent.  Furthermore, the TR-Cu concentrations within the TSS at and downstream of SG2 
were not sufficiently greater than that of samples collected at reference tributaries, 
suggesting that the mine does not significantly contribute to the natural TSS-Cu loading of 
the Lagaip River. 
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Readily soluble fractions of lead were low (ASM 2-11% of TRM) with little differences in this 
fraction between main river and reference tributaries.  ES-Pb was undetectable within the 
TSS.  It can be assumed, therefore that the majority of TSS-Pb was non-readily soluble.  
However, main river sites did demonstrate greater concentrations of TR-Pb, demonstrating 
that the mine was contributing to suspended particulate lead concentrations within the 
Lagaip River. 
 
The AE-Zn constituted 40-75% of TR-Zn, with fractions of AS-Zn slightly lower (5-60% TRM), 
and neither fraction appreciably changing downstream.  ES-Zn was low, representing 5-25% 
of AS-Zn.  Again, downstream of SG2, the percentage of AS-Zn was not appreciably different 
for main river sites compared with the reference tributaries. 
 
Considering the changes in ESM downstream of the mine, the results demonstrated that 
ESM concentrations of cadmium, copper and zinc decreased with distance from the mine.  
Assuming that an ESM extraction is a good indicator of bioavailable metal to Macrobrachium 
spp., this suggests that bioavailability of these metals from suspended particulate ingestion 
decreased downstream of the mine. 
 
These results were in general agreement with similar studies of trace metal partitioning 
between waters and suspended solids enriched from metal mining.  For example, Audry et 
al. (2006) conducted similar multiple single extractions of TSS samples collected within the 
Lot-Garonne fluvial system (south west France) downstream of smelting-waste drainage and 
mining sources.  The study determined that, suspended particulate Cd, Cu and Zn were 
mainly associated with the AEM phase (84-95%, 55-80% and 65-88% of the respective total 
metal content).  However, for their river system 61-82% of the total lead content was found 
to be associated with the AEM phase, compared with 9-34% determined for the Lagaip River 
by this study.  This suggests that the majority of lead in suspension within the Lagaip system 
remained in highly mineralised phases, with less in readily soluble forms (e.g. associated 
with amorphous and crystalline Mn and Fe oxides and carbonates). 
 
Considering that generally >50% of the TR-Cd, -Cu and -Zn were reporting as readily soluble 
metals (ASM), this partly explains the profiles shown in Figure 3.2.  The dissolved 
concentrations of cadmium, copper and zinc remained steady between SG2 and SG3, but 
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quite elevated compared with the concentrations in the reference tributaries.  While there 
were minor fluctuations in pH between these sampling locations, it appeared that due to the 
readily soluble nature of cadmium, copper and zinc in suspension, the dissolved fraction was 
potentially maintained by exchange with the particulate phase.  Conversely, the readily 
soluble arsenic and lead concentrations of the TSS were <10% that of TRM, suggesting that 
there was limited exchange between the dissolved and particulate fractions of these metals 
within the study area.  This confirms the aqueous arsenic dilution profile shown in Figure 3.2, 
whereby reduction of dissolved arsenic down river was most likely a function of dilution 
alone. 
 
While the extractions used in the current study were performed under static conditions and 
represent ‘operationally’ defined labile fractions, the results gave insight into the changing 
proportions of each fraction during passage of the particulates downstream.  Furthermore, 
the extractions were conducted on wet samples, which have been known to create 
reproducibility issues (Bacon and Davidson, 2008).  However, as reported in Section 3.3.1, % 
RSDs of duplicates were acceptable and it was decided that extractions using wet samples 
would be more representative of particulate ingestion by organisms and the environment of 
exposure of metals associated with SPM within the rivers.  This study did not employ a 
conventional sequential extraction due to issues reported during such procedures.  These 
issues include the re-distribution of analytes among phases during extraction e.g. adjusting 
the speciation of the analytes between extraction steps (Audry et al., 2006; Bacon and 
Davidson, 2008).  While the main issue of independent extracts is ensuring homogeneity of 
the sample, this procedure was employed to best describe the readily soluble phases of 
particulate metals while maintaining the properties of the sample as best as practically 
possible.   
 
The extraction results indicated that of total concentration of metals in suspension, a very 
small percentage was available to a pseudo-gut soluble incubation.  Furthermore, the ESM 
digest was conducted over 6 h, while the gut passage time (GPT) of M. rosenbergii has been 
determined by Gonzalez-Pena et al. (2002) between 3.2 to 7.8 h, depending on dietary fibre.  
Therefore, based on the current understanding of the metal-extracting enzymes and GPT of 
M. rosenbergii, the present findings should provide a good estimate of metals available to 
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the prawns in the Lagaip River.  However, it must be noted that the only sure way to 
measure bioavailability involves biological uptake experiments (Snape et al., 2004). 
 
3.3.8  Bed sediment TRM 
 
At all sites, the bed sediment samples generally contained a majority of coarse material with 
fines (<63 µm) constituting only 3 – 16% of total solids.  This demonstrates the energy of the 
river system in the mountainous area, which keeps the majority of the fines in suspension 
(Table S4).  Counter-intuitively, samples collected from the Porgera River just above the 
junction with the Lagaip River (SG1.5) and from SG2 (downstream of the junction) reported 
the coarser >63 µm fraction as having considerably higher metal concentrations than the 
fines.  If derived from mine tailings, of which approximately 80% are milled to <38 µm, one 
would expect the deposited fines to contain higher concentrations than the >63 µm 
sediment fraction.  Also, the higher surface area and correspondingly greater number of 
binding sites of fine materials will preferentially adsorb metals.  These anomalies are not in 
accordance with PJV monitoring data where averages from samples collected between 2004 
and 2008 at SG1 and SG2 show consistently that higher concentrations of metals exist in the 
fine fraction (PJV, 2011).  It appears that between the mine and SG2, deposited sediment 
contains higher concentrations of metals in the coarse fraction, possibly as a result of the 
mobilisation of large, metal rich particles from the erodible dumps, which settle within a 
relatively short distance (42 km) of the mine. 
 
With regards to downstream trends of TRM in the bed sediments, the reference tributaries 
exhibited considerably lower TRM concentrations than the downstream of mine sites for 
arsenic, cadmium, lead and zinc.  This indicates an enrichment of metals due to the mine 
activities.  However, TR-Cu concentrations in the bed sediment of the two reference sites 
showed less difference from the mine-affected sites.  While this suggests that the catchment 
sediments contain similar concentrations of copper, some enrichment in the mine-affected 
sites was still apparent (Supporting Information Table S3.7).  Neither the <63 µm fraction nor 
the >63 µm fraction of any of the metals analysed showed decreasing concentrations with 
distance from the mine as was apparent for the TSS or aqueous phase metals.  It is often 
difficult to detect trends in sediment data when particle size distributions vary from site to 
site and metal concentrations are low.  However, the observation that TRM concentrations 
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in deposited bed sediments of the main river remained elevated compared to tributaries 
over the 158 km from SG1 to SG3 indicated that inputs from the tributaries were a minor 
contribution to main river metal concentrations (Supporting Information Table S3.7).   
3.3.9 Bed sediment AEM 
 
For all metals with the exception of manganese and lead, the AEM concentrations were at 
least an order of magnitude less than TRM concentrations for both coarse and fine fractions 
(Supporting Information Table S3.7).  This suggests reduced metal solubility of bed 
sediments compared with suspended solids.  The implication of this is that once suspended 
particulate metals dropped out of solution, they mixed with bed sediments with more 
mineralised metals, therefore resulting in a reduced fraction of soluble metals associated 
with the bed sediment.  Samples from reference tributaries displayed reduced AEM in both 
fractions when compared with main river sites (20-60%), suggesting that the mine was 
contributing to an enhancement in more readily soluble metals.   
 
The <63 µm fraction of the bed sediments had considerably lower AEM than TRM 
(Supporting Information Table S3.7).  The discrepancies discussed above between the fine 
and coarse fraction of metals at SG1.5 and SG2 were not apparent for the same sites when 
digested with 1 M HCl, although the >63 µm fraction did contain higher concentrations of 
arsenic, lead and zinc at SG2.   
 
Linear regression analysis indicated that there were no significant relationships between TSS 
and either fraction of the bed sediment for TRM and AEM.  As described above, the Porgera 
and Lagaip Rivers experience high TSS loading and flow rates.  Results from this study 
demonstrate that <63 µm bed sediment metal concentrations do not change appreciably 
with distance downstream.  This was confirmed by the findings of routine monitoring 
between 2004-2008 (PJV, 2011), which also reported no significant reduction of <63 µm 
metals with distance.  The report postulated that the lack of a trend of a downward trend of 
particulate metals downstream was as a result of the low number of samples collected 
during each year and the existence of background levels of metals in natural sediments 
derived from various sources within the river catchment. 
 
The percentage differences of TRM extractable as AEM were compared between TSS and 
<63 µm bed sediment samples using a one-way MANOVA (Table 3.3).  TSS samples exhibited 
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a significantly (p <0.05) greater percentage of readily soluble As, Cd, Cu and Zn compared 
with fine bed sediment.  The greater percentage of extractable As, Cd, Cu and Zn in TSS 
samples than the bed sediments most likely reflects the recent precipitation with or 
adsorption of dissolved metals by suspended particulates, or fractionation of forms due to 
different densities (i.e. more dense mineralised forms reporting to bed sediments).  
Furthermore, the bed sediments would contain a greater proportion of metal sulphides than 
the TSS, which would generally be less readily soluble.  Interestingly, the fine bed sediment 
demonstrated a significantly higher percentage of extractable lead compared with the TSS, 
and no adequate explanation was determined. 
 
Table 3.3.  Comparison between the percentage differences of TRM extractable as AEM for total suspended 
solids (TSS) and <63µm bed sediment.  (*) denotes significant differences (p < 0.05) between TSS and < 63µm 
bed sediment samples tested by one-way MANOVA.  Values shown are means ± SD (n=3). 
  TRM extractable as AEM, % 
Samples As* Cd* Cu* Pb* Zn* 
TSS 20 ± 3 85 ± 29 58 ± 8 21 ± 11 59 ± 14 
<63 µm bed sediments 9 ± 4 < 1 22 ± 5 38 ± 10 13 ± 3 
 
 
Griscom et al. (1999) demonstrated that following addition of dissolved metals to sediments, 
sediment aging caused a redistribution of metals into more resistant phases (e.g. less 
extractable) in the sediment over time for silver, cadmium, cobalt, selenium and zinc.  In 
separate studies, Fan and Wang (2003) and Zhong and Wang (2006) found that zinc followed 
the same trend but cadmium was not significantly affected by sediment ageing.  With 
regards to the greater percentage of extractable lead in deposited sediment compared with 
TSS, Lacal et al. (2003) determined that Pb extractability from mine sludge increased with 
ageing due to the production of lead sulphate over time.   
 
The consequence of these findings is that a greater proportion of metals, in terms of 
concentrations, will be transported downstream via suspended particulates in relatively 
readily soluble forms.  These particulate metals will be prone to desorption and re-
adsorption onto bed sediments providing a sink of particulate metals.  The reverse will also 
be true, where readily soluble metals liberated from bed sediments will adsorb to the 
suspended sediment load and be transported downstream.  The amount of material moving 
and deposited as bed sediments downstream likely overwhelms the lesser contributions of 
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bed sediment from most tributaries with regards to bed sediment-associated metals.  This 
may explain the absence of a significant dilution pattern that is frequently experienced in 
deposited sediment-associated metals downstream of a mine (e.g. Luoma and Rainbow, 
2008). 
 
3.3.10 Mill non-operation 
 
Samples were collected at four main river sites during periods of mill operation and non-
operation (Table 3.1).  These samples were collected less than 24 hours after the mill had 
ceased operation.  The samples demonstrated an expected decline in dissolved metal 
concentrations during periods of mill non-operation (average reduction of 21, 68, 32, 25 and 
81% for dissolved As, Cd, Cu, Pb and Zn respectively; dissolved Se increased by an average of 
18%).  These concentrations were lower than the range reported by PJV for the same sites 
(Supporting Information Table S3.4) during 2009, suggesting that the decrease was not 
wholly attributable to day-to-day variability.   
 
Generally, Kd for the main river sites were higher during periods of mill operation, with the 
exception of cadmium and zinc, for which the opposite was true.  This was most likely due to 
competition for binding sites during mill operation resulting in decreased adsorption of 
cadmium and zinc, corresponding with the generally lower Kd values reported for these 
metals (Luoma and Rainbow, 2008).  Interestingly, during mill operation, both cadmium and 
zinc demonstrated lower Kd at SG1 and SG1.5, increasing after waters from the Porgera River 
mixed with the Lagaip River (SG2), most likely as a result of the input of fresh binding sites.  
The results also demonstrated a difference in Cu-complexation capacity between the periods 
of mill in operation and out of operation at site SG1.5.  When a 50 µg/L copper spike was 
added to both samples, for the sample taken during the period of mill operation, 92% of the 
added copper was Chelex-labile, whereas when the mill was out of operation, only 70% of 
the copper added was Chelex-labile.  Furthermore, Cu-CC at SG2, Wankipe and SG3 were all 
higher when the mill was out of operation, suggesting that the addition of mine tailings to 
the system resulted in the available binding sites of receiving waters being quickly used by 
an increased input of metals from the mill, resulting in an increase of labile metals.  As 
expected, samples of suspended sediments collected at sites during mill-inactivity contained 
lower concentrations of all metals compared with samples collected during mill-activity. 
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3.4 Conclusion 
 
While the present study was a ‘snap-shot’ of the Porgera and Lagaip Rivers, concentrations 
of dissolved and particulate metals were generally in agreement with long-term monitoring 
of metal concentrations reported by the PJV mine (PJV, 2011).  The high pH, alkalinity and 
abundance of carbonates (from both natural bedrock and lime addition in mine tailings 
neutralisation) in the Porgera and Lagaip Rivers maintained the majority of metal loading 
within the particulate phase.  Of the mine-derived suspended particulates, approximately 
25-50% of cadmium, copper and zinc were within a readily soluble fraction (hydroxide and 
carbonate phases), whereas the majority of arsenic and lead was found in the mineralised 
fraction.  However, there was little change in the extractability of copper and zinc between 
SG1 and SG3, while cadmium was the only suspended particulate metal tested that 
increased in exchangeability downstream.  These results suggested that for cadmium, 
suspended sediments may have been an increasingly available source of dissolved cadmium 
as particulates flowed downstream of the mine. 
 
Particulates are believed to be the major source of metals to the Strickland River.  The 
suspended particulates appeared to supply metals to the bed sediments (through their 
deposition) of the Lagaip River, resulting in no discernible dilution gradient of the latter 
downstream of SG2.  Dissolved metal concentrations in the Lagaip River were also believed 
to have been affected by the suspended metals via dissolution as indicated by a lack of 
dilution of the former between SG2 and SG3.  Of the dissolved (<0.45 μm) metals analysed 
for, complexation capacity data indicated that copper and lead were likely to have been 
bound by organic substances or colloidal material and would therefore be unlikely to lead to 
bioaccumulation if consistent with the Free Ion Activity Model (FIAM) or the Biotic Ligand 
Model (BLM).  Dissolved cadmium was most likely present as inorganic metal complexes 
downstream of the Porgera/Lagaip Rivers junction.  Conversely, dissolved zinc 
predominantly existed as the free metal ion.  The present study determined ‘operationally’ 
defined fractions of particulate and dissolved metals, and demonstrated the readily soluble 
nature of the former in suspension.  However, it must be reiterated that solid phase 
solubility does not specifically imply bioavailability, which can only be determined from 
direct biological uptake experiments and will usually only apply for the species and the 
specific conditions of the test.  In summary, metals originating from the PJV gold mine are 
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predominantly transported downstream via adsorption to/co-precipitation with fine, 
suspended particulate matter.  This phase appears to act as a supply of metals to the 
dissolved and deposited particulate phases for cadmium, copper and zinc, while arsenic in 
these latter phases follows a more general dilution pattern with distance from the mine. 
 
From these results, the particulates were believed to be a major source of metals to the 
Strickland River rather than dissolved forms.  Further studies conducted in the middle and 
lower Strickland River (Chapter 4) attempted to track the changes in concentrations, lability 
and potential areas of desorption and dissolution of suspended particulate metals, in 
response to further dilution and changes in receiving water characteristics.  Organic 
materials, such as leaf litter and biofilms coated in metal-enriched particulates, which may 
be potential food sources for M. rosenbergii, were collected and analysed for metals as 
discussed in the following chapter.  This will further aid in understanding the metal 
accumulation by the freshwater prawn, M. rosenbergii in the Strickland River. 
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3.5 Supporting Information 
 
Table S3.4. Comparison of dissolved metal concentrations between this study, PJV's 2004-2008 median 
concentrations and PJV's 2009 concentrations (PJV, 2011).  
  Dissolved metal concentration, µg/L 
  Site As Cd Cu Pb Se Zn 
R
ef
er
en
ce
 t
ri
b
u
ta
ri
es
 Upper Lagaip 0.5 <LOR 0.7 0.04 0.13 <LOR 
04-08 median 0.8 0.2 1.8 0.9 n/a 4 
       
Pori 0.3 <LOR 0.6 0.07 0.08 <LOR 
04-08 median 0.7 0.7 1.4 1.4 n/a 2.8 
PJV '09 <1 <0.2 <1 <0.5 n/a <1 
       
Ok Om 0.6 <LOR 0.5 0.08 0.12 <LOR 
04-08 median 0.6 0.1 1.5 0.7 n/a 3.8 
        
M
ai
n
 R
iv
er
 
SG1 2.7 0.59 3.1 0.07 0.3 24.6 
04-08 median 3.2 0.8 160 0.7 n/a 29 
       
SG2 1.5 0.06 0.7 0.06 0.15 1.3 
04-08 median 2.3 0.3 9.2 1.5 n/a 6.7 
       
Wasiba 1.4 0.05 0.9 0.11 0.21 1.3 
PJV '09 1.4 <0.2 <1 <0.5 n/a 2.1 
       
Wankipe 1.0 0.04 0.9 0.1 0.16 1.1 
04-08 median 2.0 0.29 2 1.1 n/a 6.1 
PJV '09 1.1 <0.2 <1 <0.5 n/a <1 
       
SG3 1.1 0.05 1 0.05 0.16 1.4 
04-08 median 2.0 0.22 1.4 0.7 n/a 3.3 
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Table S3.5. Physical properties of water samples collected in the Porgera and Lagaip Rivers area, August 2009.  
           Physical properties, mg/L 
    Site pH   Sulphate Cl Ca Mg Na DOC 
R
ef
er
en
ce
 
tr
ib
u
ta
ri
es
 
Pongema 8.2 
 
2 <1 45 3 <1 4 
Kaia 7.9 
 
10 <1 18 2 5 2 
Lagaip 8.1 
 
8 2 29 2 5 2 
Pori 8.1 
 
4 <1 31 2 2 4 
Logyotu 8.0 
 
8 <1 34 2 3 n/a 
Ok Om 7.9 
 
23 <1 20 2 5 3 
  
         
M
ai
n
 r
iv
er
 
M
ill
 o
p
er
at
io
n
al
 SG1 8.0 
 
540 7 160 25 21 1.5 
SG1.5 7.9 
 
150 2 77 8 10 1 
SG2 8.0 
 
40 2 42 4 6 2 
Wasiba 8.0 
 
36 2 32 4 7 2 
Wankipe 8.0 
 
28 1 29 4 4 2 
SG3 8.0 
 
34 1 34 5 5 1 
 
         
M
ill
 n
o
n
-
o
p
er
at
io
n
al
 
SG1.5 8.1 
 
36 2 38 4 10 2 
SG2 8.1 
 
15 2 32 3 6 2 
Wankipe 8.1 
 
23 1 31 4 4 2 
SG3 8.1   19 1 27 4 5 2 
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Table S3.6. Partition coefficients (Kd) between aqueous and suspended particulate metals in samples collected 
from the Porgera and Lagaip Rivers area, August 2009. 
    
  log Kd, L/kg 
    
Site As Cd Cu Pb Se Zn 
R
ef
er
en
ce
 t
ri
b
u
ta
ri
es
 
Pongema  4.8 5.0 5.0 5.8 3.3 5.8 
Kaia 4.4 3.8 4.6 5.1 2.6 5.5 
Lagaip 4.2 4.4 4.6 5.5 2.7 6.6 
Pori 4.3 4.2 4.4 5.2 2.9 5.9 
Ok Om 4.4 4.6 4.8 5.4 2.7 5.8 
  
       
M
ai
n
 r
iv
er
 
M
ill
 o
p
er
at
io
n
al
 
SG1 5.1 4.2 4.5 7.0 4.6 4.7 
SG1.5 4.7 4.2 4.5 6.4 4.3 4.9 
SG2 4.7 4.4 4.6 6.4 4.2 5.3 
Wasiba 4.4 4.4 4.5 5.8 3.6 5.3 
Wankipe 4.5 4.5 4.6 5.8 3.7 5.4 
SG3 4.7 3.6 4.6 6.4 3.7 5.4 
 
       
M
ill
 n
o
n
-
o
p
er
at
io
n
al
 SG1.5 4.1 4.7 4.5 5.9 3.4 5.7 
SG2 4.1 4.9 4.6 5.7 3.2 5.9 
Wankipe 4.3 4.2 4.7 6.0 3.4 5.5 
SG3 4.3 4.6 4.8 5.9 2.9 6.2 
  
 
  
 
 
Table S3.7.  Fractionated surficial (0-2 cm) bed sediment collected from the Porgera and Lagaip Rivers, August 2009 available to TRM and AEM digests (mg/Kg dw)
a
.   
    % 
solids 
  TRM, mg/kg dry wt 
 
AEM, mg/kg dw 
  Site   As Cd Cr Cu Fe
b 
Mn Ni Pb Zn 
 
As Cd Cr Cu Fe
b 
Mn Ni Pb Zn 
R
ef
er
en
ce
 
tr
ib
u
ta
ri
es
 Lagaip > 63 um 66   9 0.7 38 25 45 790 40 9 82 
 
1.6 <0.1 0.7 3 2.9 450 1.8 4 7 
Lagaip < 63 um 34 
 
7 0.6 41 29 48 600 42 9 94 
 
1.6 <0.1 0.9 5 3.5 340 2.9 4 10 
Ok Om > 63 um 92 
 
11 0.6 21 19 41 440 26 14 85 
 
0.4 <0.1 <0.2 3 1.9 210 2.6 5 7 
Ok Om < 63 um 8 
 
11 0.7 42 20 49 530 47 14 77 
 
1.5 <0.1 <0.2 3 2.3 210 2.9 6 8 
 
                      
M
ai
n
 r
iv
er
 
SG1.5 > 63 um 84 
 
57 4.4 32 53 71 1800 40 47 709 
 
2.7 <0.1 1.6 3 5.7 760 2.0 17 39 
SG1.5 < 63 um 16 
 
32 1.9 34 31 49 730 28 78 349 
 
3.8 <0.1 1.7 6 6.0 470 3.2 41 62 
SG2 > 63 um 89 
 
88 6.8 37 54 - 1400 45 86 1100 
 
2.8 <0.1 1.6 4 4.9 690 2.6 26 40 
SG2 < 63 um 11 
 
19 1.0 46 31 52 670 43 53 170 
 
2.1 <0.1 1.1 5 4.0 370 2.8 23 22 
Wasiba > 63 um 95 
 
44 3.5 34 40 56 1100 39 47 560 
 
3.0 <0.1 1.3 4 4.0 580 3.1 18 38 
Wasiba < 63 um 5 
 
142 3.7 48 40 64 720 37 270 610 
 
4.5 <0.1 1.6 11 4.1 420 4.3 74 73 
Wankipe > 63 um 97 
 
25 1.0 35 28 54 840 63 22 180 
 
2.8 <0.1 1.0 4 3.1 450 5.7 14 22 
Wankipe < 63 um 3 
 
62 1.9 41 39 62 790 46 120 350 
 
5.4 <0.1 <0.2 10 4.2 410 5.6 38 42 
SG3 > 63 um 95 
 
48 1.4 73 31 62 970 110 25 210 
 
2.9 <0.1 1.1 4 2.9 480 7.2 9 25 
SG3 < 63 um 5   37 2.9 47 32 51 890 36 64 490 
 
3.6 <0.1 1.7 6 4.3 480 3.7 23 49 
a Data shown are means (n=3). 
b Fe is in g/kg dw 
 
 
1
0
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Chapter 4: Trace Metal Transport and 
Partitioning in the Turbid Strickland River, 
Papua New Guinea 
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Abstract 
 
Trace metal bioaccumulation by native decapod crustaceans has been detected in the 
Strickland River downstream of the Porgera Joint Venture Gold Mine, Papua New Guinea.  
Concentrations of bioaccumulated As, Cd, Cu, Pb and Zn in prawns of the Macrobrachium 
genus are elevated at sites receiving mine-derived materials relative to those from reference 
tributaries.  However, analyses of the metal concentrations of waters and sediments from 
both sets of sites do not reflect these differences.  A survey of the Strickland River was 
therefore conducted, targeting more labile and potentially bioavailable fractions of metals 
associated with waters, suspended and deposited sediments and plant materials.   
 
The objective of this study was to determine the transport and partitioning of trace 
metals/metalloids within the middle and lower Strickland River in order to identify potential 
differences in sources of metal accumulation between sites to describe the differences in 
metal bioaccumulation.  Dissolved metal concentrations were mostly sub-μg/L and no major 
differences existed between sites.  The total suspended solid extractable cadmium and zinc 
fractions (dilute acid extractable) were greater at mine-impacted sites possibly reflecting the 
fresh precipitation of these metals onto suspended solids.  This metal fraction may 
potentially impact the prawns via the dietary pathway.  However, when surficial bed 
sediments were analysed, there were no significant differences in either total recoverable or 
readily soluble metal concentrations between sites.  Analyses of plant materials suggested 
that it was unlikely the differences in bioaccumulated metals between prawn populations 
was due to such materials.  Although the study captured only a snap shot of metal 
concentrations within the system, the results demonstrated the difficulty in using chemical 
analyses to describe metal accumulation at low environmental concentrations in such an 
environment.  
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4.1 Introduction 
 
The Porgera Joint Venture (PJV) gold mine, in Enga Province, Papua New Guinea, discharges 
treated tailings into the Porgera River under government permit.  The Porgera River flows 
into the Lagaip River, which consequently flows to the Strickland River and eventually joins 
the Fly River to flow to the Gulf of Papua (distance from mine to Fly River delta 
approximately 900 km).  As a condition of the permit to discharge tailings to the river 
system, PJV is required to undertake routine chemical (e.g. water, suspended sediments and 
bed sediments) and biological (e.g. tissues of indigenous prawns) monitoring within the 
rivers.  Since 2006, biomonitoring in the middle and lower Strickland River has detected 
significantly increased metal (e.g. arsenic, cadmium, copper, lead and zinc) concentrations in 
the cephalothorax (e.g. head and major internal organs) of decapod crustaceans 
Macrobrachium rosenbergii and M. latidactylus caught in waters receiving mine-derived 
materials relative to those from reference tributaries in the same area (PJV, 2011).  
However, due mainly to dilution by non-mine-derived water and soils, the concentrations of 
these metals in waters (e.g. <0.45 μm dissolved) and sediments were low and did not differ 
significantly between sites.  Therefore, the traditional concept of increased metal exposure 
leading to increased bioaccumulation (Luoma and Rainbow, 2008) does not appear to hold 
true in this situation.   This study was undertaken to determine whether more detailed 
information on the partitioning and speciation of metals within the Strickland River system 
could provide a better understanding of the possible sources of metals to the prawns. 
 
The routine monitoring undertaken by the PJV Environment Department includes analysis of 
only the total metal concentrations in solution or sediments and does not account for metal 
speciation or solid-phase solubility (e.g. the fraction of metals bound to readily soluble 
carbonates and hydroxides relative to that which is highly mineralised and often considered 
biologically inert).  The latter analyses have been shown to provide data that correlates 
much better with bioavailable/bioaccumulated metal than total metal concentrations 
(Luoma and Rainbow, 2008).  For example, a method to determine the labile species of 
copper developed by Bowles et al. (2006) demonstrated that the Chelex-labile copper 
concentration more closely estimated the toxicity of copper to bacteria than the total 
dissolved copper concentration.  Baumann and Fisher (2011) demonstrated that the 
assimilation efficiency of ingested metals by the deposit-feeding polychaete, Nereis succinea, 
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was positively correlated with readily soluble and carbonate sedimentary fractions.  
Conversely, metals in the more refractory phases (e.g. associated with iron and manganese 
oxides or with pyrite) were shown to be negatively correlated with assimilation efficiency, 
demonstrating that a total metal extraction (e.g. targeting all sediment phases) is not a good 
predictor of metal bioavailability.  It was therefore considered useful to undertake such 
analyses within the Lagaip and Strickland Rivers system to supplement the total metals data 
collected by PJV in an attempt to better explain metal bioaccumulation within the system. 
 
Chapter 3 investigated metal transport and partitioning within the upper river system of the 
Porgera and Lagaip Rivers in August 2009.  The study demonstrated that the concentration 
of dissolved (<0.45 μm) metals decreased rapidly with distance from the mine due to 
dilution from the main tributaries.  The predominant metal loading within the system was in 
the particulate phase, mainly due to the prevalence of natural total suspended solids (TSS; 
0.1-10 g/L).  Solubility of arsenic and lead associated with TSS was low with <25 and <34% of 
each metal respectively reporting as dilute acid extractable (AEM; 1M HCl, 60 min; reducible 
phase).  However, solubility of cadmium, copper and zinc –TSS were relatively higher with up 
to 87, 51 and 74% of each metal respectively reporting as dilute acid soluble  (ASM; 0.2% 
HNO3, 5 min; metals bound by hydroxides and carbonates).  Bed sediment metal 
concentrations did not differ substantially at sites downstream of the Porgera/Lagaip Rivers 
junction as is frequently the case downstream of a mine (Luoma and Rainbow, 2008).  It was 
postulated that the lack of difference in the bed sediment metals was due to 
supplementation by TSS deposition.  The TSS was found to be the major transported source 
of the studied metals to the downstream system (e.g. Strickland River; Chapter 3). 
 
The objective of this study was to determine the partitioning of trace metals/metalloids (e.g. 
As, Cd, Cu, Pb and Zn) within the middle and lower Strickland River in order to identify 
potential differences in sources of metal accumulation between sites receiving mine-derived 
materials and reference sites. 
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4.2 Methods 
4.2.1 Sample collection and field processing 
 
All plastic ware was acid-washed (10 % v/v HNO3; Merck Tracepur > 24 h, rinsed with 
copious amounts of Milli-Q water; Millipore, USA) and dried in a laminar-flow cabinet prior 
to use.  All chemicals used were analytical reagent grade or equivalent purity.  High-purity 
acids (Merck, Tracepur) were used for sample acidification, washing filters and all analyses.  
Water, suspended sediment and surface (0-1 cm) sediment samples were collected in acid-
washed bottles and new resealable plastic bags respectively from sites in the Strickland 
River, Papua New Guinea in May 2010 (Fig. 4.1).  Sample sites consisted of five locations in 
the middle Strickland River including two sites receiving mine-derived materials (Bebelubi 
and SG4) and three reference tributaries (Baia, Rentoul and Tomu).  Samples were also 
collected from seven locations in the lower Strickland River including two main river sites 
receiving mine-derived materials (Strickland River upstream of the Herbert River junction, 
hereafter referred to as Strickland u/s, and SG5), four off-river water bodies (ORWBs: 
Kukufionga, Zongamange, Avu and Levame), which received mine-derived materials and one 
pseudo reference tributary which was considered to receive negligible amounts of mine-
derived materials (Herbert River, which drains Lake Murray).  
  
A “clean hands – dirty hands” approach was used during sampling to minimise 
contamination (Allen, 2000) and powder-free gloves were used at all times.  1-L bottles 
(Nalgene) for collecting water samples were rinsed in river water three times prior to sample 
collection.  Surficial sediment samples were collected using a Nylon spoon from riverbanks 
and a stainless steel Van Veen grab was used to collect bottom sediments from rivers and 
off-river water bodies.  Care was taken to only collect sediment not touching the grab in 
order to minimise contamination.  Bulk sediment samples were kept chilled in the dark 
during transit and stored frozen (< 18 °C) until analysis and placed into two sealed plastic 
bags.   
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Figure 4.1. Map of Strickland River, Papua New Guinea.  Sampling sites including reference tributaries (circles), 
main river (squares) and off-river water bodies (triangles) are shown. 
 
All samples were collected in triplicate and field blanks of Milli-Q water were also collected 
at random sites.  Three 5-L carboys were used to collect suspended sediments at each site 
where there was sufficient material.  Plant samples including terrestrial and aquatic leaves 
and periphyton were collected using clean room gloves from the side of an aluminium long 
boat at various sites within the middle and lower Strickland River.  Samples were rinsed in 
km 
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river water and transferred to sealable plastic bags or acid-washed polycarbonate vials and 
stored cool prior to being frozen.  These samples were analysed for trace metals as they 
could be a source of food for the prawns within the river system. 
 
Samples collected from the middle Strickland River were filtered within three hours of 
collection.  Water filtration was undertaken in a laminar-flow cabinet for dissolved metals 
concentrations (dM), dissolved organic carbon (DOC), alkalinity, major ions, total suspended 
solids ([TSS]) and TSS metal concentrations ([M]TSS) as described in Chapter 3. 
 
Due to lack of ‘clean’ conditions in the sample processing area within the lower Strickland 
River, filtration rigs (Sartorius) and individual filter membranes were not used to filter water 
samples.  Instead, a pre-acid-washed 25 mL syringe (Terumo) was filled with 20 mL of 10% 
HNO3 (Merck, Tracepur) and the acid pushed through a 0.45 µm membrane filter (Sartorius 
Minisart), before 50 mL of Milli-Q water was pushed through the same membrane.  A 25 mL 
sub-sample of the 1-L water sample bottle was then drawn into the acid-washed syringe, the 
first 5 mL of sample filtered to waste and the remaining 20 mL filtered into a 60 mL bottle 
(Nalgene) and preserved with 0.2% HNO3 for dM analysis. 
 
The remaining water sample was filtered through a 0.45 µm filter cartridge (Whatman 
Polycap GW) using a peristaltic pump (Masterflex) and the filtrate transferred as follows.  
The first 300 mL of filtrate was transferred to waste in order to flush the tubing and 
cartridge; 125 mL was transferred to a plastic bottle for major cations, anions, chlorides and 
alkalinity analysis; 40 mL was transferred to an amber glass bottle and preserved with 0.4% 
H2SO4 for dissolved organic carbon analysis and the remaining 500 mL of filtrate was 
transferred to a 1 L bottle (Nalgene) for Chelex-labile and complexation capacity analysis.  
The latter analyses were not conducted due to barely detectable dM (see section 3.2 below).  
Between samples, the filter cartridge was rinsed with approximately 500 mL of Milli-Q water.  
All filtrations were carried our within a plastic storage box, cleaned with Milli-Q water, in 
order to minimise contamination.  The table and surrounding windows close to the filtration 
area were cleaned and covered with clean towels to minimise sample contamination.  
Sample blanks, consisting of Milli-Q water, were processed in the same way. 
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Suspended sediments collected in the three 5-L containers were allowed to settle, the 
overlying water decanted to waste and the remaining solids consolidated into a single 
container and stored below 4°C in the dark.  All samples were couriered back to Sydney in 
containers with ice bricks.  Samples were then stored below 4°C in the dark until analysis. 
 
4.2.2 Sample analysis 
 
Analysis of water, sediment and biological samples was conducted using methods described 
in Chapter 3 and as such, those methods are briefly summarised below. 
 
Water analysis  
 
Acidified water samples of 5 mL were analysed for dM by ICP-MS (Agilent 7500 CE) against 
matrix-matched standards, using an internal standard to correct for instrument drift and 
physical interferences.  The certified reference material (CRM) TM 28.3 (Environment 
Canada) was also analysed to verify the analysis.  Alkalinity, DOC and major ions were 
established from filtered (<0.45 µm) water samples.  Alkalinity (automated titration), DOC 
(high-temperature combustion method) and major ions (inductively coupled plasma optical 
emission spectrometry; ICP-OES) were established from filtered (<0.45 µm) water samples 
(APHA et al., 2005). 
 
Total recoverable suspended particulate metals  
 
Filter membranes used for filtering water samples were dried at 60 °C for 96 h before being 
accurately weighed.  The membranes were then returned to the oven for the same period 
and subsequently weighed.  This procedure was conducted three times in total to obtain an 
average dry weight.  Since the membranes were pre-dried and weighed prior to filtration 
and the volume of sample that was filtered was accurately recorded, a total suspended 
solids concentration was calculated.  Sample filter membranes were then digested in reverse 
aqua regia (3:1 HNO3:HCl) using a microwave (MARS Xpress; CEM Corporation, Mathews, 
USA) following an 18-h pre-digestion period.  Sample blanks (Milli-Q water filtered in the 
same manner as samples), new filter membranes, acid blanks and the PACS-2 CRM (National 
Research Council Canada) were processed using the same method to check analytical 
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quality.  Digested samples, blanks and reference materials were analysed using ICP-MS 
(Agilent 7500 CE) to determine total recoverable metals (TRM). 
 
Suspended particulate readily soluble metal fractions 
 
The following particulate metal extractions were carried out in 30 mL polycarbonate vials 
using un-dried, settled samples as both air-drying or freeze-drying have been found to incur 
significant artefacts during partial or sequential digestion (Turner, 2006).  The overlying 
water from the settled suspended sediments was decanted to waste, leaving only a thick 
slurry of fine particulates.   
 
The dilute acid-soluble metal (ASM – representing metals bound by hydroxides and 
carbonates, e.g. readily soluble) concentrations of the samples were determined using a 
method similar to Simpson et al. (2005).  Succinctly, 0.2% v/v HNO3 (Merck, Tracepur) was 
added to homogenised wet sediments (at 15 mL 0.2% HNO3 per 0.2 g wet wt. sediment) and 
the sample gently agitated for 5 min.  The supernatant was immediately filtered through 
0.45 µm cellulose nitrate membranes (Sartorius Minisart) and stored in acid-washed 
polycarbonate vials until analysis by ICP-MS. 
 
The enzyme soluble metal (ESM) concentrations of the settled samples were determined by 
incubating samples in the commercially available enzyme pepsin, following a method 
adapted from Turner and Olsen (2000) and described in Chapter 3.  Briefly, 0.15% w/v pepsin 
(pepsin A from porcine stomach mucosa; activity=600 units per mg protein, Sigma Chemicals 
Co.) was prepared in 1 L of Milli-Q water and acidified to pH 3 by the addition of 50% v/v HCl 
(200 µL of 50 % HCl in 1 L of 0.15% pepsin).  Pepsin was added to homogenised wet 
sediments (at 0.2 g wet wt. per 15 mL 0.15% pepsin) and the sample agitated on a lateral 
shaker for 6 h.  The supernatant was immediately filtered and analysed using the same 
method as for ASM.   
 
Duplicates of TSS samples were conducted for all extractions and found to produce good 
RSDs of < 10, 5-10 and 10-20% for TRM, ASM and ESM respectively.  Blanks consisting of 
each reagent were processed in the same manner.  A sub-sample of each original TSS sample 
was accurately weighed, dried at 120°C for >3 d and re-weighed to calculate ww/dw ratios. 
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Bed sediment fractionation and metal analysis  
 
Samples of surficial bed sediment were wet-sieved through a 63 µm nylon mesh (Sefar Filter 
Specialists, Australia) with the aid of a small volume of Milli-Q water.  Excess water was 
removed from both the resulting fine (<63 µm) and coarse (>63 µm) fractions via filtration 
through a 0.45 µm mixed cellulose filter (Whatman) under vacuum in a filter rig (Sartorius).  
Sub-samples of fractionated sediments were then dried at 110 °C for 4 d and digested in 
reverse aqua regia using the method described above for filter membranes (using 0.5 g dry 
wt.) and analysed with ICP-MS to determine TRM.  ASM and ESM were determined for both 
fractions of the surficial bed sediments using the methods described above. 
 
Analysis of plant samples 
 
Frozen plant samples were cut into 1 cm2 subdivisions using a Teflon®-coated razor blade 
and a plastic chopping board.  The pieces were subsequently sectioned at random into two 
aliquots for metal analyses (TRM and ASM) as above.  Sectioned samples were quickly 
returned to the freezer and kept frozen until they were freeze-dried prior to 
digestion/extraction. 
 
4.2.3 Statistical analyses 
 
Metals data were assessed for normality (Skewness, Kurtosis and Omnibus Normality of 
Residuals Tests) and equal variance (Modified-Levene Equal-Variance Test).  Analyses of 
significant differences between sites (predominantly between sites receiving mine-derived 
materials and reference tributaries) were made by a one-way ANOVA using either a 
Newman-Keuls Test or a Tukey-Kramer Test (NCSS, 2007). 
 
4.3 Results and Discussion 
4.3.1 QA/AC results 
 
Water CRM recoveries were within 10% of certified values.  Standard addition was 
conducted on 10% of the samples to check for matrix interferences with 90-110% recoveries.  
Duplicate analyses were performed on 10% of the samples and percent RSDs were <10%.  
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Analytical limits of detection (LODs) calculated from 3 × standard deviation of four acid 
blanks were 40 ng As/L, 30 ng Cd/L, 90 ng Cu/L, 30 ng Pb/L and 10 ng Zn/L.   
 
For solid-phase analyses, sample blanks, new filter membranes, acid blanks and reagent 
blanks were all less than two times detection limits.  CRM recoveries were within 9% of 
certified values.   
 
4.3.2 Physicochemical properties of water 
 
Alkalinity was greatest in the Strickland River (57-122 mg/L as CaCO3), demonstrating 
drainage of the upper limestone catchment, with the lowest alkalinity in the reference 
tributaries (14-41 mg/L as CaCO3 at Baia, Tomu, Rentoul and Herbert Rivers).   
 
DOC concentrations at all sites were relatively low (1-3 mg/L) compared with other tropical 
freshwater systems such as the Congo River (10.5-10.7 mg/L; Spencer et al., 2012), the 
Nyong Basin, Cameroon (11-36 mg/L; Brunet et al., 2009) with the highest levels found in the 
Herbert River (3 mg/L).  Interestingly, the off-river water bodies (ORWBs), which appeared to 
contain high levels of humic material, exhibited relatively low levels of DOC (1-2 mg/L).  The 
pH in the main river was relatively high (>7.7) favouring adsorption of metals to particulates, 
whereas the lowest pH was found in the ORWBs (6.6 at Avu) and the Herbert River (6.5).  
However, the differences in pH between Strickland River sites, ORWBs and reference 
tributaries was not significantly different (p>0.39; student’s t-test).  Sulphate concentrations 
at Strickland River sites and ORWBs (7.9-21.4 mg/L) were significantly greater (p<0.01; 
student’s t-test) than reference tributaries (<0.5-1.1 mg/L) except for the ORWB 
Zongamange (1.2 mg/L).  Zongamange exhibited similar physicochemical properties to the 
Herbert River such as sulphate (18, 17 mg/L respectively), alkalinity (18, 17 mg/L as CaCO3), 
Ca (5, 6 mg/L), pH (6.7, 6.5) and conductivity (42, 40 µS/cm).  This is most likely due to the 
north end of Zongamange being open to the Herbert River as well as being open to the 
Strickland River at the southern end, thus receiving waters from both rivers, with potentially 
a more significant contribution from the Herbert River. 
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4.3.3 Dissolved metals 
 
Dissolved (<0.45 µm) metal concentrations were generally <μg/L and close to limits of 
detection for cadmium and lead at all sites, with no major differences in concentrations of 
these metals between sites (Table 4.1).  There was a strong dissolved arsenic signature at 
Strickland River and ORWB sites (with the exception of the ORWBs at Zongamange and Avu) 
of 1.0-2.0 µg As/L compared with reference tributaries (0.1-0.8 µg As/L) demonstrating a 
significant (p<0.01; student’s t-test) contribution of dissolved arsenic to the area by the 
mine.  Concentrations of dissolved copper ranged from 0.18 to 1.15 µg/L, with no significant 
difference (p>0.4) between sites.  Concentrations of dissolved iron ranged from 3-120 µg/L 
with reference tributaries generally higher in iron than Strickland River sites.  However, 
there was no significant difference of dissolved iron between sites (p>0.08).  There was a 
strong dissolved iron signature from the Herbert River (220 µg/L), which was also reflected 
in samples from Zongamange (230 µg/L), further demonstrating the connection between the 
Herbert River and the Zongamange ORWB.  Dissolved zinc concentrations were undetectable 
in the ORWBs and only detectable in two out of the four reference tributaries.  However, 
concentrations of detectable dissolved zinc were not significantly different between sites. 
 
These dissolved metal concentrations were similar to those observed in PJV’s long-term 
monitoring data (PJV, 2011) and confirm that there was not a significant difference in 
dissolved metal concentrations between sites receiving mine-derived materials (e.g. 
Strickland River and ORWBs) and reference tributaries for Cd, Cu, Pb, and Zn.  However, it 
must be noted that the results presented herein represent only a snapshot of dissolved 
metal concentrations in the study area.  Furthermore, PJV’s monitoring of this area occurs 
only once every three months and once every six months for the middle and lower Strickland 
respectively.  Therefore, any fluctuations in dissolved metals are unlikely to be captured if 
indeed they occur (e.g. increases potentially due to a short-term drought in the headwaters 
of the Strickland River, or decreases resulting from dilution by increased rainfall). 
 
Trace metal speciation within the study area was modelled using the Windermere Humic 
Aqueous Model (WHAM VI) (Tipping, 1994) with concentrations of dissolved metal, DOC, 
major cations and anions, pH and temperature (set at a constant 29 °C) as inputs.  Dissolved 
organic carbon was modelled as 10% humic acid, 90% fulvic acid (Santore et al., 2001).  The 
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model predicted that inorganic species dominated the speciation of cadmium at most sites, 
with Cd(CO3)2
2- the major form.  Organic complexation dominated the speciation of copper 
and lead at sites where DOC was above the LOD (1 mg/L).  For sites where DOC was <LOD, 
DOC was modelled as 0 mg/L, therefore the inorganic metal (Me) complexation as hydroxy 
(Me(OH)2) and carbonate (Me(CO3)) species dominated the copper speciation (>60% of all 
copper species) and complexation by Me(CO3) dominated the speciation of lead (>80% of all 
lead species).  Where zinc was detected in samples, speciation was a mixture of inorganic 
Zn2+ (the free-metal ion) and organic complexation (e.g. at Rentoul), predominantly organic 
(e.g. >84% in the Herbert River) or predominantly inorganic (e.g. >70% of Zn(OH)2 at 
Strickland River sites).   
 
The implications of the speciation modelling are that copper and lead were predicted to be 
in the forms that are less likely to be bioaccumulated than cadmium and zinc due to the 
presence of a majority of copper- and lead- organic complexes.  This would result in a 
decreased labile metal content and consequently, lower binding of copper and lead at the 
gill apical membrane, according to the biotic ligand model (BLM; Santore et al., 2001; Paquin 
et al., 2002).  However, it must be noted that the model only provides predictions based on 
the inputs and assumes chemical equilibrium, whereas the studied area was highly dynamic.  
Furthermore, while the amount of DOC has been utilised in the modelling, it is also the 
quality (e.g. fraction of humics, fulvics and other constituents) of the organic matter that will 
affect trace element speciation (Filella, 2010; Baken et al., 2011).  Previous work in the 
Lagaip River (that feeds the Strickland River) determined the labile concentrations of the 
copper and lead using a Chelex® resin (Chapter 3).  Unfortunately, concentrations of 
dissolved metals in samples collected for the present study were too low to undertake this 
or similar speciation analysis.  Therefore, the speciation modelling presented above could 
not be validated experimentally. 
  
  
 
 
 
 
 
 
Table 4.1. Concentrations of dissolved (<0.45 µm) metals, pH, dissolved organic carbon), alkalinity and major cations/anions in samples collected in the Strickland River, off river 
water bodies (ORWBs) and reference tributaries
a
.   
    As Cd Cu Fe Pb Zn     
pH 
  
DOC 
  
Alk
b 
  
Major 
cations/anions 
  Site M SD M SD M SD M SD M SD M SD     Ca Mg Na SO4 
  
µg/L 
  
mg/L 
 
mg/L 
R
ef
er
en
ce
 
tr
ib
u
ta
ri
es
 
Baia 0.78 0.11 0.03 0.00 0.93 0.10 36 1 0.06 0.01 <0.01 0.00 
 
8.2 2 41 
 
17 2 1 2 
Rentoul 0.05 0.03 0.04 0.00 0.63 0.01 77 4 0.03 0.01 0.14 0.45 
 
7.3 2 14 
 
4 <1 <1 <1 
Tomu <0.04 0.00 0.03 0.00 0.37 0.03 123 7 <0.03 0.00 <0.01 0.00 
 
6.9 1 17 
 
5 2 1 <1 
Herbert 0.55 0.07 0.03 0.01 0.19 0.01 216 10 0.07 0.01 0.04 0.13 
 
6.5 3 17 
 
6 <1 <1 1 
 
                      
St
ri
ck
la
n
d
 
R
iv
er
 
Bebelubi 1.32 0.04 0.03 0.01 0.61 0.04 3 2 <0.03 0.00 0.49 0.32 
 
7.7 1 122 
 
42 6 2 21 
SG4 1.23 0.12 0.04 0.01 0.80 0.12 10 0 0.03 0.00 0.32 0.14 
 
7.9 1 62 
 
26 3 2 21 
Strickland u/s 2.02 1.30 0.03 0.00 1.15 0.65 4 0 <0.03 0.00 0.14 0.11 
 
8.0 2 63 
 
24 2 2 8 
SG5 1.00 0.11 <0.03 0.00 0.72 0.03 14 4 0.03 0.00 0.06 0.10 
 
7.9 1 57 
 
20 2 2 10 
 
                      
O
R
W
B
s 
Kukufionga 1.72 0.27 0.02 0.00 0.67 0.01 5 1 <0.03 0.00 <0.01 0.00 
 
8.0 1 70 
 
25 2 2 13 
Zongamange 0.66 0.18 <0.03 0.00 0.18 0.02 225 14 0.05 0.01 <0.01 0.00 
 
6.7 2 18 
 
5 <1 <1 1 
Avu <0.04 0.00 0.03 0.01 0.37 0.08 123 215 <0.03 0.00 <0.01 0.00 
 
6.6 3 38 
 
14 2 1 8 
Levame 1.13 0.21 0.03 0.00 0.50 0.30 10 1 <0.03 0.00 <0.01 0.00   7.8 2 65   23 2 2 11 
a Metals shown as means (M) ± standard deviation (SD; n=3).   
b Alk=alkalinity, mg/L as CaCO3 
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4.3.4 Suspended particulate metals  
 
Although 15 L of water was collected at each site and left to settle to collect TSS, samples 
collected from the ORWBs and Herbert River did not yield sufficient material for metals 
analysis.  There was a significant difference between total recoverable metal concentrations 
of the TSS collected at Strickland River sites compared with reference tributaries for arsenic 
and lead (p<0.05) and zinc (p<0.01) as shown in Table 4.2.  This demonstrated that the 
Strickland River was a major source of these metals in the suspended solid phase and 
showed the use of TSS arsenic and lead as tracers of mine materials.   
 
Table 4.2.  Total suspended solids concentration, total recoverable metals; and dilute acid soluble metals (ASM) 
for suspended solids samples collected in the Strickland River and its reference tributaries
a
   
    
TSS 
As  Cd  Cu  Fe Pb  Zn  
 Type Site TRM* ASM TRM ASM* TRM ASM TRM ASM TRM* ASM TRM* ASM* 
  
mg/L mg/kg % mg/kg % mg/kg % mg/kg % mg/kg % mg/kg % 
R
ef
er
en
ce
 
tr
ib
u
ta
ri
es
 Baia 600 7 9 0.55 14 16 16 42 1 10 7% 77 5 
Rentoul 150 0 0 0.58 7 41 11 61 0 10 4% 92 4 
Tomu b 12 0 - 0.16 - 41 - 60 - 6 - 97 - 
 
              
St
ri
ck
la
n
d
 R
iv
er
 Bebelubi 720 28 4 0.46 28 52 20 55 0 39 9% 129 13 
SG4 650 49 3 0.62 34 46 28 52 0 68 6 167 15 
Strickland u/s 420 20 4 0.41 32 30 20 48 0 37 8 138 10 
SG5 330 19 3 0.48 27 31 18 49 0 39 7 143 10 
aValues shown are means of duplicate analyses (all <10% relative standard deviation) 
b Note; ASM not determined for Tomu due to insufficient sample 
* denotes a significant difference (p <0.05; ANOVA) between the mean of reference tributaries and the mean of Strickland River sites 
 
The dilute acid soluble metal extractions (ASM) of TSS revealed that the Strickland River 
samples had significantly increased (p<0.05) percentages of ASM (% of TRM) compared to 
reference tributaries for cadmium and lead (Table 4.2).  This possibly indicates the recent 
precipitation of these metals onto the suspended particulates within the main river.  This 
could have a consequence for cadmium and zinc bioaccumulation via ingestion of such 
suspended particles in the Strickland River.  However, this does not explain why the prawns 
in the ORWBs demonstrate significantly increased tissue concentrations of these metals 
(PJV, 2011) as there was very little TSS found in these areas.  There were no significant 
differences between the percentage TRM present as ASM of arsenic and lead in the TSS from 
Strickland River sites and reference tributaries. 
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4.3.5 Bed sediment metals 
 
As all of the material in the tailings stream was <100 μm  and considering that the distance 
between the tailings discharge and the most upstream site within this study (Bebelubi) is 
located over 300 km from the discharge, only the <63 μm fraction of surficial bed sediment 
was considered as mine derived.  Furthermore, the <63 μm fraction contained at least twice 
the metal concentration (per g) than the coarse fraction.  Therefore, only the <63 μm 
fraction will be discussed in this section.  Samples collected at Bebelubi were the only 
samples where 100% of the sample was >63 μm. 
 
For all metals analysed, there were no significant differences in the TRM between sites 
receiving mine-derived materials and reference tributary sites (Table 4.3).  This suggests that 
once the TSS-bound metals were deposited, natural dilution caused the significant 
differences between sites to disappear.  ASM concentrations and the percentage of total 
organic carbon in the fine bed sediment were also not significantly different between sites.   
 
Table 4.3. Concentrations of total recoverable metals and percentage acid soluble metals (ASM) within the < 63 
µm fraction of surficial sediments collected from the Strickland River and its reference tributaries and off river 
water bodies (ORWBs) connected to the Strickland River
a
.   
    As, mg/kg  Cd, mg/kg  Cu, mg/kg Fe, g/kg Pb, mg/kg  Zn, mg/kg  % of 
bulk 
TOC, 
%b Type Site M %ASM M %ASM M %ASM M %ASM M %ASM M %ASM 
R
ef
er
en
ce
 
tr
ib
u
ta
ri
es
 Baia 4 6 0.88 12 16 9 43 0 8 3 81 3 15 - 
Tomu <2 - 0.76 10 49 13 65 0 9 7 107 3 45 2.7 
Herbert 21 4 0.97 10 35 8 48 0 50 14 218 3 100 0.9 
 
               
St
ri
ck
la
n
d
 R
iv
er
 
SG4 16 2 0.50 23 27 12 43 0 38 7 141 5 35 0.5 
Strickland u/s 17 2 0.57 14 26 11 44 0 30 6 139 4 100 - 
SG5 14 4 0.87 16 32 8 46 0 35 12 176 4 66 0.7 
 
               
O
R
W
B
s 
Kukufionga  30 8 0.81 12 37 7 55 1 54 19 176 9 51 1.3 
Zongamange  19 8 0.97 8 32 7 66 1 38 16 136 9 100 2.6 
Avu  4 6 0.79 30 40 15 35 0 28 15 186 19 47 6.7 
Levame  22 9 0.51 11 32 5 49 0 42 16 141 9 100 0.7 
a Concentrations shown are mean (M; n=3, RSD of samples from same site <10%) dry weight. 
 
4.3.6 Plant metals 
 
Metal concentrations of collected aquatic and terrestrial plants are shown in Table 4.4.   
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Table 4.4. Total recoverable metal concentrations for plant materials collected from the Strickland River, off 
river water bodies (ORWBs) and reference tributaries
a
.   
    As, mg/kg  Cd, mg/kg  Cu, mg/kg  Pb, mg/kg  Zn, mg/kg  
Site Type* M SD %ASM M SD %ASM M SD %ASM M SD %ASM M SD %ASM 
Herbert† A 17 0.1 4% 0.4 0.0 31% 22 1.0 12% 29 0 6% 140 4 12% 
Zongamange‡ A 4.8 0.2 44% 0.2 0.1 70% 3.0 0.6 37% 1 0 10% 47 7 73% 
Avu‡ A 50 1.6 52% 0.2 0.0 94% 21 0.6 65% 14 4 18% 41 1 89% 
Levame‡ A 16 1.2 73% 0.1 0.1 100% 8.9 2.3 31% 8 2 59% 37 14 100% 
Mean (A)   22     0.2     14     13     66     
Baia† T 2.8 3.0 16% 0.1 0.1 100% 13 13 33% 2.3 2.4 49% 29 18 49% 
Rentoul † T 0.0 0.0 0% 0.0 0.0 22% 6.4 4.4 14% 0.1 0.0 14% 10 6 30% 
Tomu† T 0.1 0.1 52% 0.0 0.0 100% 4.5 3.0 31% 0.1 0.1 24% 15 6 107% 
Bebelubi T 0.5 0.0 3% 0.0 0.0 80% 5.5 4.6 9% 0.5 0.2 38% 17 13 18% 
SG4 T 1.1 0.6 6% 0.1 0.1 59% 10 5.9 8% 1.1 0.9 28% 21 4 28% 
Kukufionga‡ T 2.2 2.0 23% 0.1 0.0 47% 7.0 2.0 16% 1.7 2.0 47% 21 15 43% 
Zongamange‡ T 1.2 - 21% 0.0 - 39% 9.0 - 15% 0.1 - 5% 25 - 55% 
Mean (T)   1     0.05     7.0     1     20     
† = reference tributaries; ‡ = ORWBs; * (A) = aquatic plants (filamentous periphyton of unidentified taxa); *(T) = floating terrestrial leaves 
(of unidentified taxa). a Concentrations shown are mean (M) ± SD (n=2 or 3).  The mean of each plant type (from all sites) is also given. 
 
The TRM metal concentrations of the aquatic plants (filamentous periphyton of unidentified 
taxa) were on average 2-22 times greater than the metal concentrations of terrestrial leaves 
(unidentified taxa).  This most likely reflects the difference in bioaccumulation of metals by 
aquatic plants over a period of time compared with the adsorption of metals by terrestrial 
leaves recently deposited into the surface waters.   
 
The terrestrial leaves would eventually decay and sink to the bottom of the water bodies, 
forming part of the detritus.  Following this, the concentration of adsorbed metal may be 
expected to increase during this decomposition, based on an increase in surface area and 
increased time spent in the receiving waters.  Indeed, when the >63 μm fraction of bed 
sediment from Zongamange and Avu ORWBs (comprised of coarse sediment and detritus) 
was analysed for TRM, As, Cd, Cu and Pb were an order of magnitude greater than that of 
the terrestrial leaves collected at the Kukufionga and Zongamange ORWBs (data for >63 μm 
sediment in Supporting Information Table S4.5).  This suggests that the decaying plant 
material (of both terrestrial and aquatic in origin) could act as a source of trace metals when 
decayed to detritus.  However, there were no significant differences between sites for either 
>63 μm bed sediment metals.  Interestingly, metal concentrations of aquatic plants at the 
Herbert River site were greater than those collected at the ORWBs.  The reason for this 
discrepancy is currently unknown.  However, the percentages of ASM of aquatic plants were 
significantly (p<0.05) lower in Herbert River samples than for samples from ORWBs, most 
likely reflecting the recent precipitation of such metals on the latter.  It must be noted that 
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variations in metal concentrations of the plants sampled could be due to the different taxa 
of plants sampled.   
 
4.3.7 Potential sources of metals to prawns in the system 
 
As well as increased alkalinity in the Strickland River and ORWBs, dissolved (<0.45 μm) 
calcium concentrations were significantly greater (p<0.01, student’s t-test) at these sites (18-
42 mg Ca/L) compared with reference tributaries (4-17 mg Ca/L).  Several studies have 
shown that an increase in ambient calcium can reduce the uptake of cationic metals such as 
cadmium from solution in aquatic invertebrates, most likely due to competitive binding at 
the gill apical membrane (Bondgaard and Bjerregaard, 2005; Tan and Wang, 2011).  This 
would therefore suggest that prawns in the Strickland River and ORWBs may demonstrate 
reduced cadmium uptake rates (hence reduced tissue-Cd concentrations) compared with 
those in the lower calcium environments of the reference tributaries, whereas the opposite 
is true within the study area (PJV, 2011).  This could potentially point to the significance of 
the dietary pathway for trace metal accumulation over uptake from water.  Further studies 
are required to quantify the kinetics of metal bioaccumulation from water and diet by 
Macrobrachium species. 
 
Due to the significantly greater increase of TRM arsenic and lead concentrations in Strickland 
River TSS compared with reference tributaries, it was assumed that the TSS has the potential 
to be major source of these metals to organisms if the particulates were ingested.  However, 
Macrobrachium spp. are littoral-benthic organisms and are generally thought to be 
omnivorous detritivores (Albertoni et al., 2003).  It is therefore unlikely that the prawns 
would be directly ingesting TSS and it was therefore important to consider the percentage of 
extractable metals found within the settled bed sediments.  An enzyme extraction (ESM) was 
also performed on the TSS samples to determine the proportion of TRM that was potentially 
pseudo-gut soluble.  ESM concentrations were low (3-8% of TRM) for As, Cd, Fe and Zn or 
zero (for Pb) with no significant differences in % ESM between Strickland River and reference 
tributaries for all metals apart from copper.  Copper exhibited a significantly greater % ESM 
(p<0.04) in samples from the Strickland River (7-17% of TRM) than reference tributaries (3-6 
% of TRM).  This may suggest the presence of a small pool of labile copper in the main river, 
which fluxes between solution and weakly-precipitated forms and thus may be bioavailable. 
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Bed sediment ESM concentrations were low (0-12% of TRM) with no significant differences 
between sites (Table 4.3).  Total organic carbon (TOC), which may act to bind with metals 
and lower solubility to the water column, was low (Table 4.3) with no differences between 
sites.  Unlike differences in metal concentrations of suspended sediments (Table 4.2), there 
were no significant differences in bed sediment metal concentrations between samples 
collected from reference tributaries and those from sites receiving mine-derived material.  
Therefore, it is unlikely that bed sediment metals were a major source of the significant 
differences in bioaccumulated metal concentrations in the prawns of the system. 
 
Based on the data presented above, it is unlikely that the plant materials sampled were 
responsible for the differences in bioaccumulated metals in prawns in the system.  Bunn et 
al. (1999) conducted stable isotope analyses of several Macrobrachium species in the Fly 
River (of which the Strickland River is a major tributary).  They determined that algae 
comprised <10% of the diets of M. rosenbergii and M. handschini.  However, analyses of the 
gut contents of 102 Macrobrachium acanthurus in a tropical coastal lagoon demonstrated 
that detritus (which could contain a large plant organic component) was the main 
component of their diet, with insects as the second most important item (Albertoni et al., 
2003).  Other sources have noted that post-larval and adult M. rosenbergii are omnivorous, 
and will eat algae, aquatic plants, molluscs, aquatic insects, worms and other crustaceans, 
including exhibiting cannibalistic behaviour (Ling, 1967).  Therefore, it would be prudent to 
conduct stable isotope analyses of these potential food items within the system to 
determine the major dietary component of the prawns.  Metal analyses could then be 
conducted on these items collected near the prawn capture locations to ascertain whether 
metal concentrations within such items differed between sites. 
 
Although extensive analyses were conducted on samples collected from the Strickland River 
to determine the readily soluble fraction of solid-phase metals, we were still not able to 
explain the observed metal bioaccumulation within the system.  The analyses did allow 
determination of whether there was a greater fraction of metal in the readily soluble 
fraction of suspended solids at sites receiving mine-derived material compared with that 
from reference tributaries.  This was most likely due to the fresh precipitation of metals onto 
suspended particulate material downstream of the mine.  Therefore, we were unable to gain 
further insight into the sources of metal bioaccumulation by biota in the Strickland River. 
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4.4 Conclusion 
 
Analysis of the water, sediments and plants of the Strickland River, ORWBs and reference 
tributaries were conducted to investigate the potential bioaccumulation of trace metals by 
native Macrobrachium prawns.  Dissolved metal concentrations were low, with no significant 
differences in As, Cd, Cu, Pb and Zn between sites receiving mine-derived materials and 
reference tributaries.  Physical properties of water samples suggested that due to increased 
calcium concentrations at sites receiving mine-derived materials, that for equivalent 
dissolved metal concentrations the rates of bioaccumulation of certain metals such as 
cadmium would be lower than at reference sites (due to competition for cell membrane 
binding sites).  However, the observed patterns of metal bioaccumulation by prawns 
(increased bioaccumulation at sites receiving mine-derived materials) do not indicate this 
was a significant factor.  Dissolved organic carbon concentrations were low at most sites (<2 
mg/L) and speciation modelling suggested that cadmium and zinc were present 
predominantly as inorganic species, while copper and lead existed predominantly as organic 
complexes.  This suggested that cadmium and zinc had a greater potential for 
bioaccumulation from solution than copper and lead based on the free ion activity model 
(Luoma and Rainbow, 2008).   
 
Analysis of particulate metal concentrations demonstrated that there was an increased 
fraction of more readily soluble metals bound by suspended sediments at Strickland River 
sites, which possibly explain the differences in bioaccumulation patterns.  However, 
increased metal bioaccumulation by prawns also occurred at ORWBs (also receiving mine-
derived materials), which contained very little, if any suspended sediments.  Furthermore, 
when the surficial bed sediment was analysed, there were no significant differences in either 
total recoverable metal concentrations, nor the fraction of readily soluble metals associated 
with this deposited material.  As the prawns are mainly benthic organisms, it is unlikely that 
the differences in bioaccumulated metals were due to ingestion of deposited fine sediment 
particles (whether voluntary or involuntary). 
 
Analysis of plant-associated metals, as potential food sources for prawns, revealed far 
greater concentrations associated with aquatic plants than plant materials of terrestrial 
origin.  Percentages of total recoverable metals as readily soluble metals were not 
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significantly different for samples collected at different sites.  The results indicated that it 
was unlikely that metals associated with plant materials were directly responsible for the 
differences in bioaccumulated metals by prawns within the system. 
 
Uncertainties and challenges 
 
The fact that there were no significant differences in the concentrations of dissolved metals 
between sites does not imply that these were not responsible for the differences in metal 
bioaccumulation by prawns in the system as this survey was a “snapshot” of metal 
concentrations and does not capture any pulses of dissolved metals. 
 
The present study illustrates the difficulty in using chemical analyses to understand trace 
metal bioaccumulation at such low environmental concentrations.  Furthermore, it 
demonstrates that undertaking more advanced analyses beyond total metal concentrations 
will not necessarily explain patterns of metal bioaccumulation in these environments.  A 
range of biological or physiological factors associated with the prawns’ behaviour and 
feeding may have an equal or greater influence on the observed bioaccumulation.  However, 
based on the findings of this study, suspended sediment sampling and analysis of total 
metals and dilute-acid soluble metals provides important information on the transport and 
potential supply of metals within the Strickland River.  Since the sampling and analysis of this 
material is currently not included in PJV’s environmental monitoring program, it is 
recommend that this be conducted in the future to provide a better insight into the 
transport of trace metals within the Strickland River. 
 
Further research was required to better identify the predominant source of each metal to 
the prawns to improve understanding of the bioaccumulation processes occurring in the 
Strickland River and associated water bodies.  Such work includes the exposure to a 
surrogate species Macrobrachium australiense to mine tailings (Chapter 5) and through the 
use of radioisotope tracers to individually label potential sources of metals (Chapter 6).  
Using this method, uptake and depuration rates of cadmium from water and assimilation 
efficiency and ingestion rates from dietary items were established (e.g. Wang and Fisher, 
1999; Creighton and Twining, 2010; Williams et al., 2010).  A biokinetic model of cadmium 
bioaccumulation was then developed to identify the predominant exposure source.  
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4.5 Supporting Information 
 
Table S4.5. Mean concentrations (M) of total recoverable metals and % acid soluble metals (ASM) within the 
coarse (> 63 µm) fraction of surficial sediments collected from the Strickland River and its reference tributaries 
and off river water bodies (ORWBs) connected to the Strickland River
a
.   
    As, mg/kg Cd, mg/Kg  Cu, mg/kg Fe, g/kg Pb, mg/kg Zn, mg/kg % of 
bulk 
TOC 
(%) Type Site M %ASM M %ASM M %ASM M %ASM M %ASM M %ASM 
R
ef
er
en
ce
 
tr
ib
u
ta
ry
 Baia 2 3 0.53 5 12 4 40 0 8 2 73 1 85 - 
Rentoul <LOR - 0.39 2 16 2 56 0 5 1 89 1 100 - 
Tomu <LOR - 0.67 16 41 13 74 0 9 4 110 6 55 2.2 
                
St
ri
ck
la
n
d
 R
iv
er
 
Bebelubi 16 0 0.90 3 20 3 43 0 14 3 108 2 100 - 
SG4 13 0 0.60 6 22 4 42 0 17 4 142 2 65 0.4 
SG5 9 1 0.54 8 19 4 41 0 15 3 133 2 62 - 
                
O
R
W
B
s 
Kukufoinga 16 5 0.72 19 39 11 42 1 29 15 138 16 49 5.6 
Avu 11 7 1.38 78 66 24 24 3 34 26 147 64 53 23 
a  Concentrations shown are mean (M; n=3, RSD of samples from same site <10%) dry weights. 
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Abstract 
 
In order to investigate the bioaccumulation of trace metals by freshwater prawns of the 
Macrobrachium genus in the Strickland River, Papua New Guinea (PNG), bioassays were 
conducted using Macrobrachium australiense as a surrogate due to issues involved with 
obtaining and holding the PNG species in Australia.  Experiments included exposures of the 
prawns to mine tailings in synthetic freshwater, as well as exposures to dissolved cadmium, 
copper and zinc.  Cadmium bioaccumulation by M. australiense was mostly attributed to 
uptake from solution when exposed to mine tailings, whereas lead and arsenic appeared to 
be bioaccumulated mostly from fine sediment ingestion.  When cadmium was 
bioaccumulated by M. australiense, the significant majority (>80%) was found in the 
hepatopancreas, regardless of exposure source.  Similar results were found for arsenic, 
copper and lead, where highest concentrations of these metals were found in the 
hepatopancreas.  The highest bioaccumulated zinc concentrations were found to be 
associated with moulted exoskeletons, suggesting a potential zinc regulatory mechanism for 
M. australiense. 
 
During the tailings exposures it was observed that concentrations of most dissolved metals 
remained fairly constant in the overlying water throughout the experiment, with the 
exception of copper and manganese, which increased without reaching equilibrium over 7 d.  
Subsequent experiments demonstrated that copper was released from tailings into solution 
via complexation with dissolved organic carbon originating from food and modified by the 
presence of prawns.  Manganese release to solution was also observed, although it 
appeared that bacterial processes within the tailings were responsible for this.  The results 
highlighted the care required when conducting metal accumulation experiments from 
sediment to account for bioaccumulation of copper and manganese via the aqueous phase 
along with any accumulation from the particulate phase. 
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5.1 Introduction 
 
The previous two chapters investigated the transport and partitioning of trace metals within 
the Lagaip and Strickland Rivers.  The results indicated that the dissolved metal 
concentrations decreased rapidly with distance downstream of the PJV mine.  The major 
component of the total metal flux in the Lagaip River was within the total suspended solids 
(TSS), with a low fraction of readily soluble TSS-bound arsenic and lead but relatively high 
solubility of TSS-bound cadmium, copper and zinc (e.g. a large fraction of the last three 
metals were liberated from the TSS using a dilute-acid digest).  This pattern continued in the 
Strickland River and off-river water bodies (ORWBs) associated with the Strickland River, 
where dissolved metal concentrations were near the analytical detection limits and the 
majority of the total metal load was within the solid phase (both as TSS and as settled bed 
sediment).  Analysis of TSS samples within the Strickland River area determined that there 
were significantly greater concentrations of total recoverable arsenic, lead and zinc within 
the TSS collected at Strickland River sites compared with that from reference tributaries.  
Furthermore, the fractions of cadmium and zinc within the TSS that were readily soluble (as 
determined by a weak acid extraction) of Strickland River samples was significantly increased 
compared with that of the reference tributaries.  However, considering that Macrobrachium 
spp. are predominantly benthic organisms (New et al., 2010), the settled bed sediment and 
associated materials (e.g. detritus) were considered more likely sources of metals to the 
prawns.  Analysis of surficial bed sediments and plant materials (as potential food sources, 
rinsed free of TSS) revealed that there were no significant differences in either total 
recoverable metal or readily soluble metal concentrations between sites.  Therefore, the 
extensive chemical analyses of samples collected in the Lagaip and Strickland Rivers did not 
offer any significant insights into the causes of the differences in prawn bioaccumulated 
metal concentrations between sites receiving mine-derived materials and reference 
tributaries in the Strickland River region.   
 
Laboratory bioaccumulation studies were conducted to provide information on the likely 
exposure sources of trace metals to the Giant River Prawn, Macrobrachium rosenbergii (De 
Man, 1879).  Unfortunately, due to the lack of M. rosenbergii farmers in Australia (the prawn 
species is native to far north Australia) and the difficulty of importing live M. rosenbergii 
from Papua New Guinea (controlled by very strict quarantine laws) a surrogate species of 
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prawn was used for the bioaccumulation studies.  An Australian species of Macrobrachium 
(Macrobrachium australiense; Holthuis, 1950 - hereafter referred to as prawns) was chosen 
as a suitable surrogate of Macrobrachium species in the Strickland River.  M. australiense has 
been found to occupy a similar ecological niche to that of M. rosenbergii, although M. 
rosenbergii is likely more predatory, whereas M. australiense is more likely omnivorous 
detritivores (Cook et al., 2002; Dimmock et al., 2004; New et al., 2010).   
 
The major difference between the two species was that M. rosenbergii larvae require 
brackish water in the first week to develop (New et al., 2010), whereas M. australiense are 
able to complete development in fresh water (Cook et al., 2002; Dimmock et al., 2004).  
However, M. australiense have been shown to tolerate brackish conditions (up to 15‰) 
including the ability to reproduce in such conditions (Lynette B, 1968; Lee and Fielder, 1981).   
 
The use of M. australiense as a surrogate species for M. rosenbergii has several limitations.  
The digestive enzymes of both Macrobrachium species have been identified with M. 
rosenbergii exhibiting the presence of tryptase, pepsin, cellulose, amylase as the major 
digestive enzymes (Li et al., 2008).  The major proteolytic enzymes found in M. rosenbergii 
were identified by Chisty et al. (2009), who identified major proteolytic activities at pH 3.0 
(most likely pepsin), 6.0 and 9.0 (as trypsin and chymotrypsin).  The major protease in the 
midgut gland of M. australiense was identified as chymotrypsin, with major protease 
activities found at pH 4.0 and 8.0, with an absence of trypsin (Figueiredo and Anderson, 
2009).  This suggests that the gut metal-extraction abilities of the two species may be 
different, with M. rosenbergii potentially able to extract more metal from ingested 
particulates than M. australiense due to a more acidic gut environment.  However, 
assimilation of trace metals from ingestion will be dependent on numerous other factors 
such as ingestion rate and assimilation efficiency.  Therefore, a comparison of the metal 
bioaccumulation mechanisms between the two species was conducted and is detailed in 
Chapter 7.   
 
Since 2006, the PJV environmental monitoring program has included the collection of serum 
sorbitol dehydrogenase (s-SDH) enzyme marker samples from the Lagaip and Strickland 
Rivers (PJV, 2011).  Results of field samples have indicated elevated activities of s-SDH in 
prawn tissues collected at sites receiving mine-derived materials relative to reference 
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tributaries (PJV, 2011).  It has been proposed that s-SDH can be used as a biomarker of 
hepatic cell damage, a sub-organism level effect (Webb and Gagnon, 2007).  Analyses of s-
SDH have been used to successfully identify chemically induced liver damage in black bream 
(Acanthopagrus butcheri) in response to pentachlorophenol sodium salt (Na-PCP) injections 
(Webb and Gagnon, 2007) and to identify liver damage in sand flathead (Platycephalus 
bassensis) in response to PAHs (Holdway et al., 1994).  However, to our knowledge, there 
have not been any studies that directly link s-SDH activity with trace metal exposure and 
effects.  A preliminary study into this relationship is discussed in this chapter. 
 
What follows in this chapter is an account of the laboratory holding conditions for M. 
australiense (section 5.2) and metal exposure assays.  The general methods used in prawn 
exposures, as well as experiment-specific methods are discussed in Section 5.3.  The 
bioaccumulation of metals from Porgera mine tailings and dissolved metal exposures and 
subsequent internalised location of the metals within the prawns were determined (Sections 
5.4.1 to 5.4.4).  An investigation into metal leaching from tailings solids into solution was 
also undertaken (Sections 5.4.5 to 5.4.9).  Finally, an experiment was conducted to 
investigate the relationship between dissolved cadmium exposure and s-SDH activity in an 
attempt to explain observed elevated activities of s-SDH found in prawns within the Lagaip 
and Strickland Rivers (Section 5.4.10). 
 
5.2 Prawn Holding and Maintenance 
 
The following section describes the laboratory holding conditions for M. australiense and 
details the holding and experimental media used, the stocking of holding tanks from a 
commercial prawn farm, feeding regimes and holding tank water quality monitoring. 
 
5.2.1 Holding tank preparation 
 
Two 43-L opaque plastic storage containers (hereafter referred to as holding tanks) and one 
25-L plastic container was manually cleaned with a neutral detergent (Neutracon) and 
reverse-osmosis (RO) water prior to a further detergent wash, acid wash and RO rinse in a 
Gallay dishwasher.  All other plasticware was acid-washed as described in the general 
methods section 2.3.1. 
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Several studies have used de-chlorinated tap water to keep Macrobrachium spp. (e.g. Li et 
al., 2005; Kumar et al., 2006).  However, this medium was not used due to relatively high 
concentrations of dissolved metals in the tap water of the laboratory used (mainly copper).  
Therefore, prawns were held and tested in synthetic river water (SRW) made with reverse 
osmosis/deionised water and four salts (Table 5.1).  A total of 20 L of SRW was prepared in a 
clean 25-L plastic storage container as per Table 5.1.  The medium was mixed overnight 
using a magnetic stirrer prior to use.  SRW was chosen as a preferred holding and testing 
media as it had similar physicochemical properties to that of the Lagaip and Strickland Rivers 
(Table 5.2).  Furthermore, this medium has been used successfully in our laboratory as a 
surrogate water for that of the Fly River, to which the Strickland River is a major tributary 
(unpublished data). 
 
Table 5.1. Synthetic river water preparation in 20 L of reverse osmosis (RO) water. 
Salt Mass in 20 L of RO water (g) 
NaHCO3 1.92 
CaSO4·2H2O 1.20 
MgSO4·7H2O 2.46 
KCl 0.08 
 
Table 5.2. Physicochemical properties of synthetic river water (SRW) physiochemical properties compared with 
those of the Lagaip and Strickland Rivers (see Chapters 3 and 4 respectively). 
  Major cations (mg/L) 
 
Hardness (mg 
CaCO3/L) 
Alkalinity (mg 
CaCO3/L) Water Ca K Mg Na pH 
SRW 28 1.2 2 1 7.9 59 30 
Lagaip River 32 1.0 4 5 8.0 80 69 
Strickland River 22 <1.0 3 2 7.9 55 53 
 
 
5.2.2 Holding tank stocking 
 
M. australiense (37-57 mm total length – from end of rostrum to end of telson; 8.3 – 13.3 
post orbital carapace length – from posterior edge of the orbital notch of the carapace to the 
posterior of the carapace on a dorsal line; 0.6-2.7 g whole wet wt) were couriered from a 
private aquaculture facility in Queensland (Bingera Weir Farm, Bundaberg) in two separate 
sealed plastic bags (20 prawns per bag) within an insulated box.  For the initial batch of 
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prawns, approximately 1.5 L of rainwater was added to one bag, which had been super-
saturated with O2 by bubbling pure O2 through the water for a period of 30 mins.  The 
second bag was filled without super-saturation with O2.  The shipment was delivered 
overnight and upon arrival, the bags were checked for survival and dissolved oxygen (DO) 
content.  In the bag filled with air, none of the prawns had survived and the DO was at 30% 
saturation.  However, the bag filled with pure O2 had 100% survival and 216% oxygen 
saturation.  This represented a need to maintain adequate dissolved oxygen concentrations 
for the prawns during transport and holding.  The surviving prawns were transferred to the 
holding tanks at 10 prawns per tank (stocking density 0.5 prawn/L tank media).  Water 
quality measurements were made (e.g. temp, DO, pH, conductivity and ammonia 
concentrations) before and after prawns were introduced to the holding tanks and on a daily 
basis.   
 
In January 2010, a second batch of M. australiense was sent from the same supplier.  
Approximately 70 prawns were sent in two plastic bags, whose water was super-saturated 
with O2.  While the DO was >130% saturation upon arrival, approximately 50% of the 
organisms died in transit and measurements collected from the water in each bag showed 
relatively high (>8 mg/L) total ammonia concentrations, which was most likely the cause of 
the fatalities. 
 
A third batch of prawns was received in August 2010.  The prawns were sent by the supplier 
at a stocking density of 20 prawns / bag.  Waters within the bags were super-saturated with 
O2 (>130% saturation).  Each bag contained a small nylon mesh bag containing 
approximately 100 g of zeolite (Aqua One ChemiZee; Ingleburn, Australia; approximately 150 
g), which worked well to reduce ammonia concentrations in transit (Total NH4 <1 mg/L) as 
well as reducing the number of prawns per bag.  This delivery method was used for all 
subsequent batches with a survival rate of greater than 90%.   
 
Studies have shown that Macrobrachium spp. are territorial and cannibalistic and require 
shelter to reduce any antagonistic interactions (personal observation; Mariappan and 
Balasundaram, 2004).  Therefore, prawns were transferred to individual 250 mL 
polycarbonate vials within the holding tanks and fed one food pellet (see Section 5.4 below).  
The vials had 25, 2-mm holes drilled in the lids to provide adequate transfer of oxygenated 
5. Stable metal bioaccumulation studies 
136 
water and removal of waste.  This setup was also employed to enable a reduced feeding 
regime (every three days) due to less competition for food, which minimised ammonia 
production within the holding tanks.  Housing prawns individually also allowed each prawn 
to be sized before use in tests and to record individual prawn moulting events.  Unless 
otherwise stated, intermoult prawns (e.g. >5 d post-moult) were selected for the 
experiments.   
 
Each 250 mL vial was placed on its side in the holding tanks to maximise water exchange.  
Aeration and water filtration was provided by an Eheim Professional™ (Model No. 2224) 
external filter containing both biological and physical substrates and a small bag of zeolite 
(approximately 200 g) to remove ammonia and other trace contaminants.  Both holding 
tanks were filtered/aerated by a single Eheim pump, hence mixing the water between the 
two tanks. 
 
5.2.3 Feeding regimes 
 
Regarding feeding, most laboratory studies with Macrobrachium spp. feed prawns once or 
twice a day (Adhikari et al., 2007; Intanai et al., 2009; Davassi, 2011).  Initially, 0.5 g of 
commercial shrimp pellets (HBH Pet Products, Utah: >40% crude protein; >8% crude fat; <4% 
fibre; <9% moisture; <15% ash) was fed to each tank on the first two days of the prawn’s 
arrival.  The prawns were not fed on the third day and when checked on the fourth day, one 
prawn from each tank had been preyed upon and consumed completely.  It was therefore 
decided that daily feeding of 0.4 g would take place. 
 
Subsequent batches of prawns, which were kept individually as described above, were fed 
every third day with 1 vegetable pellet (Prestige Vegi Pellet; Kirawee, NSW: 32% crude 
protein; 5% crude fat; 4% crude fibre; 8% moisture) as it was decided that the reduced 
protein content of the food and reduced feeding frequency would result in decreased 
ammonia production when digested by the organisms.  The food was also chosen because it 
was green and therefore visible throughout the prawn’s gastro-intestinal system through the 
transparent exoskeleton.  Prior to feeding, each prawn container (250 mL vial) was removed 
from the holding tank and the water and faeces discarded to waste with the aid of rinsing 
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with a small volume of SRW.  One food pellet (Vegi Pellet) was then introduced to each 
container and the container returned to the holding tank. 
 
5.2.4 Holding tank water monitoring 
 
Temperature, dissolved oxygen, pH and conductivity were monitored daily using hand-held 
instruments.  Temperature and conductivity measurements used a conductivity meter (LF 
320, WTW) with a probe (TetraCon 325, WTW; Weilheim, Germany).  Dissolved oxygen 
measurements were undertaken by using a meter (Oxi 196, WTW) with an oxygen electrode 
(EO96, WTW) calibrated according to manufacturer’s instructions.  Measurements of pH 
(calibrated against pH 4 and 7 buffers, Orion Pacific, Sydney, New South Wales, Australia) 
were collected using a pH meter (pH 320, WTW) equipped with combination pH (Sure-flow 
9165BN, Thermo Orion, Beverley, MA, USA) electrode.  Ammonia concentrations were also 
monitored daily using a quick, two-reagent colourimetric test (Aquarium Pharmaceuticals 
Inc.).  Prior to the introduction of the Ehiem pump, ammonia concentrations appeared to 
reach equilibrium at 2-4 mg/L NH4 within 3 days of a 50% water change.  According to Naqvi 
et al. (2007) late juvenile M. rosenbergii exhibited significantly decreased survival and feed 
intake rates at total ammonia levels 0.5 – 1.5 mg/L, which indicated a requirement to reduce 
ammonia levels within the holding tanks.  The Ehiem pump/filter and zeolite effectively 
reduced total ammonia concentrations to < 0.25 mg/L.  Furthermore, the application of this 
filter allowed for a reduction in the volume of water changes to 25% water renewal every 3 
days and resulted in total ammonia concentrations < 1.0 mg/L.   
 
Daily temperature measurements confirmed that the holding tanks remained at laboratory 
temperature of 20±1 °C.  Dissolved oxygen concentrations were maintained at 5.8±0.2 mg/L 
and 98±0.3% saturation.  Holding water pH was 7.9±0.1 and conductivity was 270±40 µS/cm.  
These parameters were maintained in all experiments reported in this chapter unless 
otherwise noted.  Dead prawns and moulted exoskeletons (exuvia) were removed from the 
tanks when present.  Dead prawns were measured and both dead prawns and exuvia were 
weighed after blotting dry with tissue paper and were stored frozen prior to tissue metal 
concentration analysis. 
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5.3 Experimental methods 
 
All experiments were conducted using the general experimental procedure (Section 5.3.1) 
and methods specific to individual experiments are discussed in the following subsections. 
 
5.3.1 General experimental procedure 
 
M. australiense were exposed to either mine tailings or dissolved metals in square 1.125 L 
polypropylene containers (Decor, Tellfresh; hereafter referred to as chambers) in SRW.  
Some of the chambers had internal square polypropylene baskets, which allowed the prawns 
to be raised above tailings solids and/or allowed the prawns to be transferred from one 
chamber to another with ease.  Each chamber was sealed using a polypropylene lid to 
minimise evaporation of test media.  Chamber lids had appropriate holes drilled to enable 
continuous aeration, which was achieved via polypropylene tubes (2 mm ID) fed by electric 
aquarium air-pumps.   
 
Experiments were conducted at 21±0.1 °C (water temperature) under a 12:12 h light regime 
in either an incubator or a temperature-controlled room.  Exposure solutions/mixtures were 
left to equilibrate with the chambers for 24-48 h prior commencing the experiment.  Prawns 
were selected at random from a similar size range (43-45 mm total body length measured 
from the end of the rostrum to the end of the telson) in order to preclude any effects caused 
by size differences.  Prawns were not fed 24 h prior to introduction to test chambers and 
were fed 1 pellet every three days during the test (directly into the test chamber) unless 
otherwise stated.   
 
Sub-samples of test media were collected every one to two days during the experiments.  A 
20 cm long polypropylene tube (2 mm ID.), specific to each chamber, was connected to a 20 
mL syringe (Terumo), inserted into the chamber via the hole in the lid used to provide 
aeration and a 15 mL sub-sample was collected from the bottom of the chamber (e.g. as 
close to the prawn as possible but above the tailings).  The sample was then filtered through 
an on-line 0.45 µm membrane filter (Sartorius, Minisart High-Flow): the first 5 mL of filtrate 
was transferred to a 30 mL polycarbonate vial for pH testing; the second 5 mL of filtrate was 
transferred to an 8 mL glass vial for total ammonia (NH3/NH4
+) testing and the final 5 mL of 
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filtrate transferred to a 5 mL polycarbonate vial and acidified to 0.2% HNO3 for dM analysis 
via ICP-MS (Section 2.6.1) or ICP-AES (Section 2.6.2) to determine dM exposure and 
fluctuations in these concentrations over the period of the test. 
 
At the termination of the exposures, all surviving organisms were transferred to clean 
chambers with 400 mL SRW and allowed to depurate for 48 h prior to being sacrificed by 
cooling to 4 °C for 4 h prior to being rinsed with copious amounts of Milli-Q, measured, 
weighed, dissected and analysed (Section 2.5).  Tissue metal concentrations were tested for 
normality and variance (Modified-Levene Equal Variance Test) and log-transformed 
accordingly.  Tissue metal data was subsequently compared between treatments using 
either a Student’s t-test or a Dunnett’s 2-sided Multiple Comparison Test (NCSS 2007).  Due 
to the small number of replicates per treatment (n=3), significance was tested at either 
p<0.05 or p<0.01. 
 
5.3.2 Initial tailings exposure  
 
In order to determine whether M. australiense was a suitable organism for metal uptake 
studies, a static, non-renewal 14-d exposure to Porgera mine tailings was conducted 
involving three different scenarios of metal exposure: (i) dissolved metals released from 
tailings with no contact to tailings; (ii) combined dissolved and particulate metals from 
suspended tailings; and (iii) direct contact to tailings. 
 
Exposure chambers were set up by transferring 10 g (wet wt) of settled Porgera tailings 
solids to square 1.125 L polypropylene containers, before 1 L of SRW was added to each 
container.  Some containers had internal square polypropylene baskets, which allowed the 
prawns to be raised above tailings solids.  Chambers were assembled as shown in Figure 5.1, 
such that: (i) the prawns were situated above tailings solids in polypropylene baskets, 
therefore potentially exposed to dissolved metals (dM) originating from the passive release 
from tailings only (dissolved exposure; Figure 5.1a); (ii) the prawns were situated above 
tailings solids, receiving d[M] and fine particulate ([M]TSS) metals originating from the 
suspension of tailings via the use of four air-lines (one in each corner – TSS exposure; Figure 
5.1b); and (iii) prawns were situated in direct contact with tailings solids (direct exposure; 
Figure 5.1c).  Each treatment was conducted in triplicate along with three control chambers 
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containing SRW only and polypropylene baskets.  Four smaller holes were also drilled in the 
three lids of the suspended particulate exposure chamber lids to accommodate the small air-
lines.   
 
 
 
Figure 5.1. Experimental setup for tailings exposure with (a) dissolved, (b) dissolved and TSS and (c) direct 
metal exposures.  Containers were 1.125 mL polypropylene (PP), square with PP lids and PP baskets for tests 
(a), (b) and control (not shown).  Supplementary aeration to (b) attempted to keep particles in suspension 
while bioturbation in (c) caused the particles to remain in suspension. 
 
5.3.3 Total ammonia (NH4
+ + NH3) exposure 
 
In order to determine ammonia thresholds for M. australiense, a 14-day exposure to total 
ammonia was conducted.  A stock solution of 80 mg/L total ammonium nitrate (total 
ammonia) was prepared by dissolving 235 mg NH4Cl in 1 L of SRW.  The pH was adjusted to 
7.9 through the addition of 140 µL 1M NaOH/L SRW.  The test was carried out in exposure 
chambers without baskets and consisted of two controls (SRW), three treatments of 10 mg/L 
total ammonia and three treatments of 20 mg/L total ammonia, all with 1-L of test/control 
media each.  Renewal of 100% of test solutions took place every second day and feeding 
took place every third day prior to solution changes.  The test was conducted over 14 d and 
no aeration was provided for the duration to maintain ammonia levels. 
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5.3.4 Tailings exposure and partitioning of accumulated metals 
 
To investigate the internal partitioning of metals and the concentrations of metals 
associated with the exoskeleton, a direct tailings exposure was conducted.  Three direct 
exposures were set up as detailed in Section 5.3.2.  Three controls consisting of SRW only 
were also prepared.  Upon completion of the test (12 d), prawns were depurated and then 
sacrificed.  Prawns were subsequently dissected into four compartments as best as 
practicably possible: (i) abdomen flesh; (ii) posterior (abdomen) exoskeleton; (iii) 
hepatopancreas and (iv) anterior (cephalothorax) exoskeleton including legs, antennae and a 
small amount of tissue attached to eyestalks.  The remaining cephalothorax soft tissues (e.g. 
stomach and gills) were not analysed.  The compartments described above and the moults of 
prawns from the holding tanks were dried, digested and analysed. 
 
5.3.5 Tailings and dissolved cadmium, copper and zinc exposure 
 
This experiment attempted to establish whether the majority of Cd, Cu and Zn accumulation 
by prawns exposed to mine tailings occurred via the dissolved phase or through 
ingestion/direct contact of contaminated particulates.  This was achieved by comparing the 
bioaccumulated metals resulting from a tailings exposure with a dissolved-metal exposure.  
The dissolved metal exposure used nominal Cd, Cu and Zn concentrations at least twice that 
observed during the tailing tests (e.g. the dissolved metals released to the overlying water).  
Accumulated metal concentrations in four compartments (hepatopancreas, abdomen and 
anterior and posterior exoskeletons) were compared between the two exposures. 
 
The tailings exposure was conducted as detailed in Section 5.6.2 (direct tailings exposure).  A 
50 mL spiking solution of 1.6, 6 and 50 mg/L Cd, Cu and Zn respectively was prepared in SRW 
and acidified with 0.2% HNO3 to maintain metals in solution.  1 mL of the spiking solution 
was subsequently added to SRW to create a final concentration of 1.6, 6 and 50 µg/L Cd, Cu 
and Zn respectively as the dissolved exposure (the addition of the metal spike did not 
significantly alter the test water pH of 7.8±0.2).  This test medium was subsequently 
transferred to three test chambers without tailings (dissolved exposure).  Both the tailings 
and dissolved metal exposures were carried out in triplicate.  The test also included three 
controls, consisting of SRW alone.  Fifty percent of each test solution (including overlying 
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water in the tailings exposure) was renewed every 3 d in order to maintain the dissolved 
metal concentrations.  Test organisms were fed every 3 d in their exposure chambers (1 day 
prior to a water change). 
 
The test was carried out for 14 d.  Upon completion of the test, prawns were depurated, 
weighed and dissected into four compartments (section 5.3.4).  Each prawn section was 
freeze-dried, digested and analysed for Cd, Cu and Zn.  Six holding prawn moults from 
prawns that were of a similar size (e.g. total length of test prawns ± 1 mm) were also 
analysed for background exoskeleton metal concentrations. 
 
5.3.6 Determining the degree of bacteria assisted oxidation of metal-sulphide minerals in 
tailings  
 
Simpson et al. (2005) determined that bacterially-assisted oxidation of metal-sulphide 
minerals within the suspended solids was responsible for the increase in dissolved copper in 
another sub-catchment of the Fly-Strickland River system in PNG.  To determine whether 
bacterial oxidation of tailings material caused increases in dissolved copper during tailings 
exposures, the following experiment was conducted. 
 
The experimental conditions of previous tailings exposures (Section 5.3.2 and Sections 5.3.4 
to 5.3.5) were reproduced on a smaller scale and the methods of Simpson et al. (2005) were 
followed.  A 4 g (wet wt) tailings material was transferred to each of six 500 mL Nalgene 
bottles.  To each was added 400 mL of SRW (to ensure a minimum 100 mL headspace 
providing oxygenated conditions).  To three of the bottles (designated as the sterile 
treatment), 0.17% v/v formalin (1.84 mL of 37% stock solution in 400 mL) was added, while 
the remaining three unmodified bottles were referred to as the unaltered control.  The 
bottles were constantly rolled at 21°C with a 12h light / 12 h dark regime (as for prawn 
accumulation experiments).  Subsamples of 7 mL were collected at t = 0, 1, 2, 3, 6, 8, 10 and 
13 days, filtered through 0.45 µm (with the initial 2 mL of filtrate discarded to waste) and 
preserved (0.2% HNO3) until analysis of trace metals by ICP-AES. 
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5.3.7 Assessing the effect of prawn-mediated water on copper and manganese release 
from tailings 
 
To investigate whether the introduction of food and prawns to tailings exposures caused an 
increase in the leaching of metals into solution a similar experiment was conducted where 
tailings were continuously rolled in prawn-mediated SRW. 
 
Three exposure chambers were prepared with 1 L of SRW without tailings.  One prawn was 
transferred to each container and fed every three days with one food pellet.  After 7 d, the 
prawns were transferred back to the holding tanks and the remaining water was retained.  
The water from each chamber was filtered (0.45 μm; to remove any food and faeces) and 
800 mL was transferred to two Nalgene bottles (400 mL in each) and 40 mL of each filtrate 
was sampled for DOC analysis.  To each of the 6 Nalgene bottles, 4 g (wet wt) of tailings was 
added.  To 3 of the Nalgene bottles, 0.17% v/v formalin (1.84 mL of 37% stock solution in 
400 mL) was added as the sterile treatment (to determine the degree of bacterial oxidation), 
such that water from each original prawn chamber was divided into 1 sterile treatment and 
1 unaltered control.  The bottles were constantly rolled at 60 rpm at 21°C with a 12:12h 
light:dark cycle.  Subsamples of 7 mL were collected at 0, 1, 2, 4 and 7 days, filtered through 
0.45 µm (with the initial 2 mL of filtrate discarded to waste) and preserved (0.2% HNO3) until 
analysis.  The pH of the tests (7.8 ± 0.2) did not vary during the experiment. 
 
5.3.8 Assessing the release of dissolved copper from tailings via dissolved organic carbon 
complexation 
 
A further experiment was performed comparing the differences in dissolved copper and 
manganese concentrations over time between treatments with a combination of prawns, 
food and tailings.  Treatments of tailings alone, tailings plus food pellets and tailings plus 
food plus prawns were set up to determine the differences in DOC concentrations and 
corresponding dissolved metal releases. 
 
Six polyethylene containers were prepared with 1 L of SRW and 10 g (wet wt) of tailings and 
left to equilibrate for 24 h in a temperature controlled cabinet at 21 °C with continuous 
aeration.  After equilibration, one prawn was introduced to each of two test containers.  The 
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prawns were fed every third day with one food pellet each.  One food pellet was also 
introduced to each of another two test containers to test for the increase in Cu-DOC 
complexation due to decomposing food alone.  The two remaining containers were left 
unmodified to determine the increase of dissolved copper in a static situation with no 
potential increase of DOC.  The pH and conductivity of sub-samples were measured and the 
samples filtered (0.45 μm) and acidified (5 mL for dissolved metals and 40 mL for DOC).  The 
experiment was conducted over a 14 d period and dissolved metal samples were analysed 
for dissolved metals (via ICP-MS) and DOC (Section 2.3.10). 
 
5.3.9 Food dissolution study 
 
An investigation into the metals released into SRW from food pellets was conducted to 
determine the possible contribution of food pellets to dissolved bioavailable metals.  Five 
120 mL polycarbonate vials were filled with 100 mL of SRW.  Three of the vials had one food 
pellet each (treatment) while the remaining two vials were used as controls without any 
food.  From each vial, 7 mL subsamples were collected 2 minutes after adding the food 
pellets to the treatment vials (and the vial was briefly shaken) using acid-washed syringes 
and 0.45 μm filters.  The first 2 mL of filtrate was discarded to waste and the remaining 5 mL 
of filtrate was transferred to clean vials and acidified.  Further sub-samples were collected at 
t=6, 24, 48, 72 and 144 h and the samples analysed for trace metals by ICP-MS. 
 
5.3.10 Assessing the release of copper and manganese from tailings in the presence of 
food and prawns: determining labile metal concentrations 
 
To investigate the lability of metal released into solution from tailings further, the 
experiment reported in Section 5.3.8 was repeated with slight modifications.  One food 
pellet was added to each of six exposure chambers and 1 post-moult (4-5 days prior to 
experiment start) prawn was added to each of three food-containing chambers.  Three 
chambers were left unamended (e.g. no food or prawns) to act as controls.  For sub-samples 
collected during the experiment, the first 40 mL of filtrate was transferred to a 40 mL amber 
glass vial and preserved for DOC analysis and the remaining 60 mL of filtrate was transferred 
to a polycarbonate vial and stored un-preserved in the dark at <4 °C until labile metal 
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analysis.  The sub-sampled water was replaced with 100 mL of clean SRW in order to 
maintain a test volume of 1 L.   
 
The experiment was conducted over 14 d, and one food pellet was added to each of the 
food and food plus prawn chambers every three days.  Sub-samples of the overlying water 
were collected after 4, 8, 12 and 14 d as described above.  The unpreserved water samples 
were analysed for the percentage Chelex-labile metal in a clean room environment, using a 
method developed by Bowles et al. (2006).  Total dissolved and Chelex-labile metal 
concentrations were determined using ICP-MS. 
 
5.3.11 Investigating the relationship between dissolved cadmium exposure with serum 
sorbitol dehydrogenase (s-SDH) activity 
 
The following experiment was conducted to investigate the link between dissolved cadmium 
exposure, bioaccumulated cadmium and s-SDH activity in order to determine the potential 
for using the latter as a biomarker of sub-lethal effects in response to cadmium exposure. 
 
M. australiense (10.8 ± 1.4 mm post orbital carapace length, 0.9 ± 0.1 g wet weight), were 
exposed to a log concentration series encompassing cadmium concentrations found in the 
Lagaip and Strickland Rivers (0.06 and 0.03 μg Cd/L respectively; Chapters 3 and 4) in 
addition to greater concentrations (1 and 10 μg Cd /L).  A stock solution of cadmium was 
prepared using a plasma emission standard (AccuTrace™ Reference Standard, AccuStandard, 
Newhaven, USA) in order to produce nominal test solutions of 0 (control: <0.001), 0.01, 0.1, 
1.0 and 10 μg Cd/L in SRW (pH = 7.9 ± 0.2).  The tests were conducted in exposure chambers 
with 400 mL of test solution and each treatment was carried out with five replicates (with 
each replicate consisting of an individual exposure chamber and an individual prawn).   
 
A static renewal test was conducted over 7 d, with 75% of the test solutions replaced every 
24 h.  Sub-samples of the test solutions were collected prior to each water change to verify 
exposure concentrations.  At the culmination of the test, prawns were rinsed in Milli-Q 
water and the abdomen was dissected from the cephalothorax with a single incision while 
the prawns were still alive.  The whole abdomen was immediately snap-frozen in liquid 
nitrogen and stored at -80°C until transportation to Curtin University, WA (at <-60°C using a 
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dry shipper) for s-SDH analysis.  The remaining cephalothorax was sacrificed at 4°C for 3 h 
before being measured (post-orbital carapace length), weighed and frozen.  Tissue samples 
were freeze-dried, digested and analysed by ICP-MS as per Section 2.5.  s-SDH activity was 
determined as per Section 2.7. 
 
5.4 Results and Discussion 
5.4.1 Initial tailings exposure 
 
Water pH in both controls and treatments remained steady (7.7 ± 0.2) throughout the 14 d 
exposure.  Total ammonia (NH3/NH4
+) increased throughout the test from <0.1 mg/L initially 
to 4 mg/L at the conclusion of the exposure, due to the lack of test media changes.  While 
there are currently no published toxic effects data for ammonia to M. australiense, ammonia 
concentrations of up to 8 mg/L have been found to be tolerated by this species during 
previous experiments (unpublished data).  However, a total ammonia exposure was 
conducted to determine toxicity thresholds of M. australiense and is described in Section 
5.4.2 below. 
 
Tissue metal concentrations for each treatment and overlying water d[M], averaged over the 
duration of the experiment, are shown in Table 5.3.  Time-averaged dissolved metal 
concentrations were not significantly different (p>0.05) between treatments for any metal.  
However, copper was observed to increase linearly with time in all treatments (Fig. 5.2).  The 
concentrations of the other dissolved metals (As, Cd, Pb and Zn) did not increase 
substantially from the beginning of the experiment, suggesting that equilibrium had been 
reached between metals in solution and tailings-bound metals within the 24 h equilibration 
period.  The reason for the increase in dissolved copper was not known and was further 
investigated as reported in Sections 5.4.5 to 5.4.9. 
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Figure 5.2. Increase in dissolved Cu concentrations in the overlying water during tailings exposure.  Values 
represent means ± SD error bars (n=3). 
 
Table 5.3. Metal concentrations for M. australiense cephalothorax (C) and abdomen tissue (A) and 
corresponding time-averaged dissolved metal concentrations (d) for the tailings exposure over 14 d
a
.   
  As 
 
Cd 
 
Cu 
 
Pb 
 
Zn 
 
C A d 
 
C A d 
 
C A d 
 
C A d 
 
C A d 
Treatment μg/g μg/L 
 
μg/g μg/L 
 
μg/g μg/L 
 
μg/g μg/L 
 
μg/g μg/L 
Control M 1.5 0.8 0.1 
 
0.7 0.02 0.0 
 
68 9 1 
 
0.1 0.2 0.01 
 
200 56 2 
Control SD 0.1 0.1 0.0 
 
0.1 0.00 0.0 
 
22 2 0 
 
0.0 0.0 0.00 
 
38 2 1 
                    Dissolved M 1.8 0.4 1.5 
 
3.0 0.02 0.8 
 
63 9 5 
 
0.5 0.2 0.01 
 
240 59 19 
Dissolved 
SD 0.1 0.0 0.3 
 
1.6 0.02 0.2 
 
4 2 2 
 
0.2 0.0 0.00 
 
35 1 4 
                    TSS M 3.9b 0.6 2.2 
 
4.4 0.02 0.9 
 
108 9 8 
 
3.6 0.2 0.03 
 
290 63 23 
TSS SD 1.4 0.2 0.6 
 
0.5 0.02 0.1 
 
14 4 0 
 
3.0 0.1 0.01 
 
52 2 4 
                    Direct M 5.2b 0.7 1.8 
 
4.2 0.03 1.1 
 
81 9 9 
 
4.8b 0.2 0.02 
 
330 63 25 
Direct SD 0.5 0.3 0.3 
 
1.4 0.00 0.0 
 
18 2 2 
 
1.7 0.0 0.00 
 
48 3 1 
a Values shown are means (M) and standard deviation (SD) of 3 replicates.  Tissue metal concentrations are reported as dry wt. 
b signifies values that are significantly different from the dissolved treatment (p < 0.01; Dunnett’s Two Sided Multiple Comparison Test). 
  
There were no significant differences in abdomen tissue metal concentrations between 
controls and treatments for all metals.  This suggests that the abdomen tissue was not 
affected by relatively short-term exposures to dissolved or particulate-bound metals at the 
exposure concentrations tested.  Furthermore, abdomen tissue metal concentrations were 
an order of magnitude lower than that of the cephalothorax.  This confirms PJVs 
biomonitoring data where abdomen tissue metal concentrations were less than those for 
cephalothorax (PJV, 2011).   
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Arsenic and lead cephalothorax concentrations were significantly greater (p<0.01) for TSS 
and direct exposures than for the dissolved exposure indicating increased accumulation 
from exposure to particulate-bound metals.  Copper and zinc concentrations within the 
cephalothorax were not significantly different between controls and the dissolved metal 
exposure, despite the higher concentrations of dissolved metal in the latter.  This suggests 
that M. australiense was able to regulate any increased hepatopancreas accumulation of 
these two metals by matching uptake with depuration or by regulating uptake rate.  Other 
decapod crustaceans have been shown to regulate dissolved copper and zinc up to threshold 
concentrations often much greater than those experienced in this study (Nugegoda and 
Rainbow, 1989; Vijayram and Geraldine, 1996).   
 
Accumulated cadmium in the cephalothorax of the prawns was significantly different 
(p<0.01; t-test) between the controls and the treatments, but there were no significant 
differences between treatments in cephalothorax cadmium concentrations.  This suggests 
that regardless of whether the exposure route was via the dissolved phase or via that 
combined with ingestion of cadmium-bearing particulates (as may have been the case in the 
TSS and direct exposures), the main accumulation pathway was via the dissolved phase.  
Note that there were no significant differences between the concentrations of dissolved 
cadmium between treatments.  However, it must be noted that because the replicate size 
per treatment was only three, there was low statistical power to confirm that there were no 
differences in bioaccumulated cadmium between treatments.  It is recommended that 
future assays use more than three replicates.   
 
Based on the results presented above, it appears that arsenic and lead were accumulated via 
a sediment ingestion pathway, due to the significant increase in accumulated metal between 
the dissolved and TSS/direct treatments.  Bioaccumulation of copper and zinc appeared to 
be well regulated due to insignificant differences between treatments for cephalothorax and 
abdomen tissue metal concentrations.  This could have been achieved via the ability to 
regulate uptake and/or efflux rates of these metals.  While mean concentrations of cadmium 
in the cephalothorax tissues of prawns seemed to be greater for the TSS/direct exposure 
treatments compared to the dissolved exposure, the differences were insignificant. 
 
5. Stable metal bioaccumulation studies 
 149 
5.4.2 Total ammonia (NH4
+ + NH3) exposure 
 
No mortalities occurred during the test for any treatment.  After 8 days, the three prawns in 
the 20 mg/L total ammonia test were transferred to a 40 mg/L total ammonia test for the 
remainder of the test period.  Due to zero mortalities from any treatment, it was determined 
that the 4 mg/L total ammonia accumulated in the tailings exposures would have imposed 
minimal acute toxicity on the test organisms.  
 
5.4.3 Tailings exposure and partitioning of accumulated metals 
 
Overlying water dissolved metals concentrations were similar to that in the previous tailings 
exposure, with copper again showing a linear increase in concentration over time (Fig. 5.3).  
Dissolved arsenic also increased over time.  Dissolved cadmium, lead and zinc did not 
significantly increase during the tailings exposure.   
 
 
Figure 5.3. Overlying water As, Cd and Cu dissolved (<0.45 µm) metal concentrations during 12 d tailings 
exposure.  Solid lines represent controls and broken lines represent tailings exposures.  Concentrations shown 
are mean ± standard deviation (n=3).   
 
Tissue arsenic concentrations were below detection limits (0.75 µg/g) apart from the direct 
exposure hepatopancreas and anterior and posterior exoskeletons.  However, these arsenic 
concentrations were less than double the detection limit and therefore cannot be 
confidently relied upon.   
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Figure 5.4.  Accumulated metals compartmentalisation of M. australiense exposed to mine tailings for 12 d.  
Holding tank moulted exoskeletons (moult) are also shown.  Concentrations shown are mean ± SD (n=3).   
 
Tissue lead concentrations were undetectable (limit of detection = 0.2 µg/g) in any 
compartment of either treatment apart from the tailings exposed anterior and posterior 
exoskeletons (means of 0.9±0.2 and 0.7±0.5 µg/g respectively).  This may have been the 
result of some fine particulates associated with the exoskeleton that were not removed with 
the rinsing steps or bioaccumulated lead may have been partitioned to the cuticle.  
0
5
10
15
20
25
u
g/
g 
d
w
 
Cd 
0
100
200
300
400
u
g/
g 
d
w
 
Cu  
0
100
200
300
400
u
g/
g 
d
w
 
Zn  
5. Stable metal bioaccumulation studies 
 151 
Detoxified lead granules have been found in the thoracal extensions of the antennal gland 
(prior to excretion in the urine) in the giant tiger prawn Penaeus mondon (Vogt and Quinitio, 
1994).  M. australiense may possibly have a similar storage site for lead granules, which may 
explain the detection of lead in at least the anterior exoskeleton. 
 
Cadmium concentrations in holding tank moults and the exoskeletons of control and 
exposure prawns were undetectable (Fig. 5.4).  This suggests that cadmium was not actively 
partitioned to the exoskeleton by the prawns.  The only cadmium detected was in the 
hepatopancreas of both control and treatment prawns.  The mean cadmium concentration 
within the hepatopancreas of the tailings exposed prawns was greater than that of the 
controls, although they were not significantly different.  The lack of significance was likely 
due to large variations in concentrations of cadmium body burdens in individual prawns 
(range of cadmium in exposed prawns was 7-36 µg/g dry wt).  Indeed, the variance of the 
hepatopancreas cadmium concentrations for the tailings exposure was 210 times greater 
than that of the controls.  This suggests that there was an increase in cadmium 
bioaccumulation within the hepatopancreas of the prawns in the tailings exposure, but that 
the low number of replicates resulted in statistically insignificant differences.  Future studies 
should use a greater number of replicates to reduce the variation in results.  The results 
demonstrate that the hepatopancreas was the main site of cadmium internalisation and 
agree with those of White and Rainbow (1986) and is probably related to the induction of 
metallothionein in the hepatopancreas of crustaceans (Roesijadi, 1992; Amiard et al., 2006). 
 
Tissue copper concentrations of holding prawn moults were significantly less (p<0.05; t-test) 
than that of the exoskeletons of the prawns in both the control and tailings exposure 
treatments (Fig. 5.4).  This may suggest that copper stored in the exoskeleton was 
internalised pre-ecdysis or that the dissected exoskeletons contained the anterior lateral 
artery, which transports heamolymph (of which copper is the main constituent) (New et al., 
2010).  Furthermore, the mean concentrations of copper in both sections of the exoskeleton 
were greater than that of either the hepatopancreas or abdomen of control prawns 
suggesting a potential storage site or area of metabolic activity during periods of low copper 
exposure (see Section 5.10.2).  There was a greater mean concentration of copper within the 
hepatopancreas of the exposure prawns compared with the control prawns, although the 
difference was not significant (p>0.2; t-test).  However, the results demonstrated that the 
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hepatopancreas was the most likely the site of copper detoxification under conditions of 
increased copper exposure.  
 
The greatest concentration of tissue zinc in the control and treatment prawns was found in 
the hepatopancreas (Fig 5.4).  Interestingly, there were no significant differences in the zinc 
concentrations of these tissues between the control and treatment prawns.  This suggests 
that M. australiense was efficiently regulating any accumulated zinc.  Another interesting 
result was that the moulted exoskeletons demonstrated significantly greater (p<0.01; t-test) 
zinc concentrations than the exoskeletons of either the control or tailings exposed prawns.  
This suggests that zinc was partitioned to the exoskeleton pre-moult and, therefore, this may 
be a means of regulating excess zinc within M. australiense (see Section 5.4.4 for further 
discussion on exoskeleton-associated zinc).  
 
This tailings exposure demonstrated that metal accumulation from tailings can be variable, 
as demonstrated by the difference in arsenic and lead accumulation between this and the 
previous tailings exposure.  The hepatopancreas was shown to be the organ of greatest 
cadmium, copper and zinc concentrations and there was evidence that the exoskeleton of 
M. australiense could be involved in the regulation of bioaccumulated copper and zinc. 
 
5.4.4 Tailings and dissolved cadmium, copper and zinc exposure 
 
Two control prawns moulted on days 1 and 12, two dM exposured prawns moulted on day 6 
and depuration day 1 and one tailings exposure prawn moulted on day 7.  Moulted 
exoskeletons were collected from test chambers using clean plastic tweezers, well rinsed 
with Milli-Q water, transferred to clean 30 mL PC vials and freeze-dried prior to acid 
digestion and analysis.  The pH of the tests did not vary with time or treatment (7.7±0.2). 
 
The data in Fig. 5.5 show the Cd, Cu and Zn accumulated in different compartments from 
each treatment along with the time-averaged concentration of each metal in the overlying 
water from three replicates.  Overlying water concentrations for cadmium and zinc remained 
steady over the period of the exposure, with minor fluctuations reflecting the water 
changes.  Dissolved copper concentrations increased linearly over time for the tailings 
exposure, regardless of changing 50% of the overlying water every 3 days.  Time-averaged 
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overlying water concentrations were 1.4 and 1.3 times greater for dissolved cadmium and 
zinc respectively in the dissolved exposure compared with the tailings exposure, whereas 
time-averaged dissolved copper did not differ significantly between treatments. 
 
Cadmium accumulation was insignificant in control prawns and was only detectable in the 
hepatopancreas of the exposure prawns (Fig. 5.5).  The mean cadmium accumulated within 
the hepatopancreas of the dissolved metal exposed prawns was approximately twice that of 
the cadmium accumulated in the hepatopancreas of the tailings exposed prawns (although 
not significantly different).  Similarly, the prawns within the dissolved metal treatment were 
exposed to 1.4 times greater concentration of dissolved cadmium than those within the 
tailings treatment (cadmium released by tailings into solution), suggesting that the 
difference in dissolved cadmium alone was responsible for the difference in bioaccumulated 
cadmium.  This finding reinforces the findings from the exposures conducted in Section 
5.4.1, where prawns caged above the tailings accumulated similar cadmium concentrations 
to those in direct contact with the tailings, but both treatments were exposed to similar 
concentrations of dissolved cadmium. 
 
Copper accumulated primarily within the hepatopancreas of treatment prawns relative to 
that in other compartments.  However, there were no significant differences in 
hepatopancreas copper concentrations between the dissolved metal treatment and tailings 
exposure, reflecting the insignificant differences between the overlying water copper 
concentrations.  This suggests that at these concentrations, the accumulation via the 
dissolved pathway (e.g. uptake from gills) was the predominant pathway for copper and 
copper was not taken up from the tailings via the food pathway. 
 
M. australiense accumulated copper within the hepatopancreas at concentrations 
considerably greater than controls after exposure to mine tailings and dissolved copper (Figs 
5.4 and 5.5).  This suggests that M. australiense is able to regulate whole body copper by 
using the hepatopancreas as a store of accumulated copper, as has been previously 
documented in marine decapod crustaceans (White and Rainbow, 1982; Rainbow, 1985).  
This has also been shown to be the case for the freshwater monsoon river prawn 
Macrobrachium malcolmsconii, which demonstrated increased copper concentrations within 
the hepatopancreas following exposure to dissolved copper (Vijayram and Geraldine, 1996).  
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Figure 5.5. Bioaccumulated Cd, Cu and Zn in M. australiense over 14 d in separate internal compartments for 
mine tailings exposures and dissolved metals (dM) exposures.  Tissue metal concentrations are shown as the 
mean ± SD (n=3 unless otherwise stated or individual moults).  Time-averaged metal concentrations in the 
overlying waters, collected every 3d are also shown (solid line = tailings exposure; dashed line = dissolved metal 
exposure). 
 
As found in previous experiments (Fig 5.4), the exoskeleton dissected from control and 
exposed prawns contained greater concentrations of copper than were detected in the 
moulted exoskeletons.  This was also apparent for the moults collected from the holding 
tanks, which were lower in copper than the dissected exoskeletons.  Engel et al. (2001) 
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studied the effects of moulting on trace metal body-burdens in the American lobster 
Homarus americanus and found that pre-moult, the concentration of copper in the 
haemolymph and digestive gland (hepatopancreas) was greatest during premoult stages.  It 
could be possible that some of the haemolymph was not removed from the exoskeletons 
dissected from euthanized prawns during dissection in our studies.  As the haemolymph 
contains copper in the form of haemocyanin, a respiratory protein (Engel et al., 2001; 
Ahearn et al., 2004), any haemolymph remaining on the exoskeleton would falsely increase 
measured exoskeleton copper concentrations.  However, as haemolymph is a liquid, it would 
be rinsed easily from the exoskeleton.  Furthermore, copper has been shown to be 
transferred from the carapace to the soft tissues prior to moulting by both the fiddler crab 
Uca pugnex (Bergey and Weis, 2007) and the grass shrimp Palaemonetes pugio (Keteles and 
Fleeger, 2001).  This suggests that the same mechanism of copper internalisation pre-moult 
may be present in M. australiense. 
 
Internalised zinc was also found at the highest concentrations in the hepatopancreas (Fig 
5.5).  This suggests that cadmium, copper and zinc are all detoxified/stored in the digestive 
gland of M. australiense and it is this organ that is the primary site of metal accumulation.  
Several studies have shown that the hepatopancreas is strongly involved in trace metal 
regulation and detoxification/storage in decapod crustaceans (Nuñez-Nogueira and 
Rainbow, 2005; Nunez-Nogueira et al., 2006) and it appears that the same mechanisms exist 
for trace metal detoxification/storage in M. australiense.  However, there was little 
difference in hepatopancreas zinc concentrations between controls and treatments 
suggesting regulation of any bioaccumulated zinc.  This may be due to the ability of M. 
australiense to regulate zinc uptake and depuration kinetics.  Other decapod crustaceans 
have been noted for their ability to regulate zinc uptake and depuration kinetics including 
the saltwater crab Carcinus maenas (Rainbow, 1985), the intertidal shrimp Palaemon 
elegans (White and Rainbow, 1982; Nugegoda and Rainbow, 1989), the saltmarsh shrimp 
Palaemonetes varians (Nugegoda and Rainbow, 1989) and the freshwater monsoon river 
prawn Macrobrachium malcolmsconii (Vijayram and Geraldine, 1996).  No evidence could be 
found of studies that have examined the regulation of zinc accumulated via dietary pathways 
in decapod crustaceans.  However, it can be postulated that once the metal has passed 
through the cell membrane (and hence has been bioaccumulated), similar 
detoxification/regulation mechanisms exist regardless of the uptake pathway. 
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Zinc was also found in detectable concentrations in the exoskeletons of prawns.  However, 
zinc concentrations were greater in the majority of moulted exoskeletons than the dissected 
exoskeletons.  This was potentially a route for zinc excretion for M. australiense.  The fiddler 
crab Uca pugnex,  was shown to transfer zinc from the carapace to the soft tissues prior to 
moulting (Bergey and Weis, 2007), demonstrating the opposite direction of pre-moult 
mobilisation to that found in M. australiense.  However, fiddler crabs collected from highly 
contaminated sites were found to transfer a considerable amount of lead from soft tissues 
to the exoskeleton prior to moulting, therefore depurating a significant concentration of 
lead via this method.  The moulted exoskeleton of the grass shrimp, Palaemonetes pugio, 
was also found to contain less zinc than that of intact exoskeletons (Keteles and Fleeger, 
2001), suggesting that metal excretion via the moulting of exoskeletons is species (or 
circumstance, e.g. zinc bioavailability) specific for zinc.  It must be noted that as the moulted 
exoskeletons were not rinsed in a chelating agent (e.g. EDTA), the proportion of adsorbed to 
bioaccumulated zinc was not quantified. 
 
This experiment showed that when exposed to mine tailings, which would be the most 
concentrated particulate metal source in the Lagaip/Strickland River system, the 
predominant source of uptake for cadmium was via the dissolved phase for M. australiense.  
Due to apparent internal regulation of zinc uptake and/or depuration kinetics at the 
exposure concentrations, it is unknown which pathway was the major source of zinc 
bioaccumulation.  However, the results do suggest that when M. australiense was directly 
exposed to mine tailings for 2 weeks, there was insignificant zinc bioaccumulation compared 
with unexposed control prawns.   
 
5.4.5 Determining the degree of bacterially assisted oxidation of metal-sulphide minerals 
in mine tailings 
 
Analysis of dissolved copper concentrations revealed that there were minimal releases of 
copper to solution (< 0.2 µg/L) over 13 d in both the sterile treatment and unaltered control.  
One explanation for this may be that through constant rolling of tailings and SRW, the 
process of dissolution of copper from tailings was matched by the adsorption of dissolved 
copper onto tailings particulates, resulting in a negligible net release of copper to solution.  
Note that in the indirect tailings exposures, where for the most part the tests remained 
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static with minimal disturbance of tailings solids, the direct exposures experienced constant 
bioturbation of tailings by prawns. 
 
A further explanation for the difference in copper release in this experiment from that of the 
prawn exposure experiments may be the presence of increasing concentrations of dissolved 
organic carbon (DOC) in the prawn exposures because of prawn excretions and the 
introduction of prawn food.  In the previous exposures of prawns to tailings, within the first 
7 days of the experiment the test was highly turbid due to the fine nature of the tailings 
(>48% of tailings <20 μm; PJV, 2011) and to disturbance by the organisms.  However, during 
the second week of the exposure, the tailings appeared to flocculate and settle, potentially 
because of ingestion and excretion by the prawn or coagulation with faecal material.  This 
biological processing of the sediment, along with the presence of decomposing food could 
increase the concentrations of Cu-complexing DOC within the test, hence rendering that 
fraction of total copper potentially unavailable for re-adsorption to the tailings. 
 
Manganese concentrations were also found to increase in overlying waters during prawn 
exposures to mine tailings (not reported above).  However, during the current experiment, 
manganese concentrations decreased over time in the unaltered control and remained 
largely unchanged in the sterile control (Fig. 5.6) suggesting that there was minimal bacterial 
activity within the tailings alone to instigate oxidation of Mn(II).   
 
 
 
Figure 5.6. Concentrations of dissolved (<0.45 μm) manganese in solution during 13 days of continuous rolling 
of mine tailings in synthetic river water with (sterile treatment) and without the addition of 0.17% v/v formalin.  
Values shown are means ± S.D. (n=3). 
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The results also demonstrated that mechanical mixing (e.g. partly mimicking bioturbation) 
was not responsible for significant releases of either copper or manganese from the tailings.  
The following experiment was designed to examine the effect of prawn mediated water 
(possibly containing extra metal-binding ligands) on copper and manganese release from 
tailings. 
 
5.4.6 Assessing the effect of prawn-mediated water on copper and manganese release 
from tailings 
 
Concentrations of dissolved (<0.45 µm) copper and manganese released from tailings during 
the experiment are shown in Fig. 5.7.  Dissolved copper concentrations were not significantly 
different between treatments with added formalin and unaltered controls suggesting there 
was insignificant release of copper from tailings due to bacterial oxidation.  Furthermore, 
dissolved copper concentrations did not increase substantially over the duration of the 
experiment (11 d).  This was to be expected as there was no addition of food and/or prawns 
in the current experiment, therefore the Cu-complexing capacity of the water would have 
remained unchanged.  However, the concentrations of copper released into solution in both 
treatments were significantly greater than in the previous experiment; e.g. 0.2 μg Cu/L 
released into non-mediated SRW (Section 5.10.2) and 17 μg Cu/L into prawn-mediated 
water (this experiment).  This suggests that the addition of the prawn and food to the water 
greatly increased the initial Cu-complexing capacity of the SRW. 
 
Dissolved manganese concentrations released into solution were greater for the unaltered 
control compared with the sterile treatment (Fig. 5.7) suggesting that bacterially-catalysed 
oxidation of organic matter by using MnO2 in the presence of the prawn-mediated water 
may have made a significant contribution to the release of Mn(II) from tailings.  Oxidation of 
organic matter by MnO2 to produce Mn(II) has been previously shown to be microbially 
mediated in the marine environment (Nealson et al., 1988).  This suggests that the 
introduction of food and prawns to the SRW for 7 days prior to tailings incubation 
encouraged microbial growth and subsequent Mn(II) oxidation. 
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Figure 5.7. Concentrations of dissolved (<0.45 µm) copper and manganese released from tailings incubated in 
prawn-mediated water over 11 days rolled at 60 rpm.  The sterile treatment was prepared with the addition of 
formalin (0.17% v/v).  Values shown are the mean ± 1 S.D. (n=3). 
 
The addition of formalin resulted in an increase of total DOC concentrations 200 times 
greater than that in the unaltered treatments (e.g. 4 mg/L DOC in unaltered and 800 mg/L 
DOC in formalin modified).  The insignificant difference between the copper released 
between treatments reflects the fact that copper release from tailings is not a function of 
total DOC but of the capacity of that DOC to bind copper.  Similar findings have been shown 
by Baken et al. (2011) where a 9-fold difference in DOC concentrations between freshwater 
samples resulted in a 4-fold (Cu) and 10-fold (Cd, Ni, Zn) variation in metal binding by 
dissolved organic matter.  While there were large variations in DOC concentration, the 
authors of that study concluded that dissolved organic matter quality was an equally 
important factor for metal complexation as DOC quantity.   
 
5.4.7 Assessing the release of dissolved copper from tailings via dissolved organic carbon 
complexation 
 
Aqueous copper concentrations demonstrated a very clear relationship with introduction of 
organic matter (Fig. 5.8).  The control treatment (no food or prawns) indicated no change in 
dissolved copper during the period of the experiment.  However, the tailings + food 
treatment increased from 0 to 11 µg Cu/L over the period of the test, suggesting that the 
introduction of food increased the complexing capacity of the overlying waters, causing a 
release of copper from tailings into solution.  Furthermore, the tailings + food + prawn 
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treatments exhibited a substantial increase of copper into solution (0-42 µg/L over 14 d), 
indicating that the presence of prawns either increased the concentration of DOC and/or 
increased the Cu-complexing capacity of ligands (e.g. increased the DOC quality) in the 
water. 
 
 
 
Figure 5.8.  Dissolved (< 0.45 µm) copper and manganese concentrations of overlying waters during metal 
release from tailings experiment.  Values shown are means ± SD (n=2). 
 
Dissolved manganese concentrations demonstrated different profiles from those for copper 
over the course of the experiment (Fig. 5.8).  The tailings only treatment demonstrated a 
decrease of dissolved manganese from overlying waters over 14 days.  This was either due 
to re-adsorption of manganese onto the tailings or due to the oxidation of Mn2+ to the 
insoluble MnO2, which would precipitate onto the tailings.  However, when organic matter 
was introduced to the experiment in the form of pelleted food (tailings + food treatment), 
dissolved manganese concentrations remained unchanged for 14 d.  This could suggest that 
the organic matter released into solution from the food was sufficient to stimulate bacterial 
processes to release manganese into solution to a point where equilibrium was reached 
between aqueous and solid phase manganese.   
 
When prawns (and their associated faecal material) and food were introduced into the 
system (tailings + food + prawn treatment) a net release of manganese from tailings to the 
overlying waters occurred (manganese increased from 250 to 750 µg/L on average), 
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consistent with the microbially mediated oxidation of manganese-binding materials within 
the tailings observed in the previous experiment.  Alternatively, the addition of organic 
matter to the system could have caused a reduction in the redox potential of the tailings (by 
consuming oxygen), which then favoured the dissolution of copper and manganese.   It could 
therefore be assumed that the initial introduction of tailings to the SRW caused a release of 
manganese to the dissolved phase during the 24 h equilibration period, which subsequently 
precipitated or re-adsorbed to the tailings in the absence of any bacteria or DOC (in the case 
of the tailings only treatment). 
 
 
 
Figure 5.9. Concentrations of dissolved organic carbon) from overlying waters collected over 14 d.  Values 
shown are the mean ± SD (n=2).   
 
Analysis of filtered sub-samples demonstrated increased DOC concentrations in the tailings + 
food and tailings + food + prawn treatments over the period of the experiment (Fig. 5.9).  
DOC concentrations did not vary significantly between those treatments, suggesting that 
food was the main source of DOC.  This finding was particularly noteworthy as the tailings + 
food treatment demonstrated very similar DOC concentrations to the tailings + food + prawn 
treatment but with substantially greater copper and manganese release in the latter 
treatment.  This suggests that the presence of the prawn greatly increased the binding 
capacity of the DOC for copper and/or bacterially mediated oxidation for manganese. 
 
Correlations between DOC and copper, and DOC and manganese were strong (Fig. 5.10), 
indicating that DOC complexation was associated with the release of copper and manganese 
from tailings.  However, as previously mentioned manganese does not generally bind to DOC 
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sufficiently to exchange between the particulate and dissolved phases and, therefore, this 
relationship must have been coincidental.  It is likely that the increased dissolution of 
manganese in the tailings + food + prawn treatment was a result of increased DOC, which in 
turn increased the bacterial oxidation of MnO2 to Mn(II) because of increased microbial 
concentration/activity from the introduction of prawns as noted above. 
 
  
 
Figure 5.10. Correlations between dissolved organic carbon (<0.45 µm) and dissolved copper and manganese 
released from tailings over 14 d.  x represents the tailings + food treatment and filled triangles represent the 
tailings + food + prawn treatment. 
 
The results of this experiment identified that increased copper dissolution from tailings was 
most likely the result of complexation by increasing concentrations of DOC originating from 
the food, plus the increase in the Cu-complexing capacity of the receiving water DOC by the 
prawns. 
 
5.4.8 Food dissolution study 
 
Analysis of the sub-samples revealed that the food caused negligible inputs of As, Ca, Cu, Cd, 
Fe, Mg and Pb into solution.  However, food caused significant (p<0.01; Dunnett’s Test) 
elevations of dissolved nickel and zinc after 3 d (Table 5.4).   
 
The food treatment also caused an increase in dissolved manganese.  However, after 6 days 
the mean dissolved manganese concentration in the food treatment was 7.0 µg/L, whereas 
24 h after equilibration in the tailings tests, dissolved manganese reached over 200 µg/L (Fig 
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5.8).  These results suggest that it is unlikely that the addition of food during prawn 
exposures to mine tailings would have caused significant increases in dissolved copper and 
manganese.  It is possible that the prawns themselves released copper and manganese, 
although this was not tested for. 
 
Table 5.4. Releases of Cu, Mn, Ni and Zn from prawn food (Vege pellet) to the overlying water over 6 days 
compared to controls with no added food
a
.   
Time, h 
Cu Mn Ni Zn 
Control Food Control Food Control Food Control Food 
μg/L 
0 1.8 2.2 0.5 0.6 0.2 0.2 1.4 1.8 
6 2.3 2.9 0.6 0.7 0.1 0.4 1.5 4.7 
24 1.8 3.9 0.5 1.0 0.2 0.9 1.5 8.1 
72 1.7 4.1 0.5 3.3 0.1 1.2* 1.5 8.9* 
144 2.1 1.9 0.4 7.0 0.0 1.3* 1.4 7.4* 
a Concentrations are means in µg/L for controls and treatments with food (n=2 and 3 respectively).  Values with an asterisk are significantly 
different from controls (p<0.01, Dunnett’s Test). 
 
5.4.9 Assessing the release of copper and manganese from tailings in the presence of 
food and prawns: determining labile metal concentrations 
 
Dissolved metal concentrations demonstrated similar trends over the period of the 
experiment as in previous studies: Ag, As, Cd, Fe, Ni and Pb did not increase significantly in 
the overlying water and there were no differences in concentrations of those metals 
between controls and treatments.   
 
Dissolved copper and manganese concentrations both increased in the food and food plus 
prawn treatments over time, but did not increase in the tailings only experiment (dissolved 
manganese decreased in the overlying water during that treatment) (Fig. 5.11).  Dissolved 
copper concentrations increased the most in the tailings + food + prawn treatment, as in 
previous experiments.  After 6 days, greater than 50% of dissolved copper released in the 
tailings only treatment was Chelex labile, whereas in both treatments with food, labile 
copper was less than 25% of total dissolved copper (Fig 5.11).  This suggests that the DOC 
released by the food was not only responsible for copper release into the overlying water 
from the tailings, but also rendered up to 75% of the dissolved copper non-labile and 
therefore less likely to be bioavailable.   
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Figure 5.11. Dissolved and labile copper and manganese released from mine tailings into SRW over 14 days 
with tailings only, tailings + food and tailings + food + prawn treatments.  Values shown are means ± SD (n=3). 
 
While the treatment with food and prawns had greater concentrations of dissolved copper 
in the overlying water than food alone, the percentage of labile copper did not differ 
significantly between treatments (Fig. 5.11).  However, as the total dissolved copper was 
greater in the tailings + food + prawn treatment, the labile copper concentrations were 
accordingly greater than in the tailings + food treatment.  This suggests that the prawns 
possibly exuded ligands that increased the capacity of the overlying water to leach metals 
from tailings, but the complexes formed with these ligands were weak enough for the 
copper to be extracted as labile copper by the Chelex resin.  Figure 5.12 shows the dissolved 
organic carbon concentrations for four times during the test in each treatment.  Not 
surprisingly, the treatments containing food showed higher DOC concentrations than the 
tailings alone.  However, at the end of the test (14 d), the tailings + food treatment had on 
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average twice the concentration of DOC as the tailings + food + prawn, which was not 
observed in earlier experiments.  It is unclear why there was such an increase in DOC in the 
tailings + food treatment. 
 
 
 
Figure 5.12.  Dissolved organic carbon concentrations of overlying water over 14 days with tailings only, tailings 
+ food (Vege pellet) and tailings + food + prawn treatments.  Values shown are means ± SD (n=3). 
 
While dissolved manganese and copper concentrations correlated well with DOC for the 
treatments where food was added (Fig. 5.10), there was no significant difference in the 
percentage of labile manganese between treatments, further suggesting that manganese 
complexation with DOC was not the cause of manganese release.  Manganese was likely 
released into solution via microbial mediation of the tailings (Simpson et al., 2005) as a result 
of bacterial introduction via food and prawns. 
 
5.4.10 Investigating the relationship between dissolved cadmium exposure with serum 
sorbitol dehydrogenase activity 
 
Analysis of sub-sampled waters demonstrated an acceptable difference of an order of 
magnitude between each treatment (Fig. 5.13).  The nominal 0.01 μg Cd/L sub-samples were 
below the limit of detection (0.06 µg Cd/L) and could therefore not be accurately 
differentiated from the control treatment (also below the limit of detection).  The exposure 
concentrations for each treatment appeared to decrease by 20-30% in the first day, possibly 
due to initial uptake from the prawn and/or continued adsorption to binding sites on the 
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container.  After 24h, concentrations of cadmium in each treatment did not vary significantly 
over the following 6 d.   
 
 
Figure 5.13. Dissolved cadmium exposure concentrations for each of four nominal cadmium treatments over 
seven days.  Values shown are mean concentrations ± S.D. error bars (n=5). 
 
 
 
Figure 5.14. Cadmium concentrations present in cephalothorax samples of Macrobrachium australiense 
exposed to a range of dissolved cadmium treatments for seven days.  Values shown are means ± SE error bars 
(n=5).  Columns with different letters are significantly different from each other (log-transformed one-way 
ANOVA; p<0.05). 
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Analysis of log-transformed prawn cephalothorax samples demonstrated a significant 
difference (p<0.05; Newman-Keuls Multiple-Comparison test) in accumulated cadmium 
between the 0.1, 1 and 10 μg Cd/L treatments and between these treatments and the 
controls (Fig. 5.14). 
 
 
 
Figure 5.15. Mean tissue s-SDH activity per treatment of Macrobrachium australiense exposed to dissolved 
cadmium for 7 days (± SE; n=5).  Tissue mass reported as wet wt. 
 
Average tissue s-SDH activities (Fig. 5.15) did appear to increase with increasing exposure 
concentration, although there were no significant differences between the mean activities of 
the treatments (p>0.1, One-way ANOVA, Tukey-Kramer Multiple-Comparison test).  The s-
SDH data were also log-transformed and re-tested for significant differences although none 
were found.  Data was also log-transformed and normalised to protein (Webb and Gagnon, 
2007) and prawn length (post orbital carapace length) and tested for significant differences, 
with none found.  As shown in Figure 5.16, the variability in the s-SDH activities of prawns 
within each treatment was high.  This may be due to a relatively small number of replicates.  
s-SDH activities of prawns collected from the Lagaip River were also highly variable, ranging 
from 200-500 mU/g tissue (PJV, 2011). 
 
The high variability may have also been due to the sampling period.  Webb and Gagnon 
(2007) found that s-SDH activity levels in black bream (Acanthopagrus butcheri) 3 days after 
an injection of pentachlorophenol sodium salt were significantly greater than controls at the 
highest dosage (30 mg/kg).  However, when samples were collected at day six and nine from 
the highest dosage, the s-SDH activity decreased and was no longer significantly different 
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from controls.  The same study also measured an increase in liver somatic index at day six 
and a significant increase in histological damage (hyperplasia) at day nine, demonstrating 
that increases in s-SDH activity preceded physiological and histopathological changes, but 
that s-SDH activities returned to normal when such changes were observed.  This may 
explain why there was no significant differences in s-SDH activity between treatments in the 
current study as by day seven, the enzyme activity may have already spiked.  It would be 
prudent to conduct further studies with cadmium exposure where prawns are sacrificed at 
one and three days of exposure to assess the impact of a more acute exposure and fourteen 
and twenty-one days of exposure to assess the impact of a chronic exposure. 
 
Li et al. (2008) exposed the giant freshwater prawn M. rosenbergii to dissolved copper (Cu2+) 
and determined the activities of the digestive enzymes tryptase, pepsin, cellulase  and 
amylase, and the metabolic enzymes  alkaline phosphatase, acid phosphotase, superoxide 
dismutase and glutathione-S-transferase in the organisms’ hepatopancreas.  The exposure 
was conducted over 7 days to a range of copper concentrations from 0.01 to 0.5 mg/L.  The 
results showed that for the digestive enzymes, the reduction in amylase activity was the 
most significant with increasing copper exposure.  Similarly, glutathione-S-transferase 
activity increased with increasing copper exposure beyond 10 µg Cu/L.  Therefore, it may be 
that s-SDH does not respond to cadmium exposure, but does respond to other metals such 
as copper. 
 
The s-SDH activities reported in this study are greater than the range of s-SDH activities 
found in M. handschini prawns from the Lagaip River (200-500 mU/g tissue) and M. 
rosenbergii in the Strickland River (100-400 mU/g tissue) (PJV, 2011).  It is possible that these 
differences are due to species differences, as indicated by the fact that the mean s-SDH 
activity of M. australiense controls was 666 mU/g tissue (Fig. 5.15), which was greater than 
that of the prawns from the Lagaip River.  More studies are required to determine inter-
species differences in s-SDH and the relationship between metal exposure and s-SDH 
activity. 
 
The results suggest that s-SDH activity was not responsive to 7 d exposure to dissolved 
cadmium.  It may have been that peaks in s-SDH activity occurred during the first few days of 
exposure, before dropping to background levels.  This is more likely the case than s-SDH not 
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responding to cadmium as previous experiments above have shown that bioaccumulated 
cadmium is found almost exclusively in the hepatopancreas (although a small concentration 
is also likely to be found in the gills as the major organ of uptake via solution).  It is therefore 
unlikely that exposure to cadmium at 1 and 10 µg/L did not cause hepatic cell damage.  It is 
recommended that future studies concentrate on determining s-SDH activity in the initial 
few days of cadmium exposure. 
 
5.5 Conclusions 
 
The studies presented above demonstrate some bioaccumulation properties and 
mechanisms of Macrobrachium australiense when exposed to dissolved and metal-bearing 
fine particulates.  The results have shown that M. australiense accumulated cadmium 
predominantly from the dissolved phase, while arsenic and lead appeared to be 
accumulated to a higher degree when the prawns were exposed to tailings solids.  However, 
further exposures with dissolved arsenic and lead, alongside exposure to tailings are 
required to verify those observations as well as increasing the number of replicates.  M. 
australiense appeared to regulate zinc uptake and/or efflux rates as demonstrated by a lack 
of significant differences between control and treatment tissue zinc concentrations (from 
exposure to either dissolved or tailings-associated zinc).  Conversely, there appeared to be 
less regulation of uptake and deputation kinetics for copper as demonstrated by an increase 
in hepatopancreas copper concentrations when M. australiense was exposed to both 
dissolved and tailings-associated copper.  While the studies reported in this chapter do not 
give us any insight into whether M. australiense is more likely to regulate hepatopancreas-
associated copper concentrations on a chronic time scales, it appears that the prawn was 
unable to do so on an acute time scale. 
 
The greatest concentrations of Cd, Cu and Zn were found in the hepatopancreas, presumably 
as the site of metal detoxification and storage.  Copper was also found in the exoskeleton of 
prawns at concentrations greater than that found in the moulted exoskeleton, suggesting 
internalisation of copper pre-moult as was known to be the case in other decapod 
crustaceans.  However, zinc was consistently found in greater concentrations in the moulted 
exoskeletons compared with the intact exoskeletons, which was contrary to that previously 
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found for other decapod crustaceans.  It is possible that ecdysis is a method of zinc 
detoxification in M. australiense. 
 
Cadmium bioaccumulated mostly in the hepatopancreas of M. australiense, with little 
detectable cadmium in the abdomen tissue or exoskeleton.  Cadmium would have also likely 
been found in the gill due to this organ being the major route of entry for dissolved cadmium 
(White and Rainbow, 1986).  However, this organ was not analysed individually for metals, 
although the concentrations of metals in the gill and hepatopancreas would have been 
captured in the whole cephalothorax.   
 
In the tailings exposures, copper was released from tailings into solution via complexation 
with DOC originating from food and modified by the presence of prawns.  Manganese 
release to solution was also observed in these experiments, although it appeared that 
bacterial oxidation of organic matter using MnO2 within the tailings was responsible for the 
release of Mn(II).  Therefore, when conducting metal accumulation experiments from 
sediment, care must be taken to account for bioaccumulation of copper and manganese via 
the aqueous phase along with any accumulation from the particulate phase.  In order to 
mitigate these effects, it may be necessary to conduct such experiments using flow-through 
systems or by conducting frequent water changes in order to minimise the increase of DOC.  
At the very least, DOC should be determined when feeding during all exposures, even when 
those exposures are relatively short-term (e.g. 96 h).   
 
The experiment to establish a link between dissolved cadmium exposure and serum sorbitol 
dehydrogenase (s-SDH) activities determined that s-SDH did not increase in response to 
bioaccumulated cadmium after 7 days exposure.  This may have been due to accumulated 
cadmium not causing hepatic cell damage.  However, as the hepatopancreas contained the 
majority of bioaccumulated cadmium, and hence would be the most likely site for cellular 
damage, it is more likely that significant differences in s-SDH activity were not detected due 
to the time the samples were collected (e.g. after 7 d of continuous exposure).  It would be 
prudent to conduct the experiment again, collecting tissue samples earlier on in the 
exposure and then at regular intervals during the exposure to determine whether the 
increase in s-SDH activity is dependent on duration of exposure.  Exposure to other metals, 
organics (e.g. potassium amyl xanthate used as a flotation agent in the mining industry) and 
5. Stable metal bioaccumulation studies 
 171 
mixtures of metals and organics would also be advised to better understand the implication 
of s-SDH concentrations in prawns.  Furthermore, conducting such experiments with several 
different species of Macrobrachium would allow between-species comparisons to be made 
regarding s-SDH activities in response to environmental contaminants and afford a better 
understanding of the concentrations observed in resident prawn populations in the Lagaip 
and Strickland Rivers. 
 
This chapter has discussed concentrations of bioaccumulated metals in M. australiense 
exposed to dissolved and particulate metals.  The following chapter will use the radioisotope 
109Cd to quantify rates of uptake and efflux of cadmium from water and potential dietary 
sources.  This will better aid in the understanding which sources of cadmium are the most 
significant for cadmium bioaccumulation in M. australiense.  
 
As discussed at the beginning of this chapter, M. australiense was used as a surrogate for the 
target prawn species M. rosenbergii and M. latidactylus found in the Strickland River, PNG.  
It was conceivable that the metal bioaccumulation mechanisms were different for each 
species.  Therefore, studies identical to those described in this chapter were conducted using 
these target species at the mine site in PNG and these studies are described in Chapter 7. 
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Chapter 6: Bioaccumulation and Retention 
Kinetics of Cadmium from Food and Water by 
Macrobrachium australiense 
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Abstract 
 
The potential sources and mechanisms of cadmium bioaccumulation by the native 
freshwater decapods Macrobrachium species in the mine-impacted waters of the highly 
turbid Strickland River in Papua New Guinea were examined using 109Cd-labelled water and 
food sources.  Synthetic river water was spiked with environmentally relevant 
concentrations of 109Cd and prawns were exposed for seven days with daily renewal of test 
solutions.  Dietary assimilation of cadmium was assessed through pulse-chase experiments 
where prawns were fed 109Cd-labelled fine sediment, filamentous algae and carrion 
(represented by cephalothorax tissue of water-exposed prawns).  
 
Macrobrachium australiense readily accumulates cadmium from the dissolved phase and the 
uptake rate increases linearly with increasing exposure concentration.  An uptake rate 
constant of 0.087 L/g/d was determined for synthetic river water.  During depuration, water 
efflux rates were low (0.9±5%/d) and were not dependent on exposure concentration.  
Assimilation efficiencies of dietary sources were comparable for sediment and algae 
(approximately 50%), but lower for carrion (33%) and efflux rates were low (0.2-2.6%/d) 
demonstrating that cadmium was well retained by M. australiense.  A biokinetic model of 
cadmium accumulation by M. australiense predicted that for exposures to environmentally 
relevant cadmium concentrations in the Strickland River, uptake from ingestion of fine 
sediment and carrion were the predominant sources of cadmium to the organism.  The 
model predicted the total dietary route accounted for 70-80% of bioaccumulated cadmium.  
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6.1 Introduction 
 
Trace metal bioaccumulation by aquatic organisms has received much interest from the 
scientific community in previous years in order to understand the effects of anthropogenic 
activities on the aquatic ecosystem (Luoma and Rainbow, 2005; Morgan et al., 2007; Kouba 
et al., 2010; Rainbow and Luoma, 2011; Rainbow et al., 2011).  The Porgera Joint Venture 
(PJV) gold mine, Papua New Guinea, discharges treated tailings into the Porgera River under 
a government permit and carries out biomonitoring of the native prawn and fish species in 
the receiving Lagaip and Strickland Rivers.  Since 2006, arsenic, cadmium, copper, lead and 
zinc have been found at elevated concentrations in freshwater decapod crustaceans of the 
Macrobrachium genus from areas of the river system receiving mine-derived materials 
relative to reference tributaries, with differences in bioaccumulated cadmium between sites 
being the most substantial and consistent (PJV, 2011).  Routine monitoring undertaken by 
PJV has been unable to provide reasons for the differences in bioaccumulated metal 
concentrations for prawns from different sites. Trace metals research conducted in the 
Lagaip River (Chapter 3) and the Strickland River (Chapter 4), which targeted labile aqueous 
species and readily soluble fractions of particulate metals did not distinguish any significant 
differences between sites and as such, was also unable to explain the differences in 
bioaccumulated metal.  To provide greater insight into the likely source of metal to the 
prawns, cadmium radiotracer (109Cd) bioaccumulation studies were undertaken with the aim 
of determining the predominant source of metal to the prawns and to establish the kinetics 
of cadmium bioaccumulation and retention.  
 
Radioisotope tracers, while requiring specialist training and extensive safety protocols for 
their handling and use, allow multiple analyses of the same organism to be collected in the 
same test and are increasingly being used to understand trace metal bioaccumulation 
(Creighton and Twining, 2010; Hervé-Fernández et al., 2010; Metian et al., 2010; Williams et 
al., 2010).  The methods often result in the use of fewer test organisms and permit the 
derivation of individual rates of uptake and loss and assimilation efficiencies (e.g. biokinetics 
of accumulation) relatively easily.  Studies using radiotracers have been conducted to 
understand pathways of trace metal uptake (e.g. via food and/or water) and accumulation 
kinetics in a wide range of aquatic species including the estuarine fish, Ambassis 
jacksoniensis (Creighton and Twining, 2010), the Chilean blue mussel Mytilus chilensis 
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(Hervé-Fernández et al., 2010), the amphipods Leptocheirus plumulosus (Williams et al., 
2010) and Melita plumulosa (King et al., 2005), the Pacific blue shrimp Litopenaeus 
stylirostris (Metian et al., 2010) and the deposit-feeding polychaetes Arenicola marina 
(Casado-Martinez et al., 2009) and Capitella sp.  (Selck and Forbes, 2004).   
 
While there have been many metal radiotracer studies conducted using marine decapod 
crustaceans (Blust et al., 1986; Nugegoda and Rainbow, 1989; Nugegoda and Rainbow, 1995; 
Carvalho et al., 1999; Bondgaard and Bjerregaard, 2005; Zhong and Wang, 2006; Metian et 
al., 2010), few have been conducted using freshwater/brackish species with the exception of 
the grass shrimp Palaemonetes pugio (Wallace and Lopez, 1996; Wallace and Lopez, 1997).  
To our knowledge, there have not been any metal radioisotope studies conducted with 
Macrobrachium species.  To further understand the significance of cadmium 
bioaccumulation from different sources (water and dietary) by these freshwater prawns, and 
to quantify rates of uptake and loss of Cd, radioisotope experiments were conducted using 
the Australian species, Macrobrachium australiense as a surrogate for Macrobrachium 
species in the Strickland River. 
 
6.2 Methods 
6.2.1 Stocking and holding 
 
All plastic ware was acid-washed (10 % v/v AR Grade nitric acid, Merck, Germany) in a 
dishwasher (Gallay) and rinsed in Milli-Q ultra-pure water (18 MΩ·cm, Millipore, Academic 
Water System, Sydney, Australia).  Juvenile M. australiense (37-57 mm standard body length 
– end of rostrum to end of telson; 8.3-13.3 mm post-orbital carapace length – orbit to 
posterior margin of the carapace; 0.6-2.7 g whole wet weight) were obtained from a 
commercial prawn farm (Bingera Weir Farm, Bundaberg, Queensland).  The prawns were 
held in 43 L plastic storage containers filled with synthetic river water (SRW) (1.92 g NaHCO3; 
1.20 g CaSO4·2H2O; 2.46 g MgSO4·7H2O; 0.08 g KCl in 20 L de-ionised water).  Prawns were 
fed every third day with food pellets (Novo Rift JBL Sticks, JBL GmbH & Co., Germany: crude 
protein = 31 %; crude fat = 3 %; crude fibre = 5.5 %; crude ash = 11 %), with uneaten food 
siphoned from the tanks 10 h after providing the food. 
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6.2.2 General exposure methodology 
 
Prawns were exposed to active carrier-free 109Cd sources (either in solution or solid phase) in 
square 1.125 L polypropylene containers (Decor, Tellfresh; hereafter referred to as exposure 
chambers) with SRW.  Prawns were depurated prior to cadmium exposure.  While the 109Cd 
source was carrier-free, there was a small amount of residual cadmium present as detailed 
in the following experimental procedures.  Each chamber contained an internal 
polypropylene basket (Supporting information Section 6.5.1), which allowed the prawns to 
be removed from the chamber and rinsed with ease.  This basket was also cleaned as 
described above.  Constant aeration was provided in all tests via a compressed air line fed 
through a hole drilled in the lid of each chamber.  Unless otherwise stated, all experiments 
were conducted at a water temperature of 21±1°C on a 12 h:12 h light:dark regime in a 
temperature controlled room (set at 21±1 °C).  Dissolved oxygen concentrations were 
maintained at 5.8±0.2 mg/L and 98±0.3 % saturation.  Holding and exposure water physico-
chemical parameters were as follows: pH 7.9±0.1; 270± 40µS/cm conductivity; 59 mg/L 
hardness as CaCO3 and 30 mg CaCO3/L alkalinity. 
 
6.2.3 Radioisotope detection 
 
Gamma ray emissions from 109Cd sources were determined using a LaBr probe attached to a 
spectrometer (Canberra InSpector 1000) between 65 and 114 KeV using varying count times 
(from 1-10 minutes) to ensure counting error was < 5%.  Twice-daily checks were made using 
a 109Cd standard (Isotope Products Laboratories, Valencia, California).  Detector energy 
calibrations were conducted weekly using 137Cs at 662 keV and detector efficiency 
calculations were carried out with the same frequency using a sealed radioactive source with 
comparable geometry to samples (Eckert and Ziegler, Germany). 
 
The 109Cd activity accumulated by prawns from either water or dietary sources was 
determined after the polypropylene basket (with prawn) was removed from the test 
chamber, gently shaken to remove excess test solution or labelled food and transferred to a 
clean chamber containing 250 mL of new, non-active SRW.  The basket was raised and 
lowered gently to rinse the prawn for approximately 15 seconds.  The basket and prawn 
were then transferred to another identical chamber for a second rinse.  The prawn was then 
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carefully transferred to a 50 mL centrifuge tube (Greiner) containing 35 mL of SRW, with a 
small lint-free tissue (Kimwipes™; Kimberly-Clark, Australia) at each end to minimise the 
movement of the prawn.  The 109Cd activity of the prawn was determined and the prawn 
returned to the test chamber.  The prawns were out of the test chambers for no more than 
15 minutes.  The 109Cd activity of the centrifuge tube, water and small tissues used during 
handling were also measured to determine whether activity had desorbed from the prawn 
during counting.  During dietary exposures, negligible activity was associated with these 
materials (e.g. background; 0.2 cps).  During dissolved exposures, within the initial 2-3 hours, 
approximately 10 % of the prawn’s activity was associated with the centrifuge tube and 
related materials.  After 3 h the contribution from the centrifuge tube accounted for < 3 % of 
the prawn’s activity and was negligible after 24 h.  The prawn’s activity was corrected for 
losses to the counting tube at each time period.  For further details on radioisotope QA/QC 
refer to Section 2.8. 
 
6.2.4 Dissolved cadmium exposure 
 
To establish an uptake and efflux rate constant for dissolved cadmium exposure, the carrier-
free (e.g. without addition of non-active cadmium) radioisotope 109Cd (Isotope Products 
Laboratories, Valencia, California) was added to SRW to produce active solutions of 3.6, 1.1 
and 0.4 µg Cd/L (335, 95 and 30 kBq/L respectively).  Exposure concentrations of stable 
cadmium were verified by ICP-MS analysis (Agilent 7500 CE).  The addition of the radiotracer 
did not significantly affect the pH of the SRW (pH = 7.9±0.1).  To each of fifteen 1.1 L 
exposure chambers, each containing a polypropylene basket, 400 mL of the active solution 
was transferred and  left in the containers over 48 h with continuous aeration to condition 
the chambers before being discarded to waste and replaced with 400 mL of fresh active 
solution.  A sub-sample of the active solution was collected and radioanalysed to determine 
exposure activity.  One prawn was transferred to each chamber and the test started.  Prawns 
were radioanalysed at 2, 6, 23 h and every 24 h thereafter during the uptake phase and 
every 24 h during the depuration phase.  At every stage, sub-samples of the exposure 
solution were also analysed.  Exposure solutions were 100 % replaced every 24 h and the 
prawns were allowed to feed on one food pellet in separate clean containers with non-active 
SRW for one hour every three days.  After 7 days of exposure, prawns were transferred to 
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clean containers with non-active SRW for 14 days of depuration, during which the non-active 
SRW was replaced every 24 h. 
Following the 14-day depuration period, prawns were sacrificed, rinsed with Milli-Q water, 
dabbed dry with a lint-free tissue and weighed to obtain a whole-prawn wet weight.  
Individuals were subsequently dissected such that the cephalothorax (anterior exoskeleton, 
gills, stomach, hepatopancreas etc.) was removed from the remaining tissue (limbs, 
posterior exoskeleton and whole abdomen) and weighed (wet).  The 109Cd- activity was 
determined for all fractions. 
 
To determine the effect of moulting on cadmium uptake rate, another experiment was 
conducted with prawns that had moulted within 24 h (treatment prawns; n=5) and prawns 
that were in the intermoult stage (control prawns; n=3).  Prawns were exposed to carrier-
free 109Cd at 0.8 μg Cd/L for 10 days, with daily renewal of exposure solution.  Prawns were 
radioanalysed daily.   
 
6.2.5 Fine sediment radiolabelling and pellet preparation 
 
The Lagaip and Strickland Rivers are highly turbid systems, ranging from 300 to 2,000 mg/L 
of suspended solids (PJV, 2011).  The majority of cadmium loading within both rivers was 
found in the suspended particulates and the fine fraction (<63 µm) of deposited sediments 
(Chapters 3 and 4). 
 
To assess cadmium uptake from particulates, fine bed sediment collected from an oxbow 
lake in the Strickland River labelled with 109Cd.  To each of three 50-mL plastic centrifuge 
tubes 1 g (wet weight) of fine (<63 µm) sediment was added.  In addition, 49.6 g of SRW was 
subsequently transferred to each tube as well as to a fourth control tube.  A 250 µL aliquot 
of 109Cd (approximately 500 kBq) was added to each tube and the pH was adjusted to 7.9 ± 
0.1 using approximately 220 µL of 0.1 M NaOH.  The tubes were shaken for 10 seconds and a 
2 mL sub-sample was collected, filtered (0.45 µm) and 109Cd activity determined before the 
tubes were left to equilibrate at a constant 21°C on a 12:12h light:dark regime.  The 109Cd 
activity was monitored every 24 h for 7 d to determine partitioning of tracer to the 
sediment, under the assumption that all of the added radio-cadmium behaved similarly.  
Equilibrium between the active solution and the sediment was reached within the initial 24 h 
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as demonstrated by an insignificant increase in partitioning between the solution and 
sediment in the following 6 d. 
 
Radiolabelled sediment samples were then centrifuged at 4500 rpm for 5 minutes and the 
active solution decanted to waste.  In order to rinse the sediment and ensure all active 
solution was removed, 30 mL of non-active SRW was added to each sample and the samples 
mixed for 10 seconds using a vortex mixer to re-suspend all the sediment.  The samples were 
subsequently centrifuged and the supernatant was sub-sampled for 109Cd activity 
measurements.  This rinsing process was performed three times.  After three rinses, the total 
activity loss to the SRW was <2 % (SD=0.3 %; n=3).  The stable cadmium concentration of the 
labelled sediment at equilibrium was 7.7 mg Cd/kg.  This concentration was one order of 
magnitude greater than that found in the Lower Strickland River sediment samples (e.g. 0.8 
mg Cd/kg; Chapter 4) and similar to that found in the fine bed sediment of sites in the Lagaip 
River (e.g. 6 mg Cd/kg; Chapter 3). 
 
To determine the partitioning of radiotracer to the sediment an acid-soluble metal 
extraction (ASM; Simpson et al., 2005) was conducted, by the addition of 30 mL of 0.2% 
HNO3 to 0.5 g wet 
109Cd-labelled sediment in a clean centrifuge tube.  The tube was briefly 
shaken (10 seconds) and left to stand for 5 min before the mixture was filtered (0.45 µm) 
and the filtrate was radioanalysed.  Triplicate ASM extractions demonstrated that 100% of 
the tracer was liberated from labelled sediment with this extraction (e.g. total sediment 
activity = 613 ± 5 cps; total solution activity post extraction = 611 ± 8 cps) and therefore the 
cadmium was considered to be bound within a readily soluble phase after the 7-d 
radiolabelling period. 
 
The 109Cd-labelled sediment was subsequently prepared for ingestion studies to determine 
the cadmium assimilation efficiency.  Due to the fine nature of the sediment, and to ensure 
exposure of the radiotracer was via ingestion rather than across the gills, radiolabelled 
sediment was mixed with a gelling agent (agar).  A 1.5% w/v solution of agar (Agar No. 1, 
Oxiod Ltd., Basingstoke, England) was prepared in Milli-Q water and the temperature raised 
to 100°C for 3 minutes to dissolve the agar.  The solution was then allowed to cool to 
approximately 50°C, at which time a 0.5 mL aliquot was transferred to a triple-SRW-rinsed 
wet 1 g sample of radiolabelled sediment.  The sediment-agar sample (66% sediment by 
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weight) was well mixed with a 200 μL pipette tip.  Small aliquots (approximately 50 μL) of 
the mixture were subsequently pipetted onto plastic Petri dishes and allowed to coagulate 
at 4°C in the dark overnight to form radiolabelled sediment pellets. 
 
6.2.6 Pulse-chase determination of assimilation efficiency for sediment cadmium 
 
Five prawns were allowed to feed on the labelled sediment for 3 h using a pulse-chase 
feeding method (Warnau et al., 1996; Metian et al., 2010).  One active sediment pellet 
(approximately 5 mg dry wt) was fed to each prawn in individual exposure chambers, each 
with 400 mL of continuously aerated SRW.  Following the feeding period, the prawns were 
rinsed and radioanalysed.  Sub-samples of the SRW were collected and radioanalysed and 
did not contain any significant activity beyond background levels (<0.2 cps), suggesting that 
cadmium accumulation was solely from ingestion of sediment.  There were no faeces 
produced within the hot feeding period.  The prawns accumulated sufficient 109Cd within the 
pulse feeding phase for detection, resulting in counting errors of <5% for a 5 min counting 
period.  One prawn did not ingest any sediment and was not used for ingestion rate (IR), 
assimilation efficiency (AE) and efflux rate (Ke-sediment) calculations.  The 10-d ‘chase’ period 
was conducted in 400 mL of fresh, non-active SRW in clean exposure chambers.  Every 24 h, 
the 109Cd activity of prawns was determined, 100% water was renewed and prawns were fed 
non-active food pellets.  Faeces were collected during the initial three days and after 24 h, 
no significant activity was detected in the faeces.  After 10 d, prawns were sacrificed, 
dissected into cephalothorax and abdomen, weighed and final 109Cd activity measurements 
made. 
 
6.2.7 Pulse-chase determination of assimilation efficiency for carrion cadmium 
 
Macrobrachium species are believed to be omnivorous detritivores and are known to be 
partially cannibalistic (New et al., 2010).  Therefore, it was important to determine the 
cadmium assimilation efficiency of carrion.  Prawns that had been used in previous active 
dissolved cadmium exposures were dissected to remove the cephalothorax tissues (including 
gills, stomach and hepatopancreas), which were subsequently radioanalysed (220±40 mg 
wet wt).  A similarly designed pulse-chase experiment as for sediments (Section 6.2.6) was 
conducted with 1-hour of ‘pulse’ feeding period and 10-d of ‘chase’ period.  
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6.2.8 Pulse-chase determination of assimilation efficiency for algae cadmium 
 
The abundance of aquatic plant life in the Lower Strickland River required that an estimation 
of the contribution of cadmium from such material was made.  The filamentous alga 
Oedogonium species was obtained (Southern Biological; Nunawading, Australia) as this 
genus has been found to be a major filamentous alga of the Fly and Strickland Rivers (WRM, 
unpublished).  
 
Cultures of Oedogonium were maintained in Jaworski’s Medium at 40% strength (JM2.5; pH 
7.2) at 21°C on a 12:12 h light:dark regime.  Sub-samples of the stock cultures were then 
transferred to conical flasks with 100 mL of JM2.5 media without any addition of EDTA (so as 
not to chelate added 109Cd) and a 500 kBq spike of 109Cd was added.  The active cultures 
were allowed to equilibrate 144 h at 21°C on the same light:dark regime. 
 
Active solution was removed from the algae under vacuum filtration with an acid-washed 
0.63 μm cellulose-acetate filter (Millipore) in an enclosed filter rig (Sartorius).  To investigate 
accumulation of intracellular 109Cd by prawns, a 0.01 M EDTA solution was prepared in Milli-
Q water (Hassler et al., 2004), with the addition of 10 mM PIPES buffer and 27.5 mM NaOH 
to maintain a pH of 7.2.  The algae were carefully rinsed with approximately 50 mL of 0.01 M 
EDTA solution within the filter rig to remove any adsorbed 109Cd and filtered again. 
 
After the algae were radioanalysed, they were transferred to a clean 5 mL vial using acid-
washed tweezers.  A small volume (90 μL) of 1.5 % (w/v) solution of agar was pipetted into 
the vial to just cover the algae and the vial was gently agitated in order to coat all of the 
algae with agar.  The agar was allowed to set and the agar-algae jelly was carefully 
transferred onto a plastic Petri dish where the small mass was cut into algal pellets (< 8 
mm3) using a clean scalpel blade.  The active algae pellets (approximately 66% algae by 
weight) were then stored in the fridge at <4°C until use.  These pellets were approximately 
2.5 µg Cd/g stable cadmium.  This was approximately one order of magnitude greater 
concentration than that found in the Strickland River (0.2-0.4 µg Cd/g; Chapter 4).  The same 
pulse-chase experiment as for sediments (Section 6.2.6) was conducted with a 1-h of ‘pulse’ 
feeding period and a 10-d ‘chase’ period. 
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6.2.9 Modelling cadmium bioaccumulation by M. australiense 
 
Using the cadmium uptake and efflux data obtained from the radioisotope experiments 
listed above, a one-compartment biodynamic model of cadmium bioaccumulation was 
developed using the approach described by Landrum et al. (1992).  Under steady-state, the 
accumulated metal concentration (CSS, μg/g) in the prawn can be described by Equation 6.1: 
 
Equation 6.1  Css = [(ku ∙ Cw) + (AE ∙ IR ∙ Cf)] / (kew + kef + g) 
 
where ku is the metal uptake rate constant from solution (L/g/d), Cw is the metal 
concentration in solution (μg/L), AE is the assimilation efficiency of the metal from ingested 
food (%) with metal concentration Cf (mg/kg), IR is the ingestion rate (g/g/d), and ke is the 
efflux rate constant (d-1) of accumulated metal; kew for metal taken up from solution and kef 
for metal taken up from food and g is the growth rate constant (d
-1).   
 
Determining a growth rate for use in the steady-state model is difficult for M. australiense as 
very few published data are available.  However, there have been data published on the 
growth rates of Macrobrachium rosenbergii from the aquaculture literature and range from 
0.003 to 0.188 g/d (Adhikari et al., 2007; 2007; Jain et al., 2008; Davassi, 2011).  The growth 
rate will decrease with age, decrease outside an optimal pH range of 6.5 -8.5 (New et al., 
2010) and has also been shown to increase with increasing temperature for M. rosenbergii 
(Niu et al., 2003).  As it is difficult to determine the age of field-caught prawns (and has not 
been recorded in collected data), the growth rate was not used in the steady-state model of 
cadmium accumulation.  Furthermore, a primary goal of producing the biokinetic model was 
to compare cadmium assimilation from different sources (e.g. uptake from dissolved phase 
and from dietary sources).  To this end, growth rate can be assumed to be the same 
regardless of cadmium source and therefore can be omitted from the steady-state model 
during source comparison.  However, it must be noted, that if these data were to be used to 
model cadmium accumulation for M. australiense in order to compare with the cadmium 
accumulation of another species, growth rate should be included in the model. 
 
The cadmium concentration in the prawns at steady-state was modelled for the data 
generated from the above experiments for each individual source (e.g. resulting from 
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uptake/efflux from water, fine sediment, carrion and algae).  The resulting whole-body 
tissue cadmium concentrations were then summed for all sources and the contribution from 
each source to the total body cadmium was calculated to determine the relative importance 
of each source.  Effects of growth or temporary increases in cadmium uptake rate from 
water due to moulting (see Section 6.3.1) were not included in the steady-state model as the 
effects of growth on body cadmium concentrations would be equal for all uptake sources.  
Moulting effects on uptake rates were not considered due to the lack of sufficient data on 
duration of increased uptake rate or regarding moult frequency, which would decrease with 
prawn age (New et al., 2010). 
 
As the prawn would most likely not be consuming an equal amount of each modelled dietary 
source, assumptions of the proportion of each component to the total diet were made for 
each source based on the literature.  Albertoni et al. (2003) studied the natural diet of 102 
Macrobrachium acanthurus via gut content analysis and showed that detritus constituted 46 
% of the diet (by volume), algae made up 13% and carrion 27% of the diet (as a combination 
of crustaceans, insects, molluscs and fish).  Schroeder (1983) studied the diet of 
Macrobrachium rosenbergii from aquaculture ponds using carbon stable isotopes.  
Interestingly, the diet of the prawns did not reflect the synthetic feed offered (the prawns 
shared the ponds with several fish species).  Instead, the prawn’s diet was comprised of 45-
65% detritus, <35% of the diet was carrion and <55% of the diet was algae.  Bunn et al. 
(1999) conducted stable isotope analysis of M. rosenbergii and M. handschini from the Fly 
River, Papua New Guinea (to which the Strickland River is the major tributary).  While the 
study did not quantify the dietary contribution of carrion and detritus to the prawns, it was 
determined that the prawns were predominantly detritivores with algae comprising less 
than 10% of the prawns’ diet.  Therefore, detritus can be considered a large component of 
the diet of Macrobrachium species.  For the purpose of the biokinetic model we have 
assumed that the prawns would inadvertently consume a large quantity of fine sediment 
associated with the detritus.  Based on the above information, we have also assumed that 
carrion and algae would likely only constitute a small proportion of the diet, and therefore, 
have set the dietary contribution from carrion to 10% and algae at 10%.  The remaining 30% 
of the prawn’s diet was not assumed to contribute to body cadmium. 
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To verify that the biokinetic model outputs could be applied to the Strickland River with 
regard to cadmium speciation, the speciation model WHAM VI (Tipping, 1994) was used to 
estimate the speciation of cadmium in SRW compared with that in Strickland River water 
(Chapter 4).  Dissolved organic carbon was modelled as 10% humic acid, 90% fulvic acid 
(Santore et al., 2001).  Although the dissolved cadmium uptake and efflux rates constants 
were determined in synthetic river water (SRW), speciation calculations indicated that 
99±1% (n=7) and 100% (n=6) of the Strickland River and SRW cadmium respectively was in 
the Cd(CO3)2
2- form.  Therefore, it can be assumed that the model for cadmium 
bioaccumulation from solution can be applied to the Strickland River. 
 
6.3 Results and discussion 
6.3.1 Uptake and retention kinetics of dissolved cadmium 
 
All fifteen prawns survived for the 21-day exposure period.  Accumulation of cadmium was 
initially faster in the first 24 h (most likely due to cuticle adsorption) and then remained 
linear over 7 days (Fig 6.1) for each exposure concentration.  The mean uptake rates from 
water calculated as the slope of mean whole body cadmium concentration for exposure days 
1 to 7 were 0.283, 0.045 and 0.012 μg Cd/g/d for the 3.6, 1.1 and 0.4 µg Cd/L exposures 
respectively.  The 109Cd activity of the cephalothorax tissue accounted for 95±2% of the 
whole prawn activity, most likely concentrated in the hepatopancreas, whereas the 
remaining tissue only accounted for 5±2% (mean ± S.D. for both; n=15).  The contribution of 
the entire exoskeleton to the whole prawn activity was less than 4%.  Dissections of the 
dissolved cadmium-exposed prawns into hepatopancreas, abdomen, anterior and posterior 
exoskeletons and remaining cephalothorax soft tissue (e.g. gills, stomach) demonstrated 
that the hepatopancreas accounted for 74±6% of the whole body cadmium, while the 
cephalothorax soft tissues contained 13±5% (n=15 for both). 
 
During the 14 days of depuration, the loss of activity was not statistically significant, 
regardless of exposure concentration.  However, efflux rates were calculated from the 
decline in 109Cd activity during the depuration period via a non-significant linear regression.  
The efflux rates (%/d, mean ± SD) were 0.7±4, 0.5±6 and 1.3±4 for the 3.6, 1.1 and 0.4 µg 
Cd/L exposures respectively.  The mean efflux rate for M. australiense (0.8 %/d) was lower 
than that reported for other aquatic invertebrates.  For example, King et al. (2005) 
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calculated cadmium ke-w for the marine invertebrates Melita plumulosa (amphipod) and 
Telina deltoidallis (bivalve) as 6.0±0.6 and 8.5±0.5 respectively following a 24-h exposure.  
Similarly, Metian et al. (2010) observed a 60% reduction in accumulated 109Cd activity over a 
21-d depuration period (i.e. an average of 2.9%/d), following a 25-day accumulation, in the 
Pacific blue shrimp Litopenaeus stylirostis.  Cain et al. (2011) determined the cadmium efflux 
rate constants of five species of aquatic mayfly to be within a range of 7±1 to 20±14 %/d.   
 
 
 
Figure 6.1. Macrobrachium australiense.  Whole-body accumulation of cadmium during exposures to three 
dissolved cadmium concentrations over 7 days followed by depuration in cadmium-free water for 14 days.  
Data shown are means ± SE (n=5, apart from 1.1 µg Cd/L exposure where after 3 days n=4 and after 6 days 
n=3). 
 
The results demonstrated that M. australiense accumulated cadmium readily from solution 
without reaching any noticeable steady state after 7-d exposure to 3.6 µg Cd/L.  
Furthermore, as there was no appreciable loss of tissue cadmium after 14-d depuration in 
cadmium-free water, the results suggested that M. australiense did not have the capacity to 
efflux internalised cadmium to any sufficient degree.  It is most likely that internalised 
cadmium was retained in the hepatopancreas, either bound by metallothioneins or insoluble 
granules, or both (Ahearn et al., 2004).  It must be noted that any moults that occurred 
during the depuration phase did not significantly affect the whole-body activity of the 
prawns.   
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Impacts of moulting 
 
During the accumulation phase of the 1.1 μg Cd/L exposure, one of the prawns moulted 
after three days and subsequently demonstrated a cadmium uptake rate six times greater 
than pre-moult and that of the other four prawns (replicate B; Fig. 6.2).  A second prawn also 
moulted after six days (replicate E; Fig. 6.2) and showed a similar trend.  These prawns were 
not included in the uptake rate calculations.   
 
 
 
Figure 6.2. Macrobrachium australiense.  Whole body cadmium concentration of individuals during exposure to 
1.1 μg Cd/L.  Individuals B and E moulted at 3 and 6 d respectively, demonstrating a 6-fold increase in cadmium 
uptake rate post-moult. 
 
One explanation for this increase in cadmium uptake rate may be that post ecdysis, the 
prawn increased its rate of calcium uptake from the test solution to undertake calcification 
of the new exoskeleton.  For example, Bondgaard and Bjerregaard (2005) found that post-
moult female shore crabs (Carcinus maneas) demonstrated a six-fold increase in calcium 
uptake relative to inter-moult crabs.  Their study also determined that calcium and cadmium 
uptake rates increased in post-moult C. maneas when external calcium concentrations in the 
seawater decreased at constant salinity.  Furthermore, the Ca2+-channels in the apical 
membrane of gill epithelium cells were identified as the main route of uptake for calcium 
and cadmium in post-moult crabs.  Other studies have suggested a similar pathway for 
cadmium accumulation based on the notion that cadmium and calcium have very similar 
ionic radii (0.97 Å and 0.99 Å respectively) (Pedersen and Bjerregaard, 2000).  Markich and 
Jeffree (1994) used radiotracer labelling of metals to demonstrate that cadmium was 
absorbed by bivalves from water as a metabolic analogue of calcium. 
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For the separate prawn moult experiment, the mean uptake rate of moulted prawns was 
significantly different (p<0.05; Student’s T-test) from that of the non-moulted prawns up to 
day 2 of the experiment, and was not significant (p>0.05) at and beyond day 3.  However, 
the mean uptake rate of moulted prawns was greater than that of the non-moulted prawns 
until day 7 (Fig. 6.6).  This suggests that the prawns’ exoskeleton was sufficiently re-calcified 
3 days after moulting that the calcium-pump had returned to normal inter-moult operation 
if indeed cadmium was bioaccumulated through calcium ion channels in the gills (see 
Supporting information Section 6.5.2 for more details). 
 
Cadmium uptake rates from solution 
 
Using the uptake rates for exposures of 0.4, 1.1 and 3.6 μg Cd/L, an uptake rate constant (ku) 
was derived by plotting the uptake rates against their respective exposure concentrations 
and calculating the slope of the curve (Fig. 6.3 a).  The ku for a whole-body cadmium 
concentration was calculated as 0.087 L/g/d (based on wet weight).   
 
 
Figure 6.3. Macrobrachium australiense.  Correlations between uptake rates and exposure concentrations for 
prawn whole body (a) and cephalothorax (b).  The uptake rate constants, ku (L/g/d, wet wt) are the slopes of 
linear relationships. 
 
An uptake rate constant for cephalothorax tissue was calculated after dissecting the prawns 
from all three exposures and at the completion of each test the sections (abdomen and 
cephalothorax) were weighed and radioanalysed.  On average, the relative wet mass of the 
cephalothorax made up 51±6% of the total wet mass (n=15).  However, the cephalothorax 
was typically responsible for 95±2% of the whole body activity while only 4±2% (n=7) was 
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present in the abdominal section (based on dissections of prawns from dissolved cadmium 
exposures).  The whole body-cadmium concentrations of all three exposures were therefore 
transformed into cephalothorax-cadmium concentrations and new uptake rates were 
calculated as 0.032, 0.12 and 0.70 μg Cd/g/d for exposures to 0.4, 1.1 and 3.6 μg Cd/L 
respectively.  These uptake rates for cephalothorax-cadmium were plotted against exposure 
concentrations to calculate an uptake rate constant for cephalothorax-cadmium of 0.21 
L/g/d (Fig. 6.3b). 
 
The whole-body cadmium uptake rate constant compares well with the literature for 
cadmium uptake rate constants for other aquatic crustaceans (Table 6.1).  Interestingly, the 
cadmium uptake rate for the freshwater M. australiense was similar to the brackish water 
decapod Penaeus indicus from a different taxonomic family.  However, both these species 
had greater uptake rate constants than that of Palaemon elegans (from the same family as 
M. australiense) and Echinogammarus pirloti, both of which are saltwater species.  There is a 
common hypothesis that increased salinity decreases the uptake rate of cadmium due to 
competition with the increased cations in solution (Nuñez-Nogueira and Rainbow, 2005).  It 
would appear that the ku presented here for M. australiense is the first time such a 
calculated rate constant has been reported in the literature for any Macrobrachium species. 
 
Table 6.1. Comparison of cadmium uptake rate constants (ku) for aquatic crustaceans from the literature.  The 
table represents an interspecific comparison as well as the effects of salinity differences (decreased ku with 
increasing salinity). 
Species Organism type 
Salinity 
(ppt) 
Temp 
(°C) 
ku 
(L/g/d) Source 
M. australiense Decapod 0 22 0.087 This study 
Penaeus indicus Decapod 15 25 0.090 Nuñez –Nogueira and Rainbow, 2005  
Palaemon elegans Decapod 33 15 0.010 White and Rainbow, 1986  
Echinogammarus pirloti Amphipod 33 10 0.017-0.023 Rainbow and White, 1989  
Daphnia magna Water flea 0 23 1.488 Yu and Wang, 2002  
5 separate species Larval mayfly 0 22 0.45-15.2 Cain et al. (2011)  
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6.3.2 Dietary cadmium assimilation 
 
The fine-sediment ingestion rate (IR) was calculated as 0.062±0.043 g/g/d (± SD; n=5) based 
on the rate of increased bioaccumulation of cadmium during the ‘pulse’ feeding period per 
wet mass of individual prawns.  No significant activity was detected in prawn faeces after  
24 h in the sediment ‘chase’ period suggesting that the majority of active sediment had been 
egested within the initial 24 h.  From the loss of activity during the 10-d ‘chase’ period, AEs 
were determined as the y-intercept of the slow loss rate curve (e.g. between 1 and 10 d) and 
ranged from 34 to 71% with a mean AE of 51±17% (±SD; n=4, Fig. 6.4).  Sediment efflux 
rates, calculated as the slope of the slow loss rate curve, ranged from -0.8 to 0.8%/d with a 
mean efflux rate of 0.2±0.7%/d (±SD; n=4).  This low efflux rate suggests that cadmium 
assimilated from fine sediment was not effluxed (due to an insignificant slope). 
 
 
 
Figure 6.4. Macrobrachium australiense. Mean (n=4 for sediment, n=5 for algae and carrion, ±SE) percentage of 
retention of ingested cadmium after 2-h feeding on radiolabelled food. 
 
The carrion IR was calculated as having a mean of 1.15±0.66 g/g/d (±SD; n=5).  This IR was 
considerably greater than that of sediment (1.5 orders of magnitude greater) suggesting that 
the prawns are likely to ingest more carrion per day than sediment (assuming equal 
abundance of each).  However, this difference in IR could be due to the difference in the 
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mass of food presented to the prawns.  The sediment pellets were approximately 5 mg (dry 
wt) whereas the cephalothorax tissue was approximately 220 mg (wet wt).  Therefore, for 
the carrion AE experiment, prawns were presented with a far greater mass of food than in 
the sediment AE experiment.  As prawns from both experiments consumed all of the food 
presented to them, this most likely explains the differences in IR.  One prawn was found 
dead for unexplained reasons after 6 d of the carrion ‘chase’ period.  The prawn was not 
used in the AE and efflux rate calculations.  As with the sediment assimilation experiment, 
no significant activity was detected in prawn faeces after 24 h during the carrion ‘chase’ 
period suggesting that the majority of active carrion had been egested within the initial 24 h.  
Figure 6.4 shows the loss of activity during the 10-d ‘chase’ period.  AEs, ranged from 22 to 
34% with a mean AE of 28±5% (±SD; n=4).  Carrion efflux rates ranged from 0.8 to 1.7%/d 
with a mean efflux rate of 1.2±0.4%/d (±SD; n=4).   
 
The IR for algae ranged from 0.075 to 0.29 g/g/d with a mean (± SE; n=5) of 0.184±0.087 
g/g/d.  The loss of activity during the 10-d ‘chase’ period is shown in fig 6.4.  AEs, determined 
as the y-intercept of the slow loss rate curve (e.g. between 1 and 10 days) ranged from 29 to 
69% with a mean AE of 48±16% (±SD; n=5).  Algae efflux rates, calculated as the slope of the 
slow loss rate curve, ranged from 1.8 to 3.5%/d with a mean efflux rate of 2.6±0.7%/d (±SD; 
n=5). 
 
Several prawns moulted during the fine sediment and algae ‘chase’ periods.  The shed 
exoskeletons were collected and radioanalysed and were not found to contain measurable 
109Cd activities.  Furthermore, the whole body activities of post-moult prawns did not 
substantially reduce suggesting that moulting did not affect the efflux rate of  
dietary-assimilated cadmium in M. australiense. 
 
The mean AE of cadmium from fine sediment was similar to that from filamentous algae 
(Table 6.2).  However, the mean sediment efflux rate was lower than that of algae.  This 
suggests that when cadmium was assimilated in a potentially soluble biological form (e.g. 
complexed by metallothionein-like proteins) by the prawns was more easily effluxed than 
the inorganic form.  Other studies suggest that cadmium is more easily assimilated by 
predators when the metal is bound by soluble metallothionein-like proteins compared with 
cadmium bound to insoluble metal-rich granules (Wallace et al., 1998; Khan et al., 2010).  
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However, sub-cellular partitioning of cadmium within the algae would be required to 
confirm this hypothesis. 
 
Conversely, the mean AE for carrion (28%) was considerably lower than those of algae and 
sediment (48 and 51% respectively).  This suggests that the cadmium within the 
cephalothorax tissue was in a less-bioavailable form, potentially as insoluble metal-rich 
granules (MRG) and/or bound by metallothionein-like proteins (MTLP).  Indeed, Wallace et 
al. (1998) showed that when the grass shrimp Palaemonetes pugio was fed oligochaetes 
with cadmium bound internally by MRG and MTLP, the shrimp accumulated only 21% of the 
ingested cadmium, compared with 71% of the ingested cadmium from worms with cadmium 
bound only by MTLP.  Further studies on the sub-cellular partitioning of accumulated 
cadmium within M. australiense could confirm whether the prawn incorporates 
bioaccumulated cadmium into both MRG and MTLP.   
 
Once assimilated from the dietary phase, cadmium predominantly accumulated in the 
hepatopancreas, which accounted for 76±7% of total body cadmium with other 
cephalothorax soft tissues containing 12±5% (n=15).  This demonstrated that regardless of 
exposure source (e.g. water or diet) the vast majority of cadmium was associated with the 
hepatopancreas once bioaccumulated. 
 
6.3.3 Biokinetic model of cadmium bioaccumulation 
 
Data used in the biokinetic model discussed in Section 6.2.9 are summarised in Tables 6.2 
and 6.3, along with typical concentrations of cadmium for modelled food items determined 
from field samples collected from the Strickland River (Chapter 4).  The concentrations of 
metals reported for the Strickland River sediment samples (Table 6.2) are reported as dilute 
acid-soluble metal concentrations (bound to carbonates and hydroxides).  As 100% of the  
109Cd bound to the sediment was loosely bound and was liberated by an ASM extraction, the 
ASM concentration of field sediments was used as a comparable measure of sediment-
bound readily soluble cadmium in the model.  Baumann and Fisher (2011) previously found 
that metal assimilation efficiencies were positively correlated with the exchangeable and 
carbonate sedimentary fraction in deposit-feeding polychaetes.   
  
 
 
Table 6.2.  Biodynamic modelling parameters of whole body accumulation of cadmium by Macrobrachium australiense via dietary sources. Prawn masses are given as wet-weights.  
Typical cadmium concentrations for Strickland River samples are also shown.  
         
Experimental Diet, 
mg Cd/kg 
Strickland River Samples 
Food
a
 n 
IR Range, 
g/g/d 
Mean IR, 
g/g/d 
AE Range, 
% 
Mean AE, 
% 
Mean efflux 
rate, %/d 
Mean,  
µg Cd/g
d
 
Range,  
µg Cd/g
f
 
Sediment 4 0.032-0.12 0.062 34-71 51 0.2 1.4 0.12
e
 0.06-0.24
e
 
Carrion
b
 4 0.57-2.2 1.1 22-34 28 1.2 2.1 0.35 0.13-0.41 
Algae
c
 5 0.075-0.29 0.18 29-69 48 2.6 16 0.14 0.04-0.2 
 a all food (with the exception of carrion) included agar to form pellet – the extra mass of agar was subtracted for the IR calculations; b Carrion represented by M. australiense cephalothorax tissue - no agar used; c Algae 
represented by Oedogonium sp. d Mean  from sites receiving mine-derived materials – different from experimental diet due to concentration of stable cadmium associated with radioisotope; e Reported as ASM (0.2 % HNO3; 
5 min); f Range of solid phase metals from all sites collected in May 2010 (Chapter 4). 
 
 
Table 6.3. Biodynamic modelling parameters of whole body and cephalothorax only accumulation of cadmium by Macrobrachium australiense via water exposure.  Prawns masses 
are given as wet weights. u-w represents the cadmium uptake rate for an individual exposure concentration and ku represents the cadmium uptake rate constant.  Similarly, e-w 
represents cadmium efflux rates for depuration in cadmium-free water following each exposure and Mean e-w represents the mean efflux rate. 
    Whole body  Cephalothorax only 
Dissolved Cd, µg/L n u-w, mg/kg/d ku, L/g/d e-w, %/d Mean e-w, %/d 
 u-w, mg/kg/d ku, L/g/d e-w, %/d Mean e-w, %/d 
3.6 5 0.28 
0.087 
0.7 
0.8 
 0.69 
0.21 
0.4 
0.7 1.1 5 0.045 0.5  0.12 0.5 
0.4 5 0.012 1.3  0.032 1.1 
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The model was calculated for a dissolved cadmium exposure of 0.05 μg/L, which was the 
maximum concentration found in samples collected from sites receiving mine-derived 
materials in the Strickland River (Chapter 4).Based on the assumptions discussed in Section 
6.2.9, the steady-state model was calculated for each cadmium source (water, sediment, 
carrion and algae) and the contribution to total body cadmium from each source is shown in 
Fig. 6.5.     
 
As a sensitivity analysis, the effects of changes in dietary composition are also shown in Fig. 
6.5; the model was run to determine the contribution to total body cadmium from each 
source when sediment comprised only 25% of the diet, carrion comprised 25% of the diet, 
algae comprised 50% of the diet and the water exposure was increased from 0.05 to 0.1 μg 
Cd/L.  These changes in dietary composition/dissolved cadmium exposure were each 
conducted independently, with the other values (e.g. remaining dietary compositions and 
values in Tables 6.2 and 6.3) remaining fixed. 
 
 
Fig 6.5. Results from steady-state biokinetic model for cadmium bioaccumulation by Macrobrachium 
australiense showing the contribution of four sources to total body cadmium.  Assumed diet is based on 
exposure to 0.05 μg Cd/L in surrounding water, with a dietary composition of sediment, carrion and algae as 
50, 10 and 10% respectively (remaining 30% of diet not contributing to cadmium).  Results of changes to 
dietary composition (shown as % sediment/carrion/algae; no change in dissolved exposure), an increase in 
dissolved cadmium exposure and the result of assuming that each of the three dietary sources has the same 
ingestion rate (IR) are also shown. 
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The model was also run to compare the contribution of each source to total body cadmium 
using the same IR for each source (0.47 g/g/d as a mean IR for all three dietary sources) in 
order to investigate the effects of IR on total body cadmium.  As for the other modelled 
criteria, the results of changes in IR were obtained by calculating the body cadmium at 
steady-state using the values in Tables 6.2 and 6.3 and by assuming that the dietary 
composition of sediment, carrion and algae was 50, 10 and 10% respectively. 
 
Fig. 6.5 shows that at a steady-state, with exposure to cadmium concentrations found in the 
Strickland River and under the typical diet (50% sediment, 10% carrion, 10% algae, remaining 
10% of diet not contributing to bioaccumulated cadmium), uptake from water was predicted 
to account for 22% of total body cadmium, with the dietary sources accounting for 78% of 
body cadmium.  Of the dietary contribution under the typical diet scenario, sediment and 
carrion accounted for 38% of body cadmium each with algae contributing only 2%.  Under 
the assumption that sediment only comprised 25% of the diet (with carrion and algae still 
constituting 10% each), accumulation from water accounted for 27% of total body cadmium, 
with the dietary component dominated by contributions from carrion.  When algae were 
assumed to comprise 50% of the prawn’s diet, the contribution of algae to total body 
cadmium was <10%, demonstrating that algae are unlikely to be a significant source of 
cadmium to the prawns.  Another scenario was modelled whereby the exposure to dissolved 
cadmium was increased from 0.05 to 0.2 μg/L (while maintaining all other inputs at a 
constant level).  This was the maximum concentration experienced at the uppermost 
biological monitoring site on the Lagaip River (Wankipe) from 2001 to 2010 (PJV, 2011).  
Under this exposure scenario, the contribution to total body cadmium from water increased 
to 53% (Fig. 6.5).  This suggests that under sustained exposure to a maximal dissolved 
cadmium concentration, accumulation of cadmium from water could account for half of the 
total body cadmium.  As 0.2 μg Cd/L is the maximum concentration prawns downstream of 
the mine would be exposed to and assuming that M. australiense can be used as a surrogate 
for the Macrobrachium species within the system, bioaccumulation of cadmium via the 
water pathway would only account for half of the whole body cadmium concentration at 
most.  However, it must be noted that the Lagaip River represents a different habitat and 
has differences in chemistry and metal concentrations compared to the Strickland River.  It is 
therefore important to re-iterate that the presented biokinetic model was calculated for the 
Strickland River and its associated water ways and not the Lagaip River. 
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The final scenario the model was tested for was investigating the effects of using the same 
IRs for each food type (while leaving all other inputs unchanged).  Fig. 6.5 shows that under a 
scenario where the IR of all food types was set to the mean IR of all three food types (0.47 
g/g/d), the contribution of water to total body cadmium was only 7%, with sediment being 
the dominant dietary component responsible for 87% of the total body cadmium.  This 
demonstrates the significance of IR in predicting accumulated cadmium concentrations.  A 
similar result was found by Casado-Martinez et al. (2009), whose biokinetic model 
determined that metal accumulation (silver, cadmium and zinc) by the deposit-feeding 
polychaete Arenicola marina was highly dependent on ingestion rates and assimilation 
efficiencies.   
 
These results suggest that bioaccumulation of cadmium via dietary exposure is more 
important than via the water pathway for M. australiense under the environmental 
conditions of the Strickland River and its associated floodplain.  Studies undertaken in 
Chapter 5 demonstrated that under exposure to dissolved and sediment-bound cadmium, 
the predominant uptake pathway was via the water.  However, the studies in Chapter 5 did 
not quantify the contribution of cadmium assimilation via diet.  Therefore, when 
accumulation via both dietary and water sources were considered together, the dietary 
uptake pathway appeared to contribute more to total body cadmium.  This finding is in 
accord with several studies which observed that the predominant source of cadmium to 
other freshwater aquatic invertebrates was via ingestion.  For example, Roy and Hare (1999) 
determined that dietary uptake was a much more important source of cadmium 
bioaccumulation than water for the both the predatory alderfly Sialis velata and for the 
alderfly’s chironomid prey Cryptochironomus sp.  Later, Crosietiere et al. (2006) conducted 
field studies and confirmed that cadmium in the food (in this case the midge Chironomus 
riparius) of the same alderfly was the major source of cadmium.  Dietary pathways have also 
been attributed as being a significant source of cadmium to the caddisfly Mystacides 
(Timmermans et al., 1992) and the freshwater amphipod Hyalella azteca (Golding et al., 
2011), for which the dietary cadmium was predicted to contribute 26-90% of total body 
cadmium.  Cain et al. (2011) determined that bioaccumulation of cadmium from water 
accounted for less than 5% of the observed concentrations in five species of aquatic mayfly, 
implying that the majority of bioaccumulated metal was from ingestion. 
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6.4 Conclusions 
 
The present study determined rates of uptake and loss of cadmium accumulated from water 
and assimilation efficiencies, ingestion rates and efflux rates of cadmium from three dietary 
sources for Macrobrachium australiense.  The results demonstrated that the prawns 
acquired cadmium readily from water, with initial saturation of the exoskeleton in the initial 
24 h of exposure, followed by a near linear accumulation pattern with no apparent 
saturation reached at the highest exposure concentration (3.6 µg Cd/L).  The process of 
ecdysis (moulting) affected cadmium uptake from water by increasing the uptake rate above 
that of pre-moult prawns for approximately 7 d.  However, bioaccumulated cadmium did not 
appreciably decrease following moulting, regardless of whether the cadmium was 
accumulated from water or diet.  More studies should be conducted to better understand 
the effects of moulting on cadmium uptake from solution. 
 
Dietary cadmium assimilation and retention was greatest for cadmium associated with fine 
sediment compared with carrion or filamentous algae.  This suggested that a portion of the 
cadmium associated with the latter two dietary sources was associated with insoluble metal-
rich granules.  As such, this cadmium was potentially less bioavailable and more easily 
effluxed than inorganic cadmium adsorbed to fine sediment.  The internal distribution of 
cadmium determined in this study suggested that the metal was retained for 
detoxification/storage in the hepatopancreas more than any other organ in M. australiense, 
regardless of the exposure pathway. 
 
Biokinetic modelling under environmentally realistic concentrations of cadmium in the 
Strickland River, Papua New Guinea, predicted that uptake from dietary sources, 
predominantly sediment and carrion, was responsible for approximately 80% of the 
bioaccumulated cadmium in M. australiense.  These results were based on the assumption 
that the dietary contribution of cadmium to the prawns was solely from sediment, carrion 
and algae.  As Macrobrachium are generally opportunistic scavengers, it must be noted that 
there would likely have been other sources of dietary cadmium to the prawns not accounted 
for in the model.  However, without reliable data on the exact diet of field prawns and 
quantification of the cadmium concentration of such dietary components, the model 
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represents the best estimate of the real-world cadmium contributions within the Strickland 
River and associated water bodies.  
 
Differences in dietary composition did not drastically change the contribution of diet to total 
body cadmium.  When the same ingestion rate was applied to all three dietary sources, the 
contribution of sediment increased, accounting for 87% of the total body cadmium.  Any 
temporary increases in the uptake rate of cadmium from solution caused by moulting and 
the dilution effects caused by growth were not considered in the model. 
 
The following chapter will determine whether the biokinetic model of cadmium 
bioaccumulation by M. australiense can be used to predict cadmium bioaccumulation by 
Macrobrachium species from the Strickland River.  This was investigated by conducting non-
radiotracer cadmium uptake experiments, from exposure to both dissolved and particulate-
bound cadmium using M. australiense and two of the Macrobrachium species, M. 
rosenbergii and M. latidactylus, used as metal biomonitors in the Strickland River. 
  
6. Cadmium radioisotope studies and biokinetic model 
199 
6.5 Supporting Information 
6.5.1 Photo of prawn exposure chamber used in radioisotope experiments 
 
The following photograph shows the 1.125 L container with the internal polypropylene 
basket used in the radioisotope experiments: 
 
 
 
 
6.5.2 The effects of moulting on cadmium bioaccumulation from solution 
 
Previous exposures to dissolved cadmium demonstrated that the cadmium uptake rate 
increased in recently moulted prawns up to six times greater than that of pre-moult prawns 
(Section 6.3.1).  To understand the magnitude and duration of increased uptake rate an 
experiment was conducted using previously moulted and non-moulted prawns. 
 
Method 
 
A 109Cd stock solution of 23 mg Cd/L was used to prepare nominal exposure solutions of 0.8 
μg Cd/L in 400 mL of SRW (equivalent to 91 kBq 109Cd/L) contained within standard exposure 
chambers with internal baskets.  Holding prawns were isolated to individual 250 mL clear 
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containers with holes drilled in the lid and were inspected twice daily to identify when 
moulting had taken place.  Once a prawn had moulted, it was transferred to an exposure 
chamber.  At the same time, another prawn that had not moulted, which acted as a moult 
control, was transferred to a separate exposure chamber.  The experiment was conducted 
over eleven days with a total of three control (no moult) prawns and four treatment (moult) 
prawns.  During the exposure, prawns were radioanalysed daily, after being rinsed twice 
with non-active SRW and exposure solutions were renewed 100% daily.  Sub-samples of 
exposure solutions were collected randomly and radioanalysed to determine cadmium 
exposure concentration.  At the end of the 11-d exposure period, prawns were removed 
from exposure solutions, rinsed in non-active SRW and dissected into two sections by an 
incision made between the posterior of the carapace and the first somite (dissected into 
cephalothorax and abdomen).  Each section was individually weighed and radioanalysed. 
 
Results 
 
Radioanalysis of exposure solutions revealed that the prawns were exposed to an average of 
0.8 μg Cd/L (± 0.05; n=13).  Radioanalysis of the dissected prawns revealed that 100±6% of 
the whole body activity was present in the cephalothorax while only 5±3% (n=7) was present 
in the abdominal section. 
 
One of the control prawns moulted on day six and was thereafter referred to as a moulted 
prawn and its cadmium activity treated accordingly (e.g. its activity was used to determine 
the mean activity of all moulted prawns).  One control prawn died after seven days 
exposure.  Therefore, only one non-moulted prawn was used for control data between days 
eight and eleven.   
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Figure S6.6. Macrobrachium australiense.  Mean whole-body cadmium uptake rates of moulted (n=5) and non-
moulted (n=3) prawns (based on tissue wet wt) exposed to 0.8 μg Cd/L.  Values shown are means ± standard 
error.   
 
The uptake rate data shows that for the first day of exposure, both moulted and non-
moulted prawns experience the greatest cadmium uptake rates (Fig. S6.6). This was most 
likely due to the combination of bioaccumulation via the gills and the rapid adsorption of 
cadmium to the exoskeleton.  The mean uptake rate of moulted prawns was significantly 
different (p<0.05; Student’s T-test) from that of the non-moulted prawns up to day 2 of the 
experiment, and was not significant (p>0.05) at and beyond day 3.  However, the mean 
uptake rate of moulted prawns was greater (albeit not significant) than that of the non-
moulted prawns until day 7 (Fig. S6.6).  This suggested that the prawns’ exoskeleton was not 
sufficiently re-calcified until 7-d after moulting and that the calcium-pump had returned to 
normal inter-moult operation after 7-d days if indeed cadmium was bioaccumulated through 
calcium ion channels in the gills.  The reason why the mean uptake rate of the moulted 
prawns increased between days seven and ten is unknown.  It must be noted that there was 
a large variation between individual uptake rates, as demonstrated by the large standard 
error bars in Fig. S6.6. It would be prudent to replicate the experiment using more replicates 
and for a longer duration, preferably for an entire moult period. 
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Chapter 7: Comparing Trace Metal 
Bioaccumulation Characteristics of Three 
Decapod Crustaceans of the Genus 
Macrobrachium 
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Abstract 
 
Potential sources and kinetics of metal bioaccumulation by the three Macrobrachium prawn 
species M. australiense, M. rosenbergii and M. latidactylus were assessed in laboratory 
experiments.  The prawns were exposed to cadmium in water only or to dissolved and 
particulate metals directly or by caging above metal-rich mine tailings.  The exposure 
durations were 7 d and followed by depuration in cadmium-free water for 7 d.  The results 
were compared with a cadmium biokinetic model that had previously been developed for M. 
australiense in order to determine whether that model could be used to predict metal 
bioaccumulation by M. rosenbergii and M. latidactylus that reside in the turbid Strickland 
River of Papua New Guinea.   
 
The cadmium bioaccumulated from the dissolved exposure was significantly different 
between species, suggesting markedly different cadmium uptake rates between the species.  
All three species retained >95% of the bioaccumulated cadmium during the depuration 
phase, demonstrating slow efflux rates.  Bioaccumulation of cadmium from tailings exposure 
was not significantly different between species, suggesting contributions of accumulation 
from solution and solid phases.  All species bioaccumulated significantly greater arsenic and 
lead when in direct contact with mine tailings, suggesting the importance of an ingestion 
pathway for these metals.  Copper and zinc were not significantly bioaccumulated beyond 
control concentrations for any species. 
 
The differences between the metal accumulations rates of the three prawns indicated that 
the biokinetic model of cadmium bioaccumulation for M. australiense could potentially be 
used to describe the metal bioaccumulation of the other two prawn species, albeit with an 
over-prediction of 2-4 times.  Despite these being the same genus of decapod crustacean, 
the study highlights the issues with using surrogate species, even under controlled 
laboratory conditions.  It is recommended that future studies using surrogate species 
quantify the metal bioaccumulation kinetics of each species in order to account for any 
differences between species. 
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7.1 Introduction 
 
It is widely appreciated that trace element uptake and internal distribution can be distinctive 
within a given taxon (Hare et al., 1991) and these differences can transcend through the 
generic, family and order levels (Hare, 1992).  It is therefore important to undertake trace 
element bioaccumulation studies with different species of the same genus to identify inter-
species differences in contaminant bioaccumulation patterns.  A review by Pourang et al. 
(2004) described the patterns of metals found in the muscle tissue of several shrimp species 
of the Penaeus genus from a number of studies.  Zinc was found to be the most commonly 
occurring trace element (at the highest concentration) in all species.  However, the second 
most abundant trace element in the abdomen was either copper, iron or lead, differing with 
species.  These differences may have simply been a function of the different environments 
the shrimps were collected from (e.g. chemistry, hydrology, food abundance) or they may 
have been evidence of the differences in metal bioaccumulation characteristics between 
species.  Croteau et al. (2001) observed differences in cadmium bioaccumulationin the field 
among four species of the phantom midge Chaoborus.  Based on laboratory studies, these 
differences between species were attributed to the differences in assimilation efficiency of 
cadmium from dietary items and differences in feeding habits (e.g. ecological differences).  
Martin et al. (2008) compared the metal concentrations in larvae of two Chironomus species 
from the same lake at the same depth and time.  They found that cadmium differed greater 
than 8-fold between species, while zinc differed 2-fold and copper concentrations were 
comparable.  The study determined that the different diets (different sediment with 
differing metal availabilities) of the two species was likely to be the cause of the differences 
in metal concentrations. 
 
Routine biomonitoring of the freshwater decapod crustaceans Macrobrachium rosenbergii 
and Macrobrachium latidactylus in the highly turbid receiving rivers downstream of the PJV 
gold mine, Papua New Guinea, is undertaken to determine trace metal bioaccumulation 
within the system.  Such biomonitoring in the receiving waters of the Strickland River, has 
detected significant increases in bioaccumulated arsenic, cadmium, copper, lead and zinc 
relative to reference tributaries (PJV, 2011).  However, trace metal concentrations of water 
and particulate samples collected at the same locations along the river system do not show 
the same differences between sites receiving mine-derived materials and reference 
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tributaries (PJV, 2011).  Studies were conducted using a surrogate species, Macrobrachium 
australiense, and the radiotracer 109Cd (Chapter 6) to develop a biokinetic model of cadmium 
bioaccumulation by Macrobrachium species that could be applied to prawns present in the 
Strickland River.  Using calculated ingestion rates and rates of efflux of cadmium from each 
dietary source (fine sediment, carrion and algae), along with rates of uptake and efflux from 
solution, a steady-state biokinetic model of accumulated Cd was developed (Chapter 5).   
The use of M. australiense as a surrogate for the Macrobrachium species in the Strickland 
River was due to the inability to access sufficient numbers of the other species.  If the rates 
of uptake and efflux of metals from various sources were comparable between species, then 
the biokinetic model for M. australiense may be applicable for the Macrobrachium species in 
the Strickland River.  This appears to be the first study directly comparing the metal 
bioaccumulation characteristics of decapod crustaceans from the same genus. 
 
Two experiments including dissolved cadmium and mine tailings exposures were conducted 
using M. rosenbergii, M. latidactylus, and M. australiense under the same laboratory 
conditions.  This was to enable a comparison of the trace metal bioaccumulation 
characteristics of the three species and to determine the applicability of the biokinetic model 
of cadmium bioaccumulation to the species of prawns native to the Strickland River. 
 
7.2 Methods 
 
The experiments with M. australiense were conducted at the Centre for Environmental 
Contaminants Research, CSIRO Land and Water, Sydney, Australia and the experiments with 
M. rosenbergii and M. latidactylus were conducted at the PJV Environment Department, 
Porgera, Papua New Guinea.   
 
High-purity acids (Tracepur, Merck, Darmstadt, Germany) were used for sample acidification 
(preservation) and washing of bottles.  All plastic ware was acid-washed by soaking for >24 h 
in 10% v/v HNO3, then rinsing with copious amounts of deionised water (18 MΩ/cm, Milli-Q, 
Millipore, Academic Water System, Sydney, Australia) before drying in a laminar-flow cabinet 
(Clyde-Apac, HWS Series) prior to use.  All chemicals used were analytical reagent grade or 
better purity. 
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7.2.1 Animal stocking and holding 
 
M. australiense (0.87±0.22 g whole body wet weight) were obtained from a commercial farm 
(Bingera Weir Farm, Bundaberg, Australia) and were identified by Queensland  
Department of Primary Industries and Fisheries (Ross Lobegeiger, personal communication) 
while juvenile M. rosenbergii (3.9±2.1 g whole body wet weight) and M. latidactylus (2.0±1.3 
g whole body wet weight) were collected from a location on the Strickland River, Papua New 
Guinea, that receives mine-derived materials (Tiumsinawam) and local reference tributaries 
(the Baia and Tomu Rivers).  The latter two species were identified by biologists of the PJV 
Environment Department.  Both the dissolved cadmium exposure and the tailings exposure 
were conducted with the same batch of M. australiense while the dissolved cadmium 
exposure was conducted with M. rosenbergii from the Strickland River and the tailings 
exposure using M. rosenbergii from the Strickland River reference tributaries.  This was due 
to a lack of sufficient numbers of M. rosenbergii from the reference tributaries to conduct 
both exposures.  Both exposures were carried out using M. latidactylus from reference 
tributaries. 
 
All prawns were maintained in a synthetic river water (SRW – 1.92 g NaHCO3; 1.20 g CaSO4· 
2H2O; 2.46 g MgSO4·7H2O and 0.08 g KCl in 20 L deionised water) in 28 L plastic tubs with 
constant aeration provided via compressed air lines.  SRW was chosen as a preferred holding 
and testing media as it had similar physicochemical properties to that of the Lagaip and 
Strickland Rivers (see Table 5.2, Chapter 5).  Prawns were fed commercial food pellets 
(Prestige Vegi Pellet; Kirawee, NSW, Australia: 32% crude protein; 5% crude fat; 4% crude 
fibre; 8% moisture) every morning with faeces and remaining food being syphoned to waste 
every evening.  There was daily renewal of 25% of the holding tank water.  Laboratory 
conditions were set on a 12:12 h light:dark regime and kept at a constant 21±1°C for M. 
australiense and 19±2°C for M. rosenbergii and M. latidactylus due to daily fluctuations in 
temperature (the experiments for the latter two species were conducted in an external 
shipping container).  Any prawns that died during the holding period were removed, bagged 
and frozen immediately as were any moulted exoskeletons.  Prawns that moulted during 
exposures were not removed from the experiment, but a note was made of the moulting 
event as uptake rates for at least cadmium have been shown to increase up to 7 d following 
moulting (Chapter 6). 
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7.2.2 Dissolved cadmium exposure 
 
A stock solution of cadmium was prepared using a plasma emission standard (AccuTrace™ 
Reference Standard, AccuStandard, Newhaven, USA) in order to produce nominal test 
solutions of 0 (control: <0.001) and 1.0 μg Cd/L in SRW (pH = 7.9±0.2).  The exposures were 
conducted in 1.125 L polypropylene (PP) exposure chambers containing internal PP baskets 
(Décor Tellfresh), which allowed the prawns to be removed from the container without 
causing harm.  Each chamber was filled with 400 mL of test solution and each treatment was 
carried out with five replicates (with each replicate consisting of an individual exposure 
chamber and an individual prawn).  Fifteen test chambers were prepared for M. latidactylus 
and M. australiense with five chambers as controls (e.g. no added cadmium) and ten as 
treatments (1.0 µg Cd/L).  This exposure concentration was fifty times greater than that 
found in the Strickland River (0.02 µg Cd/L; Chapter 4), but was chosen for practicality.  An 
extra five treatment chambers were prepared for M. rosenbergii, making a total of five 
controls and fifteen treatments.  Test solutions were allowed to equilibrate in exposure 
chambers for 24 h with continuous aeration provided by compressed air lines to maintain a 
minimum of 7.0 mg/L dissolved oxygen prior to the introduction of prawns. 
 
A static renewal test (including renewal of the equilibrating solution prior to commencement 
of the experiment) was conducted over 14 d, with 100% of the test solutions replaced every 
24 h.  Subsamples of the test solutions were collected prior to each water change to verify 
exposure concentrations.  Prawns were fed 24 h prior to the commencement of the test and 
were transferred to clean chambers with cadmium-free SRW every 3 d to feed on one food 
pellet for 1 h.  Water subsamples were collected every 2nd day to confirm exposure 
concentrations and preserved (0.2 % HNO3). 
 
After 3.5 d, one set of M. rosenbergii prawns (e.g. 5 prawns) was removed from the 
treatment solution, the prawns rinsed in SRW and immediately sacrificed by transferring to a 
freezer at <-18 °C.  After 7 d, the controls and another set of 5 treatment prawns were rinsed 
and sacrificed as above.  The remaining 5 treatment prawns (for both M. rosenbergii and M. 
latidactylus) were transferred to clean chambers with cadmium-free SRW to depurate for a 
further 7 d.  Water was changed and prawns were fed as above during this period.  After a 7-
d depuration, the prawns were rinsed and sacrificed as above. 
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7.2.3 Mine tailings exposure 
 
Tailings exposures were set up using the exposure chambers described above.  Samples of 5 
g (wet wt) of homogeneous PJV mine tailings were transferred to two lots of five chambers 
along with 500 mL of SRW.  Five chambers also contained PP baskets, raised 10 mm above 
the bottom of the chamber which allowed the prawns to be caged above the settled tailings 
(indirect treatment).  Another five chambers were left without baskets such that the prawn 
was in direct contact with the tailings (direct treatment).  A further five chambers were left 
with no addition of tailings (controls).  After the tailings and SRW were added, the mixtures 
were left to equilibrate within the chambers for 24 h with constant aeration before the 
addition of prawns.  The resulting pH of overlying waters of both treatments and controls 
after equilibration was 7.8±0.1 (n=45).   
 
Exposure to tailings was conducted over 7 d with no substantial renewal of overlying water; 
15-mL subsamples were collected at days 0, 2, 4 and 7 and were replaced with 15-mL of SRW 
on each occasion.  Subsamples were filtered through acid-washed membranes (0.45 µm, 
Whatman) that had been thoroughly rinsed in Milli-Q water.  The filtrate was preserved 
(0.2% HNO3) for analysis.  Prawns were fed one food pellet at days 2 and 5 of exposure with 
one pellet dropped into the exposure chamber with the prawns.  Uneaten food was not 
recovered.  The prawns in the indirect exposure had limited access to the tailings 
particulates due to the 2-mm slits in the PP basket, but it was assumed that this was 
insignificant compared to the direct exposure.  Therefore, we assumed that the prawns in 
the indirect treatment received only dissolved metals leaching from the tailings. 
 
Following 7 d of exposures, prawns were removed from the test chambers, rinsed 
thoroughly with SRW and transferred to clean chambers with 500 mL SRW and allowed to 
depurate for 48 h with a 100% water change after 24-h depuration.  Prawns were not fed 
during this period.  After depuration, prawns were removed from the chambers, well rinsed 
with SRW and immediately sacrificed by transferring to a freezer below -18°C. 
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7.2.4 Temperature variations between experiments 
 
The experiments with M. australiense were conducted at 21±1 °C, whereas exposures with 
M. rosenbergii and M. latidactylus were conducted at 19±2 °C with diurnal fluctuations of up 
to 4 °C.  Differences in temperature have previously been shown to affect the uptake rate of 
certain metals from solution.  For example, zinc uptake from solution by the littoral prawn 
Palaemon elegans at temperatures of 15 and 20 °C was significantly (p < 0.05) increased 
compared to that at 5 and 10 °C (Nugegoda and Rainbow, 1987).  Uptake rates of cadmium 
from dietary sources have also been shown to increase with increases in temperature.  
Croteau et al. (2002) determined the rates of cadmium by the phantom midge Chaoborus 
spp. at three temperatures (5, 14 and 22 °C) via ingestion, finding that uptake rates 
increased significantly with temperature (p < 0.05).  Such studies of varying temperatures 
found to cause significant differences in metal bioaccumulation rates usually have larger 
temperature differences than the ±2°C in this study.  It was therefore assumed that any 
significant differences in metal uptake rates for the three Macrobrachium species reported 
herein would not be as a result of temperature differences. 
 
7.2.5 Sample analysis 
 
Dissolved metal analyses were conducted using ICP-MS (Agilent 7500 CE) against matrix-
matched standards.  Frozen prawn samples were weighed wet and measured (post-orbital 
carapace length) before being rinsed in Milli-Q water and dissected into whole 
cephalothorax and abdomen sections while partially defrosted (via a single incision between 
the posterior of the carapace and the anterior of the first abdominal section).  The 
exoskeleton of the abdomen was removed and discarded and the abdomen tissue was 
retained.  Both remaining tissue samples were weighed wet in individual polycarbonate 
containers then quickly transferred to a freezer.  Frozen tissue samples were freeze-dried, 
individually weighed dry and transferred to Teflon® digest tubes and pre-digested overnight 
in concentrated HNO3.  Samples of a CRM (DORM-3, fish protein; Environment Canada) were 
digested in the same manner.  Total tissue digestion was achieved via a pressurised 
microwave technique (MARS Xpress).  Following digestion, samples were diluted with Milli-Q 
water and analysed via ICP-MS (Agilent 7500 CE) along with appropriate acid blanks, 
standard addition and CRM against matrix-matched standards.   
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7.2.6 Statistical analyses 
 
Tissue metal data were assessed for normality (Skewness, Kurtosis and Omnibus Normality 
of Residuals Tests) and equal variance (Modified-Levene Equal-Variance Test) and 
subsequently not log-transformed.  Significant differences between treatments and between 
species were determined by a one-way ANOVA using a Dunnett’s multiple comparison test 
(NCSS, 2007). 
 
7.3 Results and Discussion 
7.3.1 QA/QC Results 
 
Water samples QA/QC included the analysis of duplicate samples (every 10%; relative 
standard deviation, RSD = 6%), standard addition (every 10%; recoveries ± 7%) and certified 
reference materials (CRM; TM-24.3, Environment Canada; recoveries ±7%).  Tissue CRM 
recoveries were within acceptance criteria (±11%), as were duplicate and standard addition 
samples (8% RSD and 104% recovery respectively; n=3 for both). 
 
7.3.2 Dissolved cadmium exposure 
 
The mean dissolved cadmium concentrations over the 7-d exposure period was 0.71±0.09 μg 
Cd/L , compared to the nominal concentration of 1 μg Cd/L and were not significantly 
different (p>0.01) between species (mean range 0.6-0.8 μg Cd/L; Supporting Information Fig. 
S7.3).  Therefore, it can be assumed that differences in dissolved cadmium exposure for the 
three species were equivalent during the experiment.  The resulting cephalothorax cadmium 
concentrations for the three species are shown in Fig. 7.1.   
 
There were substantial differences in bioaccumulated cadmium between the three species 
as the mean concentrations (±SE) of cadmium in the cephalothorax were 4.6±0.7, 1.9±0.2 
and 0.9±0.2 μg/g for M. australiense, M. rosenbergii and M. latidactylus respectively for the 
exposure treatment.  The mean concentrations of cephalothorax cadmium following 
depuration were significantly (p<0.05) different between species.  The cephalothorax 
cadmium data was normalised to length (post orbital carapace length; posterior edge of the 
orbital notch of the carapace in mm) to account for differences in prawn size/age.  The 
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normalisation of the data (Supporting Information Fig. S7.4) did not visually change the 
relative differences between species from that of non-normalised cephalothorax cadmium 
data, suggesting that prawn size/age was not a factor in the differences in accumulated 
cadmium between species. 
 
 
 
Figure 7.1. Comparison of bioaccumulated cadmium in the cephalothorax of three species of prawns belonging 
to the Macrobrachium genus.  Prawns were exposed to 0.01 μg Cd/L (control; unfilled bars) and 0.7 μg Cd/L 
(treatment; black bars) for 7 d in synthetic river water.  Another treatment was exposed to 0.7 μg Cd/L nominal 
for 7 d and then transferred to cadmium-free synthetic river water to depurate for 7 d (depuration; hatched 
bars).  Data shown are means ± SE (n=5) and are reported as dry weights. 
 
After 7 d of exposure to 0.7 μg Cd/L, concentrations of cephalothorax cadmium in M. 
rosenbergii were not greater than that of the controls (mean cadmium concentration of 1.82 
and 1.87 μg/g respectively; Fig. 7.1).  Cadmium is generally regarded as a non-essential 
element and is not known to be regulated in aquatic invertebrates (Luoma and Rainbow, 
2008).  Therefore, we expected that there should have been some increase in 
bioaccumulated cadmium in the cephalothorax tissues over the exposure period (as for the 
two other species).  The M. rosenbergii prawns used in this experiment were collected from 
a site on the Strickland River that receives mine-derived materials and as such, the controls 
had approximately twice the cadmium concentration of those controls from the reference 
tributaries (tailings exposure; Fig. 7.2).  Nugegoda and Rainbow (1995) found that the 
saltwater decapod crustacean Palaemon elegans did not significantly accumulate cadmium 
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after 4 d exposure to 20 μg Cd/L, which was postulated to have been as a result of the short 
exposure time.  It is possible that the relatively short exposure time of 7 d in this study was 
not sufficient time for the pre-exposed M. rosenbergii to significantly accumulate cadmium.  
It is also possible that pre-exposure to cadmium in the Strickland River resulted in these 
prawns having some ability to regulate cadmium accumulation rates.  One possible effect of 
pre-exposure to metals is to decrease the uptake rate of certain metals from solution.  For 
example, pre-exposure to silver and zinc in the mussels Perna viridis and pre-exposure to 
cadmium, silver and zinc in the clam Ruditapes philippinarum caused a decrease in the 
dissolved uptake rate of cadmium by the bivalves (numerous studies reviewed by Wang and 
Rainbow, 2005).  However, Guan and Wang (2004) found that pre-exposure to cadmium did 
not significantly affect the dissolved uptake rate of cadmium in the freshwater cladoceran 
Daphnia magna, but did reduce the cadmium dietary assimilation efficiency and ingestion 
rate.  Further studies are required to better understand the apparent tolerance to dissolved 
cadmium by M. rosenbergii demonstrated in this study. 
 
The uptake rates, calculated assuming linear uptake from 0 to7 d, were 0.57 and 0.08 μg/g/d 
for M. australiense and M. latidactylus respectively at an exposure to 0.7 μg Cd/L.  The 
markedly different cadmium uptake rates of M. australiense and M. latidactylus had (Fig 7.1) 
suggest that there are fundamental differences in the physiology of the prawns between the 
two species governing dissolved metal bioaccumulation.  The lack of dissolved cadmium 
uptake by M. rosenbergii could suggest that this species takes up its calcium (and 
consequently cadmium) from the diet.  It would be pertinent to compare the calcium uptake 
rates of the three species to further investigate this.  Regardless of differences in uptake 
rates between species, all three species retained the bioaccumulated cadmium as 
demonstrated by the lack of differences between exposure and depuration cephalothorax 
cadmium concentrations (Fig. 7.1).   
 
7.3.3 Exposure to mine tailings 
 
Differences in bioaccumulated metals between species were also apparent for exposure to 
mine tailings (Fig. 7.2).  Dissolved (<0.45 μm) metals from the exposures did not vary 
significantly between direct and indirect treatments within each species or between each 
species (Table 7.1).  It can therefore be assumed that each species was exposed to the same 
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dissolved metal concentrations originating from the tailings, regardless of whether they 
were caged above or in direct contact with the tailings.   
 
 
 
 
 
Figure 7.2.  Concentrations of metals in the cephalothorax of three species of the Macrobrachium genus 
exposed to either no mine tailings (control), caged above tailings (indirect) or in direct contact with tailings 
(direct) for 7 days in synthetic river water.  Data shown are mean concentrations of metals in cephalothorax 
tissue (dry weight) ± SE (n=3 for M. australiense; n=5 for M. rosenbergii and M. latidactylus).  * represents a 
significant difference between direct and indirect treatments within the species’ test (p<0.01; Dunnett’s 
multiple comparison test). 
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Cephalothorax metal concentrations were normalised to length (post orbital carapace 
length).  The normalised data (Supporting Information Fig. S7.5) did not differ significantly 
from that of non-normalised cephalothorax metal data suggesting that prawn size/age was 
not a factor in the differences in accumulated metal between species 
Table 7.1. Time averaged dissolved (<0.45 μm) metal concentrations in the overlying water during 7-d tailings 
exposures
a
.   
    Time averaged dissolved metal, µg/L 
Treatment  Species  As Cd Cu Pb  Zn 
Control 
M. australiense 0.1±0.0 <0.1 0.5±0.5 0.01±0.00 2±1 
M. rosenbergii 0.1±0.0 <0.1 0.3±0.6 0.02±0.02 1±1 
M. latidactylus 0.1±0.1 <0.1 0.2±0.6 0.02±0.02 1±1 
       
Indirect 
M. australiense 1.5±0.3 0.8±0.2 5.2±1.7 0.1±0.01 19±4 
M. rosenbergii 3.2±1.0 0.6±0.0 4.7±2.6 0.07±0.03 32±3 
M. latidactylus 1.7±0.2 0.8±0.1 4.8±0.8 0.11±0.03 37±4 
       
Direct 
M. australiense 1.8±0.3 1.1±0.0 7.8±2.1 0.06±0.01 25±1 
M. rosenbergii 5.3±2.4 0.7±0.2 5.7±1.3 0.08±0.03 33±8 
M. latidactylus 2.1±0.3 0.9±0.1 7.1±3.4 0.1±0.07 36±2 
aData shown are means ± SD (n=3 for M. australiense and n=5 for M. rosenbergii and M. latidactylus). 
 
Cadmium bioaccumulation was significantly greater in treatment prawns than controls for 
M. australiense (p<0.05) and for M. rosenbergii and M. latidactylus (p<0.01).  This 
demonstrated that all three species bioaccumulated cadmium readily during the tailings 
exposures.  Due to insignificant differences (p>0.05) in cephalothorax cadmium between the 
direct and indirect treatments for all species, it could be assumed that cadmium was 
bioaccumulated predominantly from solution by all three species.  However, there were 
insignificant (p>0.05) differences in bioaccumulated cadmium between all species (for both 
direct and indirect treatments.  The insignificant differences in cephalothorax cadmium 
between species exposed to mine tailings was in contrast with the dissolved cadmium 
exposure where the three species had significantly different (p<0.05) concentrations of 
cadmium in the cephalothorax (Fig. 6.1).  This suggests that uptake of cadmium from 
ingestion of the fine particulates may have been occurring, and at different rates for the 
different species.   
 
The tailings exposure demonstrated a significant (p<0.01) increase in cephalothorax 
cadmium concentrations between control and treatment prawns for M. rosenbergii, 
contrary to the dissolved exposure (Fig 7.1).  The M. rosenbergii used in the tailings exposure 
were collected from a reference tributary and therefore had little prior exposure to 
cadmium (at an estimated 0.03 µg Cd/L) unlike for those used in the dissolved cadmium 
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exposure.  This further suggests that the prawns used in the dissolved cadmium exposure 
from the mine-impacted site (pre-exposed to metals) had developed some increased ability 
to regulate uptake/loss rates of the metal.   
Arsenic bioaccumulation was significantly (p<0.01) greater when M. australiense and M. 
latidactylus were in direct contact with tailings compared to being caged above, despite 
insignificant differences in dissolved arsenic between treatments.  Similarly, lead 
concentrations in the cephalothorax were significantly (p<0.01) greater in the direct 
treatment than the indirect treatment for all three species.  This suggests that an ingestion 
pathway was the significant mechanism of arsenic and lead bioaccumulation for all three 
species.  There were also significant (p<0.01) differences in cephalothorax arsenic and lead 
concentrations from the direct exposure between M. rosenbergii and the other two species.  
This possibly suggests different assimilation efficiencies, ingestion rates or efflux rates 
between M. rosenbergii and the other two species.  Differences in these factors were found 
to be accountable for the differences in cadmium bioaccumulation by three species of 
phantom midge belonging to the Chaoborus genus (Croteau et al., 2001).  However, these 
differences could possibly be due to the different ecological nature of each species.  For 
example, the smaller M. australiense and M. latidactylus could potentially be more 
detritivores than predators and as such be more accustomed to ingesting fine particulates 
with targeted food.  Conversely, it is conceivable that the larger M. rosenbergii has a greater 
tendency to being predatory than detritivorous (based on personal observations), resulting 
in less ingestion of fine particulates with food.  However, there is little published data to 
support this hypothesis of differences in feeding habits as most of the information on the 
diet of the different species suggest that organisms of the Macrobrachium genus are 
opportunistic scavengers (Albertoni et al., 2003; Figueiredo and Anderson, 2009; New et al., 
2010).  Therefore, each species will have a diet originating from many different sources 
depending on their environment. 
 
Bioaccumulated copper and zinc did not differ significantly between species or between 
treatments within species (p>0.05).  This demonstrates that although all three species were 
exposed to significantly greater (p<0.01) concentrations of dissolved copper and zinc over 7 
d in the treatments, none of the species accumulated these metals in the cephalothorax 
above controls.  This suggests that all three species had an ability to regulate copper and zinc 
uptake and/or efflux kinetics (possibly via the increased production of metallothioneins), in 
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order to maintain constant tissue concentrations.  This is not surprising as copper is required 
to produce hemocyanin, the major oxygen carrying compound in the hemolymph, in 
decapod crustaceans (New et al., 2010) and would therefore be well regulated when 
accumulated from the environment. 
 
7.3.4 Comparison of cadmium bioaccumulation with predictions from biokinetic model 
 
The biokinetic model (Chapter 6) was used to predict the increase in cephalothorax cadmium 
concentration from water and tailings over 7 d.  The model predicted an increase of 1.1 μg/g 
from a water only exposure of 0.8 μg Cd/L (time-averaged dissolved exposure from the 
indirect treatment; Table 7.1).  Added to a background cephalothorax cadmium 
concentration of 0.4 μg/g, the resulting 1.5 µg/g matched the concentration of cadmium 
found in M. australiense in the indirect exposure (Fig. 7.2).  The model was run again over 
the same time period with a water exposure of 1.1 μg Cd/L, the time-averaged dissolved 
cadmium concentration from the direct exposure (Table 7.1).  Under this scenario, the 
model predicted an increase in cephalothorax cadmium of 1.6 μg/g, which when added to a 
background concentration of 0.4 μg/g, resulted in 2.0 μg Cd/g.  The cadmium concentration 
in the cephalothorax of directly exposed M. australiense was 2.1 μg/g (Fig 7.2).  This suggests 
that the bioaccumulation from solution alone could account for the observed cephalothorax 
cadmium concentrations in M. australiense.  One explanation for the lack of significant 
differences in cephalothorax cadmium between species in the tailings exposure could be 
that the prawns ingested small quantities of cadmium-containing tailings material, and that 
each species have similar assimilation efficiencies and ingestion rates.  However, these 
biokinetic factors have not been defined for M. rosenbergii and M. australiense for fine 
sediment ingestion and therefore this hypothesis cannot be verified. 
 
The implications are that without further data regarding the uptake and efflux rate constants 
for the individual species, it would be unadvisable to use the biokinetic model produced for 
M. australiense (Chapter 6) to describe dissolved cadmium bioaccumulation by M. 
rosenbergii and M. latidactylus.  However, as M. australiense bioaccumulated the greatest 
concentration of cadmium from solution, the biokinetic model could potentially be used as 
an overprotective predictor for monitoring purposes in the field. 
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7.4 Conclusion 
 
The results of this study showed that the metal bioaccumulation patterns of three species of 
Macrobrachium prawns were significantly different with exposure to dissolved cadmium.  
This was particularly clear for the exposure to dissolved cadmium and suggests that there 
were significant differences in dissolved cadmium uptake rates between the species.  
However, all three species retained the bioaccumulated cadmium during a 7-d depuration in 
cadmium-free water, suggesting slow efflux rates for all three species. 
 
Exposure of the prawns to metal-containing mine tailings, either directly or indirectly (caged 
above the tailings), demonstrated fewer differences in accumulated metals between species 
with the exception of arsenic and lead.  These two metals were accumulated to a 
significantly greater degree when prawns were directly exposed to mine tailings for all three 
species (with the exception of arsenic for M. rosenbergii) suggesting the importance of a 
dietary pathway for these two metals in all three species.  M. australiense and M. 
latidactylus accumulated significantly more arsenic and lead from tailings than M. 
rosenbergii, suggesting a difference in feeding habits and/or feeding apparatus between the 
two former and the latter species. 
 
Cadmium was bioaccumulated readily by all three species during the tailings exposure and 
results suggested that the main uptake route was via solution.  Interestingly, the significant 
differences between bioaccumulated cadmium in the dissolved cadmium exposure did not 
translate to the tailings exposure; there were no significant differences in cephalothorax 
cadmium concentrations between the three species for the tailings exposure.  It is currently 
unknown why this discrepancy occurred. 
 
Copper and zinc were not significantly accumulated above control concentrations in any 
species following exposure to mine tailings and there were insignificant differences in the 
bioaccumulated concentrations of these metals between species.  This suggests that there 
exist similar mechanisms to regulate the assimilation efficiency, ingestion rate or dissolved 
metal uptake/efflux rates in all three species.  The prawns in the current study were exposed 
to the highest concentrations of metals that typically exist in the Lagaip-Strickland River 
system and yet did not show any significant increase in cephalothorax metal concentrations 
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above controls over 7 days.  Therefore, the mechanisms driving the increased cephalothorax 
copper and zinc concentrations in prawn populations from locations in the Strickland River 
receiving mine-derived materials above those from reference tributaries are still unknown.  
It would be prudent to undertake chronic exposures of these metals at Strickland River 
concentrations (of dissolved and particulate copper and zinc) to ascertain whether increases 
in cephalothorax copper and zinc concentrations occur over longer timescales. 
 
It was apparent that pre-exposure to metals for some M. rosenbergii resulted in insignificant 
increases in cephalothorax cadmium concentrations after exposure to dissolved cadmium.  
This was not evident for prawns of the same species from reference tributaries.  Further 
studies are required to understand the possible influence of such a metal pre-exposure on 
metal bioaccumulation by prawns of the genus Macrobrachium. 
 
A biokinetic model exists to predict the bioaccumulation of cadmium by M. australiense 
(Chapter 6).  This model could potentially be used to predict cadmium bioaccumulation by 
M. rosenbergii and M. latidactylus.  However, it must be noted that the model would likely 
over-predict cephalothorax cadmium concentrations in both M. rosenbergii and M. 
latidactylus when solely considering aqueous cadmium bioaccumulation.  When the source 
of cadmium is predicted to be both aqueous and fine sediment, we would suggest 
undertaking further studies to quantify the cadmium dietary uptake and loss kinetics of M. 
rosenbergii and M. latidactylus to allow for more accurate inputs to the model. 
 
The present study has demonstrated the issues involved in using a surrogate species to 
describe metal bioaccumulation by different species of the same genus of decapod 
crustacean, even under controlled laboratory conditions.  It is recommended that future 
studies using analogue species in such a manner accurately quantify the metal 
bioaccumulation kinetics of each species in order to account for any differences between 
species. 
  
7. Species metal bioaccumulation comparison 
220 
7.5 Supporting Information 
7.5.1 Time-averaged dissolved cadmium exposure concentrations 
 
 
 
Figure S7.3. Time-averaged (7- d) concentrations of cadmium exposure to three species of prawn belonging to 
the genus Macrobrachium.  Exposure 2 represents the time-averaged cadmium exposure concentrations of the 
treatment exposed to cadmium for 7 d prior to being moved to cadmium-free synthetic river water (with the 
same cadmium concentration of the Control) for 7 d.  Data shown are means ± SE (n=5). 
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7.5.2 Cephalothorax cadmium concentrations from dissolved cadmium exposure 
normalised to length  
 
 
 
Figure S7.4. Cephalothorax cadmium concentrations for prawns in the dissolved cadmium exposure normalised 
to post orbital carapace length (posterior edge of the orbital notch of the carapace in mm).  Prawns were 
exposed to 0.01 μg Cd/L (control; unfilled bars) and 0.7 μg Cd/L nominal (treatment; black bars) for 7 d in 
synthetic river water.  Another treatment was exposed to 0.7 μg Cd/L nominal for 7 d and then transferred to 
cadmium-free synthetic river water to depurate for 7 d (depuration; hatched bars).  Data shown are means ± SE 
(n=5) and are reported as dry wt. 
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7.5.3 Length-normalised cephalothorax tissue metal concentrations from tailings 
exposure 
 
 
 
Figure S7.5. Cephalothorax tissue metal concentrations from a 7d mine tailings exposure normalised to post 
orbital carapace length.  Data shown are mean concentrations of metals in cephalothorax tissue (dry wt) ± SE 
(n=3 for M. australiense; n=5 for M. rosenbergii and M. latidactylus). 
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8.1 Introduction 
 
Bioaccumulation of certain metals, including cadmium, by prawns in the Lagaip and 
Strickland Rivers, PNG, was observed to be greater in populations of native prawns, 
Macrobrachium spp., at sites receiving mine-derived materials relative to reference sites via 
a mine environmental monitoring program.  In the Strickland River, where dilution had 
resulted in insignificant differences in dissolved and particulate metal concentrations 
between locations, the concentrations of dissolved metals in waters and particulate metals 
in the sediments did not provide an adequate explanation for the bioaccumulation patterns.  
The aims of this study were: 
 
1.  To determine the partitioning and speciation of trace metals downstream of the Porgera 
Gold Mine in the Lagaip River and the Strickland Rivers, their reference tributaries and 
their off river water bodies (ORWBs).  This was to provide more information about the 
potential sources of metals to the prawns. 
 
2. To undertake metal accumulation and depuration experiments using Macrobrachium 
australiense, as a surrogate for metal accumulation by Strickland River Macrobrachium 
spp., as these species are not readily available in Australia.  The experiments determined 
the major uptake pathways and differences in internal partitioning of metals within the 
prawns due to different exposure routes.  The experiments were conducted using stable 
and radioisotope techniques to determine metal uptake and efflux kinetics from a variety 
of sources (water, sediment, algae and carrion) including the establishment of 
assimilation efficiencies and the ranking of the importance of sources with regards to 
metal accumulation. 
 
3. To develop a basic biokinetic model of metal accumulation, retention and depuration for 
M. australiense under environmentally realistic conditions.  To undertake metal 
bioaccumulation studies with M. rosenbergii and M. latidactylus to validate the biokinetic 
model (developed for M. australiense) for use with the native prawns of the Strickland 
River catchment. 
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This final chapter addresses the extent to which these aims were satisfied and summarises 
the results of the studies contained within this thesis. 
 
8.2 Chapters 3 and 4: Lagaip and Strickland Rivers Metal Partitioning and Solid-Phase 
Solubility 
 
The chemical survey of the Lagaip (Chapter 3) and Strickland (Chapter 4) rivers provided 
‘snap-shots’ of concentrations and forms of metals in these rivers.  The measured 
concentrations of dissolved and particulate metals were in agreement with long-term 
monitoring of metal concentrations reported by the PJV mine (PJV, 2011).  For the Lagaip 
River, the high pH, alkalinity and abundance of carbonates (from both natural bedrock and 
lime addition within the mine’s mill circuit) in the upstream Porgera and Lagaip Rivers 
maintained the majority of metal loading within the particulate phase. 
 
Of the mine-derived suspended particulates in the Lagaip River, approximately 25-50% of 
cadmium, copper and zinc were in forms that could be readily-released in dilute acid 
(hydroxide and carbonate phases), whereas the majority of arsenic and lead was found in 
more mineralised forms.  This suggested that bioaccumulation of cadmium, copper and zinc 
may occur from direct ingestion of these particulates.  However, there was little change in 
the extractability of copper and zinc between SG1 and SG3, while cadmium was the only 
suspended particulate metal observed to increase in solubility downstream.  The results 
suggest that for cadmium, suspended sediments may have been an increasing source of 
dissolved cadmium as particulates flowed downstream of the mine. 
 
Dissolved metal concentrations in the Lagaip River were influenced by the suspended metals 
desorption processes that were indicated by a lack of dilution of the former between SG2 
and SG3 for cadmium, copper and zinc.  Of the dissolved metals, copper and lead were 
determined to be bound in non-labile forms, probably by organics or colloidal matter.  These 
forms would be unlikely to lead to bioaccumulation.  Based on the analyses of the Lagaip 
River samples, particulates were determined to be the major source of metals to the 
Strickland River and the principal source of metals to the bed sediments of the Lagaip River 
(through their deposition).  However, no discernible dilution gradient was observed, which is 
generally experienced downstream of mines (Luoma and Rainbow, 2008).  In summary, 
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metals originating from the PJV gold mine were predominantly transported downstream via 
adsorption/co-precipitation to fine particulate matter.  This phase appeared to act as a 
supply of metals to the dissolved and deposited particulate phases for arsenic, cadmium, 
copper, lead and zinc.  From these results, it is believed that particulate metals were the 
most substantial source of metals to the Strickland River.   
 
Analysis of the water, sediments and plants of the Strickland River, off-river water bodies 
were also conducted to determine potential sources of bioavailable metals to the prawns.  
Dissolved metal concentrations were low throughout the system, with no significant 
differences in arsenic, cadmium, copper, lead and zinc between sites receiving mine-derived 
materials and reference tributaries.  The greater water alkalinity and calcium concentrations 
at sites receiving mine-derived materials than at reference sites was expected to lower the 
bioavailability and rate of  bioaccumulation of certain metals such as cadmium, due to 
competition for cell membrane binding sites (Bondgaard and Bjerregaard, 2005; Tan and 
Wang, 2011).   
 
However, this did not fit with the observed patterns of metal bioaccumulation by prawns 
(increased bioaccumulation at sites receiving mine-derived materials), indicating that the 
dissolved cadmium may not have been the predominant source of bioavailable metals.  
Dissolved organic carbon concentrations were low at most sites (<2 mg/L) and WHAM(IV) 
speciation modelling suggested that cadmium and zinc were present predominantly as 
inorganic species, while copper and lead existed predominantly as organic complexes.  This 
suggested that cadmium and zinc had the greater potential for bioaccumulation from 
solution.  The fact that there were no significant differences in dissolved metal 
concentrations between sites did not imply that this source did not contribute to the 
differences in metal bioaccumulation by prawns in the system.  It is possible that the 
“snapshot” of metal concentrations provided by the study did not capture fluctuations in 
dissolved metal concentrations that may have contributed to the metal bioaccumulation 
patterns. 
 
The particulate metal concentrations of the suspended sediments at the Strickland River 
sites had a greater fraction of more readily soluble metals (soluble in dilute acid), which 
possibly explained the differences in bioaccumulation patterns.  However, increased metal 
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bioaccumulation by prawns also occurred at off-river water bodies (e.g. oxbow lakes), which 
contained very low suspended sediment concentrations.  Furthermore, the surficial bed 
sediments displayed no significant differences in either total recoverable or dilute acid-
soluble metal concentrations associated with this deposited material.  While the prawns are 
mainly benthic organisms, the differences in bioaccumulated metals cannot therefore be 
attributed solely to their ingesting deposited fine sediment particles (whether voluntary or 
involuntary). 
 
The plant-associated materials that were a potential food source for prawns had far greater 
metal concentrations, with approximately 10 times greater concentration associated with 
aquatic plants than plant materials of terrestrial origin (e.g. fallen leaves from trees).  
Concentrations of total recoverable metals and dilute acid-soluble metals were not 
significantly different for samples collected at different sites.  These results indicated that 
measurements of metals associated with plant materials would not explain the differences 
in bioaccumulated metals by prawns within the system. 
 
The chemical survey of the Strickland River system illustrated the difficulty in using chemical 
analyses alone to understand trace metal bioaccumulation at such low environmental 
concentrations (many dissolved metal samples were at or below detection limits).  The 
surveys of the Lagaip and Strickland Rivers did not reveal any obvious explanations for the 
differences in metal bioaccumulation found by the prawns native to the system.  Therefore, 
the decision was made to undertake laboratory metal bioaccumulation studies using an 
Australian species of the prawn (to mitigate quarantine issues) to better understand the 
significance of metal accumulation from water and dietary sources. 
 
8.3 Chapter 5: Stable Metal Bioaccumulation Studies Using Macrobrachium 
australiense 
 
When exposed to dissolved and metal-bearing fine particulates, Macrobrachium australiense 
was observed to accumulate cadmium and copper predominantly from the dissolved phase, 
while arsenic and lead appeared to be accumulated to a higher degree when the prawns 
were directly exposed to tailings solids (Chapter 5).  M. australiense appeared to regulate 
zinc uptake and efflux kinetics (as demonstrated by a lack of significant difference between 
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control and treatment individuals), regardless of the exposure pathway.  However, there was 
no evidence of such regulation of cadmium. 
   
The greatest concentrations of cadmium, copper and zinc were found in the hepatopancreas 
(>80% of total body metal load), the most likely site of metal detoxification and storage.  This 
confirms PJV’s use of the whole prawn cephalothorax in their monitoring studies to capture 
the major site of bioaccumulation for these metals.  Copper was also found in the 
exoskeleton of prawns at concentrations greater than that found in the moulted 
exoskeleton, suggesting internalisation of copper pre-moult as had previously been reported 
for other decapod crustaceans.  However, zinc was consistently found in greater 
concentrations in the moulted exoskeletons compared with the intact exoskeletons, which 
was contrary to other decapod crustaceans.  It is possible that ecdysis is a method of zinc 
detoxification in M. australiense.  However, further research would be required to confirm 
this. 
 
When cadmium was bioaccumulated by M. australiense, the majority (>80%) was found in 
the hepatopancreas, with little detectable cadmium in the abdomen tissue or exoskeleton.  
Cadmium would have also been found in the gill due to this organ being the major route of 
entry for dissolved cadmium (White and Rainbow, 1986), but these organs were not 
analysed separately in this study.   
 
The tailings exposures demonstrated that copper was released from tailings into solution via 
complexation with dissolved organic carbon (DOC) originating from food and modified by 
the presence of prawns.  Manganese release to solution was also observed, although it 
appeared that bacterial processes within the tailings were responsible for this.  These results 
highlighted the care required when conducting metal accumulation experiments from 
sediment to account for bioaccumulation of copper and manganese via the aqueous phase 
along with any accumulation from the particulate phase.  In order to mitigate these effects, 
it may be necessary to conduct such experiments using flow-through systems or by 
conducting frequent water changes in order to minimise the increase of DOC.   
 
Activities of serum sorbitol dehydrogenase (s-SDH), a potential biomarker of liver damage, 
have been reported for prawn samples from the Lagaip and Strickland Rivers for the last few 
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years.  Activities of s-SDH have been shown to be elevated in prawns collected from sites 
receiving mine-derived materials above those from reference tributaries (PJV, 2011).  
However, the link between metal exposure and s-SDH has not been previously 
demonstrated.  An experiment to investigate this link determined that s-SDH did not 
increase in response to bioaccumulated cadmium after seven days exposure.  This may have 
been due to accumulated cadmium not causing hepatic cell damage.  However, the 
hepatopancreas contained the significant majority of bioaccumulated cadmium, hence the 
most likely site for cellular damage, it is more likely that significant differences in s-SDH 
activity were not detected due to the time the samples were collected (e.g. after 7 d of 
continuous exposure).  It would be prudent to conduct the experiment again, collecting 
tissue samples earlier on in the exposure and then at regular intervals during the exposure 
to determine whether the increase in s-SDH activity evident in field sampling was dependent 
on duration of exposure.  Exposure to other metals, organics (e.g. potassium amyl xanthate 
used as a flotation agent in the mining industry) and mixtures of metals and organics could 
also be investigated to better understand the observed patterns of s-SDH concentrations in 
prawns in the Strickland River catchment.  Furthermore, conducting such experiments with 
several different species of Macrobrachium would allow between-species comparisons to be 
made regarding s-SDH activity in response to environmental contaminants and afford a 
better understanding of these concentrations found in native prawn species in the Lagaip 
and Strickland Rivers. 
 
The stable metal exposures provided insights into the significance of the uptake pathway 
(e.g. water or dietary) for several metals as well as the internalised locations of 
bioaccumulated metals within M. australiense.  However, what was not obtained, was any 
data on the rates of uptake and retention, such that a biokinetic model of metal 
accumulation could be developed.  Since cadmium has been the most pronounced and 
consistently accumulated metal in prawn tissues within the Lagaip and Strickland Rivers (PJV, 
2011), the biokinetics of cadmium accumulation were investigated in Chapter 6. 
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8.4 Chapter 6: Development of a Basic Biokinetic Model to Describe Cadmium 
Bioaccumulation by Macrobrachium australiense 
 
The radioisotope studies determined rates of uptake and loss of cadmium accumulated from 
water and ingestion rates, assimilation efficiencies and efflux rates of cadmium from three 
dietary sources of Macrobrachium australiense.  Results demonstrated that the prawns 
accumulated cadmium readily from water, with initial saturation of the exoskeleton in the 
first twenty four hours of exposure, followed by a near linear accumulation pattern for 
internal tissues with no obvious saturation reached at the highest exposure concentration 
(3.6 µg Cd/L) over seven days.  This concentration was substantially greater than that 
recorded in the Lagaip and Strickland Rivers and, therefore, it was assumed that uptake of 
cadmium by Macrobrachium species in the river system would also be linear.  Chemical 
speciation modelling using WHAM VI predicted that the speciation of cadmium in synthetic 
river water was not significantly different from that in the Strickland River, therefore 
allowing the developed water biokinetic model for cadmium to be applied to prawns in the 
Strickland River. 
 
The process of ecdysis (moulting) affected cadmium uptake from water by increasing the 
uptake above that of pre-moult prawns as had previously been shown for other decapod 
crustaceans.  However, bioaccumulated cadmium did not appreciably decrease following 
moulting, regardless of whether the cadmium had been accumulated from either water or 
diet.  Prawn moult frequency is largely dependent on the life stage of the individual such 
that juvenile prawns moult more frequently than adult prawns (New et al., 2010), with other 
factors such as water temperature, food abundance, maintenance of body surfaces and 
species type also potentially affecting moult frequency.  Such differences in moult frequency 
(hence differences in dissolved cadmium uptake rate) may possibly be occurring within the 
Strickland River between populations of prawns at sites receiving mine-derived materials 
compared with those from reference tributaries.  Information about the moult stage or food 
type/abundance is currently not collected from field-caught prawns in the Strickland River 
and such information may provide further insights into differences in bioaccumulated 
cadmium based on the findings of this research.  However, it must be noted that moult 
staging is difficult to record in field conditions. 
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Dietary cadmium assimilation and retention was greatest for cadmium associated with fine 
sediment compared with carrion or filamentous algae.  This suggested that a portion of the 
cadmium associated with the latter two dietary sources was associated with either 
metallothionein-like proteins or as insoluble metal-rich granules (or a combination of both) 
As such, cadmium associated with these materials was potentially less bioavailable and more 
easily depurated than inorganic cadmium adsorbed to fine sediment.  
 
Steady-state biokinetic modelling of cadmium in the Strickland River under environmentally 
realistic concentrations, predicted that dietary sources, predominantly sediment and 
carrion, were responsible for approximately 80% of the bioaccumulated cadmium in M. 
australiense.  It must be noted that the temporary increase in the uptake rate of cadmium 
from solution caused by moulting and the dilution effects caused by growth, were not 
considered in the model.  The findings suggested that the particulate phase was most 
important for cadmium bioaccumulation, assuming that the Macrobrachium species in the 
Strickland River system have the same cadmium uptake mechanisms as M. australiense (see 
Section 8.5 below). 
 
The rapid uptake but slow efflux of bioaccumulated cadmium may explain why quarterly or 
bi-annual measurements of cadmium in water and sediments (PJV, 2011), provide 
inadequate information regarding exposure or dose to explain metal accumulation patterns.  
This may have been due to insufficient data on the variability of cadmium concentrations 
associated with these phases over time (e.g. not capturing fluctuations of metal 
concentrations).  However, very slight differences in sediment and/or water cadmium 
concentrations between sites which may not have been captured in the routine monitoring, 
coupled with slow depuration rates for cadmium may have been responsible for the 
increased bioaccumulation of cadmium in the sites downstream of the mine  
 
8.5 Chapter 7: Comparison of Metal Accumulation Mechanisms Between M. 
australiense, M. rosenbergii and M. latidactylus. 
 
The potential sources and kinetics of metal bioaccumulation by the three Macrobrachium 
prawn species M. australiense, M. rosenbergii and M. latidactylus was assessed.  The prawns 
were exposed to cadmium in water only or to dissolved and particulate metals directly or by 
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caging above metal-rich mine tailings.  Results of the dissolved cadmium exposure 
demonstrated that there were significant differences in bioaccumulated cadmium between 
the species, suggesting markedly different uptake rates between the species.  When M. 
rosenbergii, collected from a site on the Strickland River that receives mine-derived material, 
were exposed to dissolved cadmium for 7 d, they did not bioaccumulate cadmium above 
that of the control individuals.  This indicated the possibility that pre-exposure to metals may 
have resulted in an ability to regulate cadmium uptake rates from solution.  The dissolved 
cadmium exposure also demonstrated that all three species had slow efflux rates of 
bioaccumulated cadmium when transferred to cadmium-free water. 
 
The tailings exposure demonstrated that all three species bioaccumulated significantly 
greater concentrations of arsenic and lead when directly exposed to mine tailings, 
suggesting that sediment ingestion was the primary uptake pathway for these metals.  M. 
rosenbergii bioaccumulated significantly less arsenic and lead via this pathway than did the 
other two species, which was likely due to differences in behaviour (e.g. feeding method) or 
morphology between the species.  Cadmium was bioaccumulated readily by all three species 
during the tailings exposure and the results suggested that the main uptake route was via 
solution.  However, the significant differences between bioaccumulated cadmium in the 
dissolved cadmium exposure did not translate to the tailings exposure, where there were no 
significant differences in cephalothorax cadmium concentrations for the tailings exposure.  It 
is currently unknown why this discrepancy occurred. 
 
Copper and zinc were not significantly accumulated above control concentrations in any 
species following exposure to mine tailings and there were insignificant differences in 
bioaccumulated concentrations of these metals between species.  This suggests that there 
exist similar mechanisms to regulate the assimilation efficiency, ingestion rate or dissolved 
metal uptake/efflux rates in all three species.  The prawns were exposed to the highest 
concentrations of these metals in the Lagaip-Strickland River system and yet did not show 
any significant increase in cephalothorax metal concentrations above controls over 7 d.  
Therefore, the mechanisms driving the increased cephalothorax copper and zinc 
concentrations in prawn populations from locations in the Strickland River receiving mine-
derived materials above those from reference tributaries remain unknown.    
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The significance of the findings were such that the biokinetic model developed to predict the 
bioaccumulation of cadmium by M. australiense (Chapter 6) could potentially be used to 
predict cadmium in M. rosenbergii and M. latidactylus.  However, it must be noted that the 
model would over predict cephalothorax cadmium concentrations in both M. rosenbergii (by 
a factor of 2) and M. latidactylus (by a factor of 4) when solely considering aqueous 
cadmium bioaccumulation and could therefore be used as a conservative tool for predicting 
impacts from increased dissolved cadmium concentrations.  When the source of cadmium is 
predicted to be both aqueous and fine sediment (as the biokinetic model suggested), we 
would suggest undertaking further studies to quantify the cadmium dietary uptake and loss 
kinetics of M. rosenbergii  and M. latidactylus to allow for more accurate inputs to the 
model.  However, based on the results of the tailings exposure, all three species 
accumulated similar concentrations of cadmium (within a factor of 2) and therefore the M. 
australiense biokinetic model could be applied conservatively to the other two species. 
 
The study demonstrated the issues involved in using a surrogate species to describe metal 
bioaccumulation by different species of the same genus of decapod crustacean, even under 
controlled laboratory conditions.  It is recommended that future studies using analogue 
species in such a manner accurately quantify the metal bioaccumulation kinetics of each 
species in order to account for any differences between species.  This was not possible for 
this project due to quarantine restrictions on importing the PNG species into Australia. 
 
8.6 Summary: Factors Affecting Metal Bioaccumulation by Prawns in the Strickland 
River 
 
The work within this thesis has addressed factors such as metal speciation and partitioning 
in the receiving waters downstream of the PJV mine, as well as identifying key aspects 
governing the bioaccumulation of metals from different sources by three species of 
Macrobrachium.  The initial aim of this research was to identify the factors affecting the 
differences in metal bioaccumulation in the Strickland River.  Unfortunately, a complete 
answer to this question is still elusive, but there are be several possible explanations based 
on the findings of this research.  Considering cadmium bioaccumulation separately, this 
study has demonstrated that the fine sediment and carrion in the system may be the 
principal sources of cadmium bioaccumulated by prawns.  As fine sediment has been shown 
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to contribute a substantial proportion of total body cadmium in M. australiense and that this 
study has shown that the major cadmium loading within the system is associated with the 
fine particulates, it is postulated that this material requires more intensive monitoring to 
determine fluctuations in the cadmium concentrations within the sediment compartments 
(e.g. suspended and deposited) transported down the river system over time. 
 
8.7 Recommendations 
 
Based on the results of this research, several recommendations can be made: 
 
1. Current monitoring within the Lagaip and Strickland River systems does not include the 
collection of suspended particulates (TSS – postulated to be the main carrier of trace 
metals from the mine to the Strickland floodplain).  Through the use of large-volume (e.g. 
5-10 L), acid-washed containers, such material could be readily collected and analysed to 
determine both total and dilute acid soluble metal concentrations.  The incorporation of 
these measurements into the monitoring program would allow for a better 
understanding of the transportation of potentially bioavailable metals from the mine to 
the flood plain.  The measurement of the dilute acid-soluble metal fraction (Simpson et 
al., 2005) of the TSS would provide a better indicator of the potential metal bioavailability 
of the TSS material than total metal concentrations. 
 
2. This study has identified that there were marked differences in the cadmium 
bioaccumulated by three species of the genus Macrobrachium, even in controlled 
conditions.  Further studies would be required to determine the reasons for the 
differences in cadmium bioaccumulation characteristics of M. rosenbergii and M. 
latidactylus.  Because of the relatively slow metal uptake rates of these species, long-term 
exposure experiments (weeks to months) may be necessary to provide adequate 
information.  Alternatively, studies could be conducted using radioisotope tracers as used 
in the experiments using M. australiense discussed in Chapter 6.  This would allow the 
biokinetic model of cadmium bioaccumulation by M. australiense to be adapted to the 
former two species.   
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3. Further studies should be conducted to determine the impact that metal exposure and 
bioaccumulation has on the hepatocellular enzyme s-SDH and other biomarkers of effect 
not discussed.  Such studies would provide a greater insight into the maintenance of 
prawn populations within the Strickland River catchment.  Further s-SDH studies should 
include increased frequency of sampling organisms during test, e.g. within the first 24 h of 
exposure and every 24 h thereafter, to determine whether increases in s-SDH are time of 
exposure dependent.  The effects of exposure to a mixture of metals should also be 
investigated, as should the effects of organics that are not currently monitored for in the 
river system (e.g. flotation chemicals such as potassium amyl xanthate) on the s-SDH 
activities of prawns.  Such studies should also use several different species of 
Macrobrachium to determine the between-species differences in s-SDH responses to 
metal and/or organics exposures. 
 
4. An investigation into how pre-exposure to background cadmium concentrations 
influences cadmium uptake rate is recommended.  Laboratory experiments observed 
negligible bioaccumulation of dissolved cadmium by M. rosenbergii collected from the 
Strickland River, compared with significant accumulation for M. rosenbergii collected 
from the tributaries (although the source of exposure was from solution and fine 
sediment).  Such studies should involve exposure to dissolved and particulate cadmium 
(as well as other non-essential metals) and could include an analysis of the sub-cellular 
partitioning of metals and metal-binding proteins between pre-exposed and non-pre-
exposed prawns from the river system.  Studies have shown that the proportion of metal 
in each sub-cellular partition and metallothionein induction changes with pre-exposure 
(Wang and Rainbow, 2005; Zhang and Wang, 2006; Liu and Wang, 2011), which may 
affect uptake or regulation of certain metals.  These new studies using Macrobrachium 
species would allow a better understanding of whether prawns from the Strickland River 
have a greater capacity to store and/or detoxify bioaccumulated metals than those 
populations from reference tributaries. 
 
5. It is still unclear why there are elevated concentrations of copper and zinc being detected 
in prawn cephalothorax samples collected from the Strickland River compared to 
reference tributaries.  The tailings exposure conducted with M. rosenbergii and M. 
latidactylus demonstrated no significant increases in either metal in prawn tissues after a 
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7-d exposure to the highest concentrations of metals in the Lagaip-Strickland River 
system.  It would therefore be prudent to undertake chronic exposures of these metals at 
Strickland River concentrations (of dissolved and particulate copper and zinc) to ascertain 
whether increases in cephalothorax copper and zinc concentrations occur over longer 
timescales. 
 
6. The bioaccumulation of a combination of metals by different species of the 
Macrobrachium genus should be further investigated.  It would be prudent to conduct 
similar radioisotope studies using zinc, to determine not only the significance of 
accumulation from different sources of this metabolically essential metal, but also to 
examine the combined effects of cadmium and zinc exposure at the same time (e.g. a 
potential decrease of cadmium bioaccumulation in the presence of zinc).  This would 
allow for greater understanding of any synergistic or antagonistic interactions between 
the two metals as well as gaining information regarding the regulation of zinc by 
Macrobrachium species. 
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